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I 
Abstract 
The past decades have witnessed an unparalleled interest of the public and of the scientific 
community in dioxins and dioxin-like compounds (DLCs) such as polychlorinated dibenzo-p-dioxins 
(PCDDs) and polychlorinated dibenzofurans (PCDFs), as well as dioxin-like polychlorinated 
biphenyls (dl-PCBs). DLCs belong to the group of persistent organic pollutants, which are 
characterised by low environmental degradation rates and environmental half-lives ranging from 
months to decades. In the water column, the strong adsorption of DLCs to suspended solids renders 
the sediment a long-term sink for, and potential secondary source of, pollution. Although DLC 
emissions have decreased substantially because of international efforts, they are still re-distributed in 
the environment by poorly understood processes. DLCs biomagnify in higher trophic levels of the 
aquatic food web due to their lipophilic character and can thus still pose a considerable risk to humans, 
e.g. via consumption of contaminated fish. Whether sediment-bound DLCs are also available to fish 
through non-dietary routes, e.g. during the re-suspension of sediments, is a contentious issue. 
Consequently, no sediment-based environmental quality standards (EQSs) for DLCs exist, despite 
their legal requirement by European directives such as the water framework directive (WFD) and the 
environmental quality standards directive (EQSD). DLCs are known to cause a plethora of acute and 
chronic toxic effects in humans and wildlife, including neuro-, immuno-, and hepatotoxic effects; they 
can also affect reproduction and increase the risk for specific cancers. All DLCs share planar structural 
properties and thus show high binding affinities for the cytosolic aryl hydrocarbon receptor (AhR). 
Many of the toxic effects associated with DLCs are believed to be mediated by AhR activation. 
Conventional chemical analyses of DLCs using high resolution gas chromatography and high 
resolution mass spectrometry are costly and require highly specialised personnel. It is evident that 
higher throughput methods are urgently required. Bioanalytical in vitro screening assays with 
permanent cell lines are one potential solution. Such bioassays are rapid and inexpensive and the 
resulting biological 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) equivalents (TEQs) provide an 
integrative measure of DLC contamination. On the other hand, many compounds with different 
physicochemical properties are subsumed under just one value. Consequently, it is difficult to 
characterise the distribution of TEQs between environmental compartments and within biota, and the 
predictive value of such assays for the in vivo effects of DLCs remains unclear. These aspects 
currently limit the use of bioassays in the assessment of contaminated sediment toxicity. 
The DioRAMA project, performed in collaboration between RWTH Aachen University and the 
German Federal Institute of Hydrology, aimed to overcome these limitations. The research presented 
in this thesis was conducted in close collaboration with the DioRAMA project. With the support of 
sophisticated computational methods, it aimed to develop a mechanistic understanding of: (a) how in 
vitro bioassay data related to the associated effects in vivo; (b) the toxicokinetic differences between 
fish species; (c) the differences and commonalities between the transcriptional response of fish to 
separate classes of DLCs; and (d) how the concentrations of DLCs in sediments relate to their 
availability to, and effects on, fish during sediment re-suspension. 
In the first study, a physiologically based toxicokinetic (PBTK) model for rainbow trout 
(Oncorhynchus mykiss) was used to extrapolate the results of in vitro bioassays to the in vivo level. In 
such models, different organs and tissues (i.e. liver, richly perfused tissues, poorly perfused tissues, 
kidney, and adipose fat) are explicitly represented. Each of the compartments is characterised by its 
volume, its total lipid and water contents, and blood flow to the compartment. PBTK models are 
capable of predicting a chemical’s internal concentration in the whole fish and in various tissues at any 
time during exposure; this facilitates analysis of the link between the biochemical effects and the 
chemical concentration at the site of toxic action, e.g. the liver. The most important biomarker for 
DLC exposure is probably hepatic 7-ethoxyresorufin-O-deethylase (EROD) activity. Previously 
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published experimental in vivo median effect concentrations (EC50s) for EROD induction (based on 
aqueous concentrations) did not correlate with the in vitro EC50s. Recalculation of aqueous EC50s 
using the internal concentration in the liver calculated by the PBTK model resulted in an excellent 
correlation with the in vitro EC50s. This study confirmed that in vitro bioassays can be predictive of 
the in vivo effects if a meaningful measure of concentration is employed. 
Consequently, it is vital that PBTK models are available for a number of different fish species. It 
was the aim of the second study to apply the PBTK model to two new fish species: arguably the most 
important model species, zebrafish (Danio rerio), and the ecologically relevant non-model species, 
roach (Rutilus rutilus). These new models were combined with three existing ones. The resulting 
multi-species model allowed for cross-species extrapolation of the bioaccumulative potential of neutral 
organic compounds, including DLCs. Predictions were accurate for most compounds and the model 
can be used efficiently for cross-species extrapolation of a chemical’s potential for bioaccumulation. 
To demonstrate the applicability of the approach to fish species with a less common physiology (high 
lipid content, low accumulation rate), a PBTK model for the European eel (Anguilla anguilla) was 
developed in the third study. This facultative catadromous fish species has a complex life cycle. Its 
alarming population status might be – among other causes – the result of anthropogenic pollutants. 
Another aspect of the on-going discussion about the grouping of several DLCs under one TEQ is 
the assumption that one DLC can be substituted for another by taking their relative potency, i.e. their 
toxic equivalency factor (TEF), into account. While this clearly provides a convenient approach to 
simplifying the assessment of complex mixtures of compounds, it does not imply that different classes 
of DLCs have identical effects in fish. Approaching this common misconception was the main 
objective of the fourth study. Exposure of the aforementioned non-model fish species (roach) to three 
DLCs (TCDD, dl-PCB 156 and the dioxin-like polycyclic aromatic hydrocarbon, 
benzo[k]fluoranthene) led to differences in the transcriptome-wide responses determined by RNA 
sequencing. Interestingly, PCB 156 caused no substance-specific transcriptional changes, while TCDD 
and benzo[k]fluoranthene produced marked substance-specific effects. 
The two final studies described in this thesis investigated whether PBTK models could be used in 
combination with desorption models to predict the uptake of chemicals from sediments. Furthermore, 
the time- and concentration-dependent uptake of DLCs in rainbow trout and the associated effects 
were investigated. Semi-static 90-d exposure experiments were conducted using suspensions 
generated from serial dilution of three sediments with different contamination levels, collected from 
the rivers Rhine and Elbe. Particle-bound DLCs were readily bioavailable during re-suspension. Their 
uptake and the associated effects in fish (EROD activity, micronuclei and other nuclear aberrations, 
histopathological and gross pathological lesions) were proportional to their concentration in the 
sediment, thus clearly demonstrating that re-suspended sediments can provide a source of DLCs 
capable of accumulating in organisms and potentially producing adverse effects. The PBTK model 
predicted the measured concentrations of dl-PCBs in muscle tissue accurately. 
The present thesis clearly demonstrates that PBTK models provide powerful tools for diverse 
research questions in the context of DLC risk assessment. Three new PBTK models for roach, 
zebrafish and European eel were developed and applied to published data. For the first time, PBTK 
models were used for: (a) in vitro-in vivo extrapolation of mechanism-specific effects in fish; (b) 
cross-species extrapolation of the bioconcentration potential of chemicals; and (c) predicting the 
uptake of chemicals present in sediments by fish. Furthermore, it was demonstrated experimentally 
that sediment-bound DLCs are bioavailable when sediments are re-suspended. The sophisticated 
modelling approaches and experimental datasets presented within this thesis provide a powerful 
framework for the derivation of EQSs for DLCs in sediments and thus represent an important 
contribution to the achievement of the WFD and EQSD goals. 
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Zusammenfassung 
Dioxinähnliche Schadstoffe (DLCs), z.B. polychlorierte Dibenzodioxine und -furane (PCDD/F), 
sowie dioxinähnliche polychlorierte Biphenyle (dl-PCB), sind in den vergangenen Jahren in das 
Zentrum des öffentlichen und wissenschaftlichen Interesses gerückt. Sie gehören zur Gruppe der 
persistenten organischen Schadstoffe (POP), die sich durch ihren geringen Umweltabbau mit Halb-
wertszeiten im Bereich von Monaten bis hin zu Jahrzehnten auszeichnen. In der Wassersäule binden 
DLCs an Schwebstoffe, was Sedimente einerseits zu Senken, andererseits aber auch zu potentiellen 
Sekundärquellen macht. DLCs reichern sich entlang der aquatischen Nahrungskette aufgrund ihres 
lipophilen Charakters an und können somit ein Risiko für den Menschen, zum Beispiel durch Verzehr 
kontaminierter Fische, darstellen. Obwohl die Emissionen von DLCs infolge internationaler 
Bemühungen abgenommen haben, werden sie in der Umwelt durch schlecht verstandene Prozesse 
weiterhin umverteilt. Aufgrund solcher Verständnislücken stehen derzeit keine Umwelt-
qualitätsnormen für DLCs in Sedimenten zur Verfügung, obwohl die Europäische Wasserrahmen-
richtlinie (WRRL) und die Richtlinie über Umweltqualitätsnormen (UQNRL) dies fordern. DLCs 
verursachen eine Vielzahl toxischer Wirkungen in Mensch und Tier, darunter neuro-, immun- und 
hepatotoxische Effekte, sowie Störungen der Fortpflanzung und bestimmte Krebsarten. DLCs weisen 
eine planare Struktur und damit eine hohe Bindungsaffinität zum zytosolischen Arylhydrocarbon-
rezeptor (AhR) auf, welche als Ursache vieler mit DLCs assoziierter toxischer Effekte gilt. 
Die Bestimmung von DLCs durch hochauflösende Gaschromatographie und Massenspektrometrie 
ist kostspielig und erfordert hochspezialisiertes Personal. Daher werden dringend einfachere Verfahren 
mit höherem Probendurchsatz benötigt. Bioanalytische In vitro-Methoden auf Basis von permanenten 
Zelllinien stellen eine mögliche Lösung dar. Sie sind schnell und preiswert und die resultierenden 
biologischen 2,3,7,8-Tetrachlordibenzo-p-dioxin (TCDD) Äquivalentkonzentrationen (TEQs) sind ein 
integratives Maß für eine Kontamination mit DLCs. Allerdings wird hierbei eine Reihe verschiedener 
chemischer Verbindungen mit teils sehr unterschiedlichen physikochemischen Eigenschaften zu einem 
einzelnen Wert zusammengefasst. Folglich kann die Verteilung von TEQs zwischen Umweltmedien 
und Biota nicht beschrieben werden und es ist unklar ob solche Ergebnisse auch prädiktiv für Effekte 
in vivo sein können, weshalb ihr Einsatz in der Bewertung von Sedimenten derzeit einschränkt ist. 
Ziel eines Kooperationsprojektes von RWTH Aachen und Bundesanstalt für Gewässerkunde (BfG) 
namens DioRAMA war es, diese Einschränkungen zu überwinden. Die Inhalte dieser Dissertation 
wurden in enger Zusammenarbeit mit dem DioRAMA-Projekt erarbeitet. Es sollte mithilfe von vier 
Modellierungsstudien und zwei experimentellen Untersuchungen ein mechanistisches Verständnis 
erlangt werden, wie (a) die Ergebnisse aus In vitro-Biotests auf Wirkungen in vivo übertragen werden 
können, (b) sich die Toxikokinetik zwischen verschiedenen Fischarten unterscheidet, (c) inwieweit 
sich die Wirkungen verschiedener DLCs auf das Transkriptom von Fischen ähneln oder 
unterschiedenen, und (d) wie die Konzentrationen von DLCs in Sedimenten mit deren Verfügbarkeit 
und den damit verbundenen Auswirkungen in Fischen zusammenhängen. 
In der ersten Studie wurde ein physiologisch basiertes toxikokinetisches (PBTK) Modell für die 
Regenbogenforelle (Oncorhynchus mykiss) verwendet, um die Ergebnisse von In vitro-Biotests auf 
Wirkungen in vivo zu extrapolieren. In PBTK-Modellen sind verschiedene Organe und Gewebe (z.B. 
Leber, Niere und Fettgewebe, sowie reich und schwach durchblutete Gewebe) explizit repräsentiert. 
Jedes dieser Kompartimente wird durch sein Volumen, seinen Lipid- und Wassergehalt, sowie seine 
Perfusionsrate definiert. PBTK-Modelle können zur kinetischen Vorhersage der internen 
Konzentration einer Chemikalie im gesamten Fisch und in verschiedenen Geweben genutzt werden. 
Daher ermöglichen sie es eine Verbindung zwischen biochemischen Wirkungen und der 
Substanzkonzentration am Wirkort herzustellen. Ein wichtiges Beispiel für eine biochemische 
Wirkung von DLCs, die häufig als Expositionsbiomarker eingesetzt wird, ist die Aktivität der 
7-Ethoxyresorufin-O-deethylase (EROD). Mittlere effektive Konzentrationen (EC50) für 
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In vivo-Versuche mit Fischen basierend auf wässrigen Konzentrationen korrelierten nicht mit in vitro 
EC50-Werten. Durch Umrechnung wässriger EC50-Werte in solche auf Basis der internen 
Konzentration mithilfe des PBTK-Modells ergab sich eine hervorragende Korrelation mit in vitro 
EC50-Werten. In vitro-Biotests können sind also durchaus prädiktiv für die In vivo-Ebene. 
In der Folge ist es wichtig, dass PBTK-Modelle für eine Reihe verschiedener Fischarten zur Ver-
fügung stehen. Ziel der zweiten Studie war die Entwicklung von PBTK-Modellen für zwei weitere 
Fischarten: die wohl wichtigste Modellfischspezies, den Zebrafisch (Danio rerio), und das ökologisch 
relevante Rotauge (Rutilus rutilus). Die neuen Modelle wurden mit drei bestehenden kombiniert. Das 
daraus resultierende Multispezies-PBTK-Modell kann zur Extrapolation des Bioakku-
mulationspotentials von neutralen organischen Substanzen, darunter auch DLCs, verwendet werden. 
Die Modellvorhersagen waren für eine Reihe für Substanzen exakt und das Modell kann zur proba-
bilistischen Betrachtung des Bioakkumulationspotentials verwendet werden. Um die Anwendbarkeit 
des Ansatzes für Fischarten mit weniger typischer Physiologie (z.B. hohe Lipidgehalte und niedrige 
Akkumulationsraten) zu prüfen, wurde im Rahmen der dritten Studie ein PBTK-Modell für den Euro-
päischen Aal (Anguilla anguilla) entwickelt. Der Europäische Aal ist ein fakultativ katadromer Fisch 
mit einem komplexen Lebenszyklus. Seine alarmierende Bestandssituation könnte unter vielen ande-
ren möglichen Gründen auch das Ergebnis von anthropogenen Schadstoffen sein. 
Ein weiterer Aspekt der anhaltenden Diskussion über die Zusammenfassung der Konzentrationen 
vieler DLCs zu nur einem TEQ ist die Annahme, dass sie sich lediglich in ihrer relativen Wirksamkeit, 
d.h. ihrem Toxizitätsäquivalenzfaktor unterscheiden. Dieser Ansatz ist sicherlich eine praktikable 
Möglichkeit zur Beurteilung komplexer Gemische, bedeutet aber im Umkehrschluss nicht, dass ver-
schiedene Klassen von DLCs keinerlei Unterschiede in Bezug auf ihre Wirkungen in Fischen zeigen. 
Diesem verbreiteten Missverständnis zu begegnen war das Hauptziel der vierten Studie. Rotaugen 
wurden mit drei verschiedenen DLCs - TCDD, dl-PCB 156 und dem dioxinähnlichen polyzyklischen 
aromatischen Kohlenwasserstoff Benzo[k]fluoranthen - exponiert. Abgesehen von wenigen Gemein-
samkeiten zeigten sich bei der Untersuchung der Tiere mit RNA-Sequenzierung Transkriptom-weite 
Unterschiede der Reaktion der Fische. PCB 156 verursachte im Vergleich mit den anderen Substanzen 
keine, TCDD und BkF hingegen deutlich verschiedene stoffspezifische Effekte. 
In den letzten beiden Studien wurde untersucht ob kombinierte PBTK- und Desorptionsmodelle zur 
Vorhersage der Aufnahme von Chemikalien aus Sedimenten genutzt werden können. Weiterhin 
wurden die zeit- und konzentrationsabhängige Aufnahme und damit verbundene Wirkungen von 
DLCs in Regenbogenforellen untersucht. Semi-statische Expositionsexperimente über 90 Tage wurden 
mit Suspensionen von Verdünnungen drei verschiedener Sedimente aus Rhein und Elbe mit unter-
schiedlicher Belastung durchgeführt. Die Aufnahme Sediment-gebundener DLCs und deren Wir-
kungen in den Fischen waren proportional zu ihrer Konzentration im Sediment. Es zeigte sich 
deutlich, dass die Re-suspension von Sedimenten zur Anreicherung von DLCs und zu Auswirkungen 
in Biota führen kann. 
Die vorliegende Arbeit zeigt deutlich, dass PBTK-Modelle leistungsfähige Werkzeuge im 
Zusammenhang mit der Bewertung von DLCs darstellen. Drei neue PBTK-Modelle für Rotauge, 
Zebrafisch und den Europäischen Aal wurden im Rahmen der Arbeit entwickelt und angewendet. Zum 
ersten Mal wurden PBTK-Modelle (a) zur In vitro-in vivo-Extrapolation Mechanismus-spezifischer 
Effekte in Fischen, (b) zur Spezies-übergreifenden Vorhersage des Biokonzentrationspotentials von 
Chemikalien, und (c) zur Vorhersage der Aufnahme von Chemikalien aus Sedimenten verwendet. 
Darüber hinaus wurde experimentell nachgewiesen, dass Sediment-gebundene DLCs infolge ihrer Re-
suspension bioverfügbar sind. Die in dieser Arbeit generierten Modelle und Datensätze legen den 
Grundstein für die Ableitung von Umweltqualitätsnormen für DLCs in Sedimenten und stellen somit 
einen wichtigen Beitrag zur Erreichung der Ziele von WRRL und UQNRL dar. 
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1.1 Chemicals in the environment 
The Industrial Revolution of the 19th century marked the beginning of the Anthropocene, 
an era in which human activities have triggered global environmental changes (Crutzen 2002). 
Such human activities have placed a severe pressure on the environment. Rockström et al. 
(2009) introduced a set of nine planetary boundaries, biophysical thresholds within which 
humanity can continue to develop sustainably (Figure 1.1). Crossing these boundaries could 
trigger abrupt or irreversible environmental changes. Chemical pollution is one such planetary 
boundary. While some boundaries, e.g. stratospheric ozone depletion, can be estimated with 
great confidence, the global threshold for anthropogenic chemical pollution has not yet been 
quantified. Legislations with varying degrees of rigor, such as the European REACH 
regulation or the United States Toxic Substances Control Act (TSCA), have been established 
in many countries to prospectively reduce the negative effects of industrial chemicals on 
humans and on the environment (EC 2006, Schwarzenbach et al. 2006, Schwarzman & 
Wilson 2009). Additionally, legal frameworks such as the European Water Framework 
Directive (WFD; EC 2001) have been adopted for the retrospective risk assessment of priority 
pollutants and legacy contamination. 
 
 
Figure 1.1 The nine planetary boundaries as introduced by Rockström et al. (2009) define a safe 
operating space for humanity within which sustainable development is possible. 
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1.1.1 Prospective risk assessment: The European REACH regulation 
To harmonise the wide range of national chemical legislation in Europe, regulation 
No. 1907/2006, which concerns the registration, evaluation, authorisation and restriction of 
chemicals (REACH), was established by the European Parliament and the Council (EC 2006), 
and came into force in June 2007. This has been considered one of the largest ever 
investments in consumer product safety (Rovida & Hartung 2009). In contrast to previous 
legislation, the responsibility to guarantee that chemicals produced in, or imported to, the 
European Union are safe for use is assigned solely to industry, in accordance with the guiding 
principle of ‘no data, no market’ (EC 2006). To meet this mandate, producers and importers 
are obliged to register chemicals in a central database at the European Chemicals Agency 
(ECHA), along with information on their properties and potential risks to human health or to 
the environment. In addition to information on the potential level of exposure to a chemical, 
the estimation of such risks requires toxicity information. In the aquatic risk assessment 
process, toxicity data needs to be provided for all trophic levels, i.e. destruents (bacteria), 
producers (algae), as well as invertebrate (daphnids) and vertebrate consumers (fish). These 
trophic levels are covered by different testing requirements (ECHA 2008, Schulte et al. 2012), 
depending on the production volume. However, regardless of the production volume, 
carcinogenic, mutagenic and reprotoxic (CMR) compounds, persistent, bioaccumulative and 
toxic (PBT) compounds and very persistent and very bioaccumulative (vPvB) compounds 
must be identified and authorised by the ECHA (Hansson & Rudén 2006, Zarfl & Matthies 
2013). 
REACH has been estimated to cover approximately 30,000 out of the 100,000 chemicals 
already in use in Europe (Wolf & Delgado 2003). To date, 13,149 unique substances have 
been registered (ECHA 2015). The downside of REACH is that it potentially requires an 
enormous number of animal experiments (Hartung & Rovida 2009). To address this issue, 
ECHA is committed to Russell and Burch’s 3R principle (i.e., reduction, replacement, 
refinement) and requires that animal experiments should be substituted with appropriate 
alternative test methods whenever possible (ECHA 2011, Gilbert 2011, Russell & Burch 
1959, Spielmann et al. 2011). These include experimental alternatives, such as in vitro 
bioassays, and non-experimental methods, such as quantitative structure-activity relationships 
(QSARs) or chemical read-across; these approaches attempt to predict the toxicological 
effects of a compound based on its physicochemical characteristics or by assuming that 
similar chemical structures produce similar effects (ECHA 2011, Gilbert 2011, Lilienblum et 
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al. 2008, Spielmann et al. 2011). The modelling approaches presented in this thesis make an 
important contribution to the reduction of the use of animals for PBT assessments, and by 
increasing the acceptance of in vitro bioassays. 
 
1.1.2 Retrospective risk assessment: The European WFD 
In contrast to the prospective risk assessment applied by the REACH regulations, it is also 
necessary to manage and reduce the risks of chemicals that have already been introduced into 
the environment, e.g. legacy contaminants such as persistent organic pollutants (POPs). In 
particular, aquatic systems are vulnerable to pollution (Rockström et al. 2009, Stehle & 
Schulz 2015). These systems provide habitats for diverse communities and represent an 
important drinking water resource, while also serving as a pollutant reservoir and providing a 
means to transport and re-distribute pollutants (Schwarzenbach et al. 2006). To address the 
vital importance of water quality to the safety of humans and wildlife, the European WFD 
(2000/60/EC) was established by the European Parliament and the Council; it obliged the 
member states to achieve a good chemical and ecological status in European river catchments 
by 2015 (EC 2001). The subsequent Directive on Environmental Quality Standards (EQSD; 
2008/105/EC) established environmental quality standards (EQSs) for 33 priority substances 
and 8 other pollutants (EC 2008). The WFD and the EQSD were amended by directive 
2013/39/EU (EU 2013), which defined a total of 45 priority substances; member states must 
put this directive into force by September 2015. The chemical status of a given body of water 
can now be derived using the concentration of a priority substance and its EQS value (Carere 
et al. 2012, Wernersson et al. 2015). 
As a novelty in European environmental legislation, the EQSD also established EQSs for 
concentrations in biota and sediments, in addition to aqueous concentrations, and required that 
the concentrations of the priority substances must not increase in these compartments. 
Although this represents an important step towards stricter retrospective risk assessment, it 
remains unclear how the EQS for biota relate to those for environmental media (Crane 2003). 
In particular, the role of sediments, which represent long-term sinks as well as secondary 
pollution sources, has not yet been sufficiently considered. Since the impact of sediment-
borne contaminants on aquatic systems is highly dependent on regional factors, such as 
erosion risk, sediment particle size distribution and the structure of the aquatic biocenosis, the 
EQSD allows the European member states to establish national EQSs for biota and sediments, 
which can be applied instead of the established water phase EQSs (Carere et al. 2012, Maggi 
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et al. 2012). In fact, the chemical quality of many European surface waters has increased 
significantly over recent decades, and legacy-contaminated sediments may therefore represent 
one of the most important threats to the successful achievement of the WFD quality goals in 
many catchment areas (Crane 2003, Wilby et al. 2006). 
 
1.2 Sediments are of vital importance for water quality 
Sediments can be defined as particulate matter with a geogenic or biogenic origin that has 
been deposited at the bottom of an aquatic system (Scheffer & Schachtschabel 2002, 
Stronkhorst et al. 2004). They are ecologically important habitats for diverse communities of 
microorganisms and invertebrates, and constitute important reservoirs, e.g. in the nitrogen and 
phosphorus cycles (Ahlf 1995, Brils 2004, Fenchel 1978). Sediments are composed of an 
inorganic fraction, such as carbonates, clay minerals or quartz grains, and an organic fraction, 
such as particulate organic matter, carbohydrates and proteins (Power & Chapman 1992). 
These constituents provide a large number of binding sites for environmental contaminants 
(Calmano et al. 1993, Gerbersdorf et al. 2009). Consequently, suspended sediments can enrich 
pollutants from the water column and thereby act as long-term sinks for various contaminants 
(Karickhoff et al. 1979). Additionally, sediments can become secondary sources of 
contamination upon bioturbation (Power & Chapman 1992), dredging (Koethe 2003) and 
during flood events (Eggleton & Thomas 2004, Haag et al. 2001, Hollert et al. 2000, Hollert 
et al. 2005, Westrich & Förstner 2005). Aquatic organisms in general, but especially benthic 
organisms, depend strongly on the quality of sediments, since many of them ingest sediment 
particles directly or indirectly as food, or are exposed to pore water (Ahlf 1995, Burton 1991, 
Höss et al. 1997). Accordingly, there is general agreement that sediment quality is of major 
concern to environmental assessment (Haag et al. 2001, Hollert et al. 2007a, Westrich & 
Förstner 2005) and comprehensive methods and approaches for the assessment of sediment 
contamination have been developed since the early 1970s (Ahlf et al. 2002, Brinkmann et al. 
2010b, Burton 1991, 1995, Chapman 1990, 2000, Chapman et al. 2002). 
Nonetheless, numerous processes determining the risks associated with contaminated 
sediments are still poorly understood (Owens & Xu 2011); areas of active research include the 
impacts of sediment on ecosystems and human health, the underlying physical and 
biogeochemical processes, sediment-ecology interactions, sediment dynamics on a river basin 
scale and the wide field of bioavailability, to name only a few. In this context, the present 
thesis attempts to contribute to the understanding of the availability of sediment-bound 
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chemicals for uptake and the associated responses in fish. To this end, novel modelling 
approaches were developed to combine models of chemical partitioning between sediments 
and water with those for the uptake and disposition of chemicals in fish (Chapter 6). 
Furthermore, an experimental study was conducted to determine the uptake and effects of 
sediment-bound pollutants in fish (Chapter 7). 
 
1.2.1 Integrated sediment assessment 
For a meaningful assessment of sediment toxicity and the associated risks to biota, neither 
biological test systems nor chemical analyses alone are sufficient; the need for integrated and 
hierarchical approaches combining chemical, ecotoxicological and ecological information has 
been emphasised by many scientists (Ahlf et al. 2002, Brinkmann et al. 2010b, Burton 1991, 
Chapman 2000, Galluba et al. 2012, Heise & Ahlf 2002, Hollert et al. 2002). One such 
integrated approach is provided by the Sediment Quality Triad (SQT) introduced by Chapman 
(1990), which conceptually combines the elements of sediment chemistry, sediment toxicity, 
and sediment ecology, i.e. modifications of benthic community structure. These three original 
components of the SQT, also called lines of evidence, are combined to deduce conclusions 
based on the degree of risk and the confidence of each assessment. It has been proposed that 
additional lines of evidence could be included if necessary; these could include effect-directed 
analyses or assessments of the risk for sediment re-suspension (Chapman & Hollert 2006). 
 
1.2.2 Sediment mobility and the potential impacts of climate change 
One potential amendment of the classic SQT is the inclusion of an assessment of sediment 
mobility as an additional line of evidence (Chapman & Hollert 2006). Sediment dynamics and 
re-mobilisation of highly contaminated sediments are key drivers for apparent sediment 
toxicity in freshwater (Förstner 2004, Förstner and Westrich 2005) and marine systems (Leipe 
et al. 2005). In this context, the assessment of sediment stability has been identified as an 
important and emerging factor that should also be considered in the implementation of the 
WFD (Brinkmann et al. 2010b, Hollert et al. 2014, Hollert et al. 2007a, Hollert et al. 2007b). 
In particular, experimental research at the intersection between hydrodynamics and 
ecotoxicology has developed into a promising field (Brinkmann et al. 2010b, Cofalla et al. 
2012, Gerbersdorf et al. 2015, Hollert et al. 2007a, Hudjetz et al. 2014, Oetken et al. 2005, 
Schüttrumpf et al. 2011, Wölz et al. 2009). 
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The frequency and intensity of flood events are expected to increase in the future because 
of global climate change (Hulme et al. 2002, Kay et al. 2006, Wilby et al. 2006). This elevates 
the risk of disastrous flood events such as the 500-year flood at the River Elbe in 2002 
(Schüttrumpf & Bachmann 2008), and consequently also the risk of sediment erosion. Several 
experimental laboratory and in-field methods are available to determine the critical bed shear 
stress for erosion, i.e. the bottom shear stress at which mass erosion of the sediment layer 
occurs (Haag et al. 2001, Kern et al. 1999, Spork et al. 1998, Spork et al. 1994, Thomsen & 
Gust 2000, Tolhurst et al. 1999). Toxicity testing in the presence of static sediment layers is 
only representative of average flow conditions and does not allow prediction of the effects of 
sediment re-suspension (e.g. Aardema & MacGregor 2002, de Carvalho et al. 1998, Diepens 
et al. 2013, Edge et al. 2015, Ellis et al. 2002, Jürgens et al. 2009, Nendza 2002, Sved & 
Roberts 1995). Thus, the scientific community urgently requires standardised protocols to 
assess the impact of sediment suspension exposure on biota. One potential solution was 
employed in a study reported by Brinkmann et al. (2013), whereby submersible pumps placed 
at the bottom of conical glass fibre-reinforced plastic containers were used to constantly 
suspend sediment at a pre-defined concentration. This approach, which facilitates experiments 
with sediment suspensions under semi-static conditions, was adopted for the exposure 
experiments described in the present thesis (Chapter 7). 
 
1.3 Dioxins and dioxin-like compounds 
Polychlorinated dibenzo-p-dioxins (PCDDs) and 
polychlorinated dibenzofurans (PCDFs), often 
summarised as ‘dioxins’) are composed of two 
interconnected benzene rings with varying degrees of 
chlorination; in PCDDs, the rings are joined by two 
oxygen atoms, and in PCDFs, the rings are joined by 
one carbon-carbon bond and one oxygen atom (McKay 
2002). Figure 1.2 shows the generic structures of these 
compounds, where n and m correspond to the number 
of chlorinated positions per ring. PCDD/Fs are solids 
with low vapour pressures and high melting points 
(Mackay et al. 1992). De novo formation of PCDD/Fs 
has been demonstrated to occur under natural 
 
 
Figure 1.2 Generic structure of 
polychlorinated dibenzo-p-dioxins (top) 
and polychlorinated dibenzofurans 
(bottom), where n and m correspond to 
the number of chlorinated positions per 
ring (1-4).  
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environmental conditions, e.g. in forest soils and sediments (Gribble 1994, Hoekstra et al. 
1999, Rappe et al. 1997). However, the largest fraction of the global emission of these 
compounds occurs because they are unintended by-products of chemical reactions that 
involve chlorine; arising from metal smelters, waste incineration or from other industrial and 
domestic combustion processes (Huang & Buekens 1995, Weber et al. 2008). Environmental 
levels have steadily increased since the 1930s, coinciding with the production and application 
of chlorinated chemicals on an industrial scale (McKay 2002). 
 
Similar to PCDD/Fs, polychlorinated biphenyls 
(PCBs) are composed of two benzene rings, which are 
interconnected by a single carbon-carbon bond. Figure 
1.3 shows the generic PCB structure, where n and m 
correspond to the number of chlorinated positions per 
ring. Depending on the positions of the chlorine atoms 
in these benzene rings, the carbon-carbon bond may be 
freely rotatable, or relatively rigid. Most individual 
PCBs are colourless, odourless crystals at ambient 
conditions, while commercial PCB mixtures are clear, 
viscous liquids (Robertson & Hansen 2001). PCBs 
have been produced on an industrial scale and were 
used extensively in a range of technical applications 
(e.g. as transformer oils or cutting liquids) because of 
their favourable physicochemical properties of 
inertness and high thermal conductivity. 
Chlorine atoms in a minimum of four of the lateral 
positions and none (non-) or only one (mono-) of the 
ortho positions of the two benzene rings result in 
pseudo co-planar properties; this is the molecular basis 
of the toxicological behaviours of twelve individual 
congeners, also referred to as ‘dioxin-like’ (dl)-PCBs 
(cf. chapter 1.3.2; WHO 2001). PCDDs, PCDFs and dl-
PCBs are collectively referred to as dioxin-like compounds (DLCs). A total of 209 PCBs, 75 
PCDDs, and 135 PCDFs are known, and each congener differs in terms of the number of 
chlorine atoms and their positions. Groups of congeners with the same degree of chlorination 
 
 
Figure 1.3 Generic structure of 
polychlorinated biphenyls, where n and m 
correspond to the number of chlorinated 
positions per ring (1-5).  
Table 1.1 Individual congeners of dioxin-
like compounds, from McKay (2002).  
Homologue 
(abbreviation) 
Number of congeners 
PCB PCDD PCDF 
Monochloro (M) 3 2 4 
Dichloro (D) 12 10 16 
Trichloro (Tr) 24 14 28 
Tetrachloro (T) 42 22 38 
Pentachloro (Pe) 46 14 28 
Hexachloro (Hx) 42 10 16 
Heptachloro (Hp) 24 2 4 
Octachloro (O) 12 1 1 
Nonachloro (N) 3 - - 
Decachloro (D) 1 - - 
Total  209 75 135 
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are called homologues. Table 1.1 shows the numbers of individual congeners within each 
group of homologues. Generally, PCBs and PCDD/Fs are characterised by high boiling 
points, low vapour pressures, low water solubility and moderate to high logarithmic 
octanol-water partitioning coefficients (log Kow) ranging from 4 to 9. These compounds are 
not readily degradable by physical, chemical or biological processes (Sinkkonen & Paasivirta 
2000), leading to environmental half-lives ranging from months to decades. Consequently, 
PCDD/Fs and PCBs are transported in association with atmospheric or sediment particles and 
have been classified as persistent organic pollutants (POPs) by the Stockholm convention, 
which aims to eliminate the emission of POPs into the environment (Mackay et al. 1992, 
Wania 2003, Weber et al. 2008). 
 
1.3.1 Sediment-water partitioning and DLC bioavailability 
Although DLC emission has decreased substantially in recent decades because of national 
and international efforts such as the Stockholm convention, the processes involved in their 
re-distribution in the environment remain poorly understood. The high lipophilicity of DLCs 
and their low rates of biotransformation promote their accumulation in aquatic organisms, 
particularly fish, mostly via dietary exposure (La Rocca & Mantovani 2006, Spagnoli & 
Skinner 1977). Furthermore, the re-suspension of contaminated sediments during flood events 
is likely to be a central driver of DLC bioavailability.  
As is the case for many other substances, the total concentration of DLCs in sediment does 
not necessarily reflect the fraction that is readily available for uptake by aquatic organisms. 
Thus, it is important to characterise their partitioning behaviours between sediments and 
water, because this determines the bioavailable fraction (Burgess et al. 2003). The dispersion 
of chemicals in the aquatic environment is often described using the equilibrium partitioning 
(EqP) model (Chiou et al. 1979), which is simply an expression of partitioning as 
sediment-water (Kp) or organic carbon-water (Koc) partitioning coefficients. Most lipophilic 
organic compounds associate with the organic matter fraction of the sediment, rather than the 
inorganic particles, which has led to a preference for the use of Koc values (Burgess et al. 
2003). Koc values for most neutral organic compounds are linearly correlated with their 
log Kow values (Karickhoff et al. 1979). It is thus a common assumption of many sediment 
exposure studies that the lipophilicity of these compounds will also mean that they partition 
between the organic carbon fraction in the sediment and the lipid fraction of exposed 
organisms (Di Toro et al. 1991). Although this approach has been demonstrated to be valid in 
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some cases, this assumption is an oversimplification in most cases because it neglects the 
influences of the other physicochemical properties of the contaminants and of the sediment 
characteristics. The quantity and quality of sediment organic matter (e.g., functional groups 
and aromaticity), and the sediment particle size distribution have a considerable influence on 
compound partitioning (Harkey et al. 1994, Landrum et al. 1996, Lyytikäinen et al. 2003). 
Furthermore, hydrophobic organic pollutants, especially DLCs, do not remain completely 
available for partitioning (or uptake) after contamination (Alexander 2000). During the 
process of sequestration (often termed ageing), these chemicals bind to the matrix and form 
bound residues. This phenomenon leads to a decrease in their availability for uptake into 
organisms (Cornelissen et al. 1998, Menchai et al. 2008, Puglisi et al. 2009, Reid et al. 2000, 
Xu et al. 2008, Zielke 2011). Within the present thesis, the rapidly desorbing 
(non-sequestered) fraction of sediment-bound DLCs was assumed to be the central 
determinant of their bioavailability in fish (Chapter 7). 
 
1.3.2 Effects of DLCs and the role of the aryl hydrocarbon receptor (AhR) 
Dioxins and DLCs have been demonstrated to cause a number of acute and chronic toxic 
effects in humans and wildlife (Mandal 2005). These include neurotoxic, immunotoxic, and 
hepatotoxic effects, as well as effects on reproduction and even on the risk for specific types 
of cancer (Brouwer et al. 1995, Denison & Heath-Pagliuso 1998, Denison & Nagy 2003, 
Giesy et al. 1994, Poland & Knutson 1982, Van den Berg et al. 1998). One particularly 
striking demonstration of these effects occurred following an industrial accident in 1976 in 
Seveso, Italy, which exposed a large number of people to substantial amounts of TCDD. 
Severe long-term health effects were observed in the local population decades after the 
incident, such as excess rates of diabetes, excess mortality from cardiovascular and 
respiratory diseases, and increased incidences of gastrointestinal and lymphatic cancers 
(Bertazzi et al. 1998). 
It is believed that most of the biological effects of DLCs occur as a direct or indirect result 
of their binding to the cytosolic AhR (Kawajiri & Fujii-Kuriyama 2007, Okey et al. 1994). 
AhR ligands share common structural properties, i.e. they are planar, partly halogenated, 
aromatic compounds. The AhR is a ligand-activated transcription factor that regulates the 
expression of a number of genes, collectively known as the AhR gene battery (Figure 1.4). 
The AhR is a member of the basic helix-loop-helix/Per-ARNT-Sim (bHLH/PAS) family 
(Pollenz et al. 1996) and in the cell, the AhR resides in the cytosol as part of a complex that 
Chapter 1 - Introduction 
 
 
12 
includes the chaperone heat shock protein 90 (HSP90; Hughes et al. 2008), the AhR 
interacting protein (AIP; formerly known as XAP2; Bell & Poland 2000) and p23 (Mimura & 
Fujii-Kuriyama 2003). It has been demonstrated that inhibitors of some of these proteins, e.g. 
HSP90, can suppress AhR-mediated responses (Hughes et al. 2008, Wiseman & Vijayan 
2007). Upon ligand binding, the complex dissociates and the AhR is transported into the 
nucleus with the support of the aryl hydrocarbon nuclear translocator (ARNT; Matsushita et 
al. 1993, Reyes et al. 1992). In the nucleus, the resulting transcription factor heterodimer 
binds to specific DNA regions known as xenobiotic or dioxin responsive elements (X/DRE) 
and this promotes transcription of a number of genes. A systematic search for X/DREs has led 
to the identification of a number of genes that mediate adaptive responses to DLC exposure. 
This AhR gene battery includes genes encoding phase I and phase II biotransformation 
enzymes, including the cytochrome P450 (CYP) enzymes CYP1A1, CYP1A2, and CYP1B1, 
NAD(P)H:quinone oxidoreductase 1 (NQO1), aldehyde dehydrogenase 3A1 (ALDH3A1), 
UDP-glucuronosyltransferase 1A2 (UGT1A2) and glutathione S-transferase A1 (GSTA1; 
Nebert et al. 1993). In addition to these effects on the AhR gene battery, several other AhR-
mediated changes in global gene expression have been observed following exposure to DLCs; 
these trigger numerous toxic responses. 
 
 
 
Figure 1.4 Proposed mechanism of aryl hydrocarbon receptor (AhR)-mediated responses. Binding of a 
ligand to the AhR results in the formation of a transcription factor complex with the AhR nuclear 
translocator protein (ARNT); this complex binds to xenobiotic/dioxin responsive elements (X/DREs). 
Binding of the heterodimer promotes the transcription of a number of genes, collectively known as the 
AhR gene battery (from Whyte et al. 2000). 
Chapter 1 - Introduction 
 
 
13 
Individual DLCs (and other ligands) have different binding affinities for the AhR and thus 
exhibit different potencies in exposed organisms, even though they share the same mechanism 
of toxicity (Howard et al. 2010, Safe 1990). This has led to the widely accepted assumption 
that one DLC can be substituted for another in mass-balance calculations by taking their 
relative potency, i.e. their toxic equivalency factor (TEF), into account (Kortenkamp 2007). 
Using this approach, the toxicity of DLC mixtures can be conveniently described by a special 
form of the concentration addition model, resulting in the calculation of 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) equivalents (TEQs; Van den Berg et al. 1998). 
While this approach provides a valid simplification of the assessment of complex mixtures of 
DLCs, it does not imply that different classes of DLCs produce identical effects in fish. 
Addressing this common misconception was the main objective of Chapter 5. 
 
CYP1A is probably the most thoroughly studied protein encoded by an AhR battery gene. 
CYPs are a diverse family of proteins that catalyse several reactions involving endogenous 
compounds and also xenobiotics as substrates (Bernhardt 1996, Whyte et al. 2000). As in 
most other vertebrates, fish CYPs are mainly concentrated in the liver (Stegeman & Hahn 
1994). CYP1A catalyses a number of phase I reactions, i.e. oxidation, reduction, and 
hydrolysis. The purpose of these reactions is to increase the water solubility of a substrate in 
order to facilitate its elimination; this is achieved either by exposing small hydrophilic groups 
within the molecule or by adding such groups to the molecule (Andersson & Förlin 1992). 
Induction of CYP1A by binding of a ligand to the AhR can be viewed as an adaptive response 
to a xenobiotic stimulus, which typically leads to its detoxification (Henry 2015). However, 
some compounds have been identified where this process can lead to the formation of more 
toxic metabolites; this is the case for the PAH benzo[a]pyrene (Huberman et al. 1976). The 
induction of CYP1A following exposure to AhR agonists led to the identification of this 
enzyme as a biomarker of exposure to DLCs and PAHs in the 1970s (Payne & Penrose 1975). 
The use of many enzymatic activities of CYP1A for biomonitoring has been proposed, 
including benzo[a]pyrene hydroxylase (BaPH) and aryl hydrocarbon hydroxylase (AHH); the 
most widely used reaction, however, is the 7-ethoxyresorufin-O-deethylase (EROD) activity 
of CYP1A (Bozcaarmutlu et al. 2014, Hassan et al. 2015, Whyte et al. 2000). Deethylation of 
the exogenous substrate, 7-ethoxyresorufin, produces the fluorescent product, resorufin, 
which can be conveniently measured highly sensitively by a fluorescence spectrophotometer 
(Figure 1.5). 
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Figure 1.5 The activity of 7-ethoxyresorufin-O-deethylase (EROD) provides a catalytic measurement 
of the induction of cytochrome P450-dependent monooxygenases, specifically the cytochrome P450 
1A subfamily. The fluorescent product, resorufin, is quantified in EROD bioassays. 
 
1.3.3 Analytical and bioanalytical methods used to quantify DLCs 
The classic experimental method of choice for the instrumental chemical analysis of DLCs 
is high resolution gas chromatography with high resolution mass spectrometry 
(HRGC/HRMS). It provides a reliable and precise means of quantifying the mass 
concentrations of several individual congeners (Hoogenboom 2002). Due to the high 
complexity of the resulting analytical data, which may include the mass concentrations of 17 
PCDD/Fs and 12 dl-PCBs (cf. Schmid et al. 2007, Zennegg et al. 2002), regulatory decisions 
are mostly based on TEQs, rather than on the concentrations of individual congeners (cf. 
Chapter 1.3.2). Furthermore, these methods require extensive clean-up of environmental 
samples using specific column-chromatographic procedures (Abad et al. 2000). The 
instruments are expensive to purchase and to run (because their operation requires highly 
specialised personnel); this limits the number of samples that can be investigated in a specific 
sampling campaign and also limits the applicability of this technology in some situations, e.g. 
in developing countries (Jordaan et al. 2007, Nieuwoudt et al. 2008). 
Cell-based in vitro bioassays provide a more rapid and economical approach to the high-
throughput pre-screening of samples. Although these bioanalytical tools do not provide exact 
quantification of individual compounds, they can assess the overall potency of a sample 
(Behnisch et al. 2001, Beníšek et al. 2015, Jia et al. 2015, Wang et al. 2014, Wernersson et al. 
2015). Several methods exist for this purpose and all utilize different wild-type or genetically 
engineered cell lines to monitor AhR activation (cf. Chapter 1.3.2) by the agonists present in a 
given sample (Eichbaum et al. 2014). The read-outs of these assays directly provide TEQ 
values, which is why cell-based bioassays have found increasing acceptance as bioanalytical 
tools for the screening of DLCs in food and feed (EC 2012, 2014a, Thiem et al. 2014). A 
drawback of these simplified methods is that a range of different compounds with differing 
physicochemical properties is subsumed under a single TEQ. Consequently, they do not 
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facilitate analysis of the distribution of individual DLCs between different environmental 
compartments or organisms and it remains unclear whether the results from such assays are 
predictive of the effects of DLCs in vivo.  
These issues currently limit the use of bioassays in aquatic toxicology studies. As a 
potential solution, Chapter 2 describes an attempt to extrapolate the results of in vitro 
bioassays to the in vivo level using toxicokinetic models. 
 
1.4 Toxicokinetics – the key to understanding cross-species differences 
There are many species differences in the sensitivity to environmental pollutant exposure. 
Firstly, some organisms might host specific sites of action, molecular pathways or endocrine 
functions that are targeted by a chemical and these may simply not be present in other species, 
e.g. photosynthesis in plants or endocrine systems in animals (Escher & Hermens 2002). 
Secondly, more subtle differences might exist between species with regard to their 
vulnerability to the same specific modes of action (MOA). Elonen et al. (1998) have shown 
that the lipid-normalised median lethal concentration (LC50) of TCDD in the early life stages 
of seven different species of fish (based on internal concentrations) differed by a factor of 
16-180 from the value reported for lake trout (Salvelinus namaycush), the most sensitive fish 
species reported to date. As previously demonstrated in birds (Karchner et al. 2006), Doering 
et al. (2013) found strong evidence indicating that the sensitivity of different fish species to 
DLCs is directly related to the amino acid sequence of the AhR ligand binding domain. 
Toxicokinetic differences represent a third and frequently overlooked reason for 
differences in species sensitivity; the processes of absorption, distribution, metabolism and 
excretion (ADME) affect a compound’s concentration at the target site (Escher & Hermens 
2002, 2004). These differences may reflect the body size, total lipid content, 
biotransformation capacity or respiratory system (Baird & Van den Brink 2007, Buchwalter et 
al. 2002, Livingstone 1998, Rubach et al. 2010). Nyman et al. (2014) clearly demonstrated the 
importance of toxicokinetics for inter-species variation by studying the sensitivity of the 
aquatic invertebrates, Gammarus pulex, Gammarus fossarum and Lymnaea stagnalis, to the 
pesticide diazinon. L. stagnalis accumulated a higher whole-body concentration of diazinon 
than the two gammarid species, but accumulated less in specific target tissues (i.e. the nervous 
system), thereby explaining the greater tolerance of L. stagnalis to this pesticide. The same 
underlying principle was previously demonstrated by Meador (1997), who found that species 
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differences in acute tributyltin toxicity to four marine invertebrates and one marine fish 
species were related to differences in the target site concentrations. 
However, in contrast to the two studies described above, it is not always possible to 
measure the compound concentrations in organisms or at the target site (Krishnan & Peyret 
2009). Toxicokinetic models, which are quantitative mathematical descriptions of the ADME 
processes within organisms, are thus increasingly used and valued as powerful tools in 
ecotoxicology (Chiu et al. 2007, US-EPA 2006). 
 
1.4.1 Compartmental toxicokinetic models 
Toxicokinetic models often describe an organism based on one of two assumptions: in one-
compartment models, the chemical concentration is assumed to be equal throughout the 
organism, while multi-compartment models assume that organisms are composed of different 
compartments (usually corresponding to organs or tissues) that may show different chemical 
concentrations (Stadnicka et al. 2012). Furthermore, a distinction can be made between 
equilibrium and kinetic models (Landrum et al. 1992), and between empirical and mechanistic 
models (Mackay & Fraser 2000); all of these models have certain advantages and 
disadvantages.  
The most widely used toxicokinetic models in aquatic ecotoxicology, probably due to the 
fact that they are recommended by the international OECD 305 guidelineOECD 305 (2012), 
are empirical kinetic one-compartment models. Such models are developed by fitting 
mathematical equations, e.g. Equation 1.1, to experimental data relating to the time-
dependence of the chemical concentration in fish exposed to a certain compound (Stadnicka et 
al. 2012). 
 
𝑑
𝑑𝑡
𝐶𝑖𝑛𝑡(𝑡) = 𝑘𝑖𝑛 ∙ 𝐶𝑤(𝑡) − 𝑘𝑜𝑢𝑡 ∙ 𝐶𝑖𝑛𝑡(𝑡)  (Eq. 1.1) 
 
Where Cint(t) is the internal concentration in the fish per unit body mass, Cw(t) is the 
chemical concentration in the water per volume, kin is the uptake rate constant (volume per 
unit body mass and time), and kout is the elimination rate constant per unit time. 
 
Although these models can be used with great confidence to interpolate internal chemical 
concentrations, they cannot extrapolate beyond the range of measured values or be applied to 
different exposure conditions, species or routes of exposure; in addition, they do not facilitate 
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prediction of chemical concentrations in specific organs or tissues (Krishnan & Peyret 2009, 
Nichols et al. 1990, Stadnicka et al. 2012). 
 
1.4.2 Physiologically based toxicokinetic models 
Many of the shortcomings of empirical kinetic one-compartment models can be addressed 
by physiologically based toxicokinetic (PBTK) models (Krishnan & Peyret 2009). PBTK 
models are based on the physiology of the organism, rather than on descriptive mathematics, 
and thus provide more accurate extrapolation beyond the range of measured concentrations in 
a bioconcentration experiment (Nichols et al. 1991, Stadnicka et al. 2012). Organs and tissues 
are explicitly represented as individual compartments or as tissue groups within PBTK 
models, each of which is characterised by its volume (fraction of total body weight), its total 
lipid and water contents (fraction of tissue wet weight), and blood flow to the compartment 
(Figure 1.6). The model consists of a number of differential equations that describe the 
changes of chemical concentrations in each of these compartments over time. 
Thus, PBTK models are capable of predicting the concentrations of neutral organic 
pollutants in the whole fish and in different tissues at any time during exposure (Louisse et al. 
2012, Yoon et al. 2012). The level of sophistication of different PBTK models varies greatly, 
depending on the complexity of the underlying ADME processes (Krishnan & Peyret 2009). 
PBTK models are already available for many fish species, including dogfish sharks (Squalus 
acanthias) (Bungay et al. 1976), rainbow trout (Oncorhynchus mykiss) (Nichols et al. 1990), 
brook trout (Salvelinus fontinalis) (Nichols et al. 1998), lake trout (Salvelinus namaycush) 
(Lien et al. 2001), channel catfish (Ictalurus punctatus) (Nichols et al. 1993), fathead 
minnows (Pimephales promelas) (Stadnicka et al. 2012), Japanese medaka (Oryzias latipes) 
(Lien & McKim 1993) and tilapia (Oreochromis niloticus) (Liao et al. 2005). 
 
The explicit representation of organs and tissues, as well as the high level of mechanistic 
complexity of PBTK models, renders them suitable tools for numerous applications in the 
context of chemical risk assessment. Thus, the availability of a range of PBTK models for 
different fish species is vital to further leverage their acceptance and application within 
regulatory frameworks. Within the present thesis, new PBTK models were developed for the 
ecologically relevant non-model fish species, roach (Rutilus rutilus); the widely used model 
fish species, zebrafish (Danio rerio) (Chapter 3); and the critically endangered and 
physiologically complex European eel (Anguilla anguilla) (Chapter 4). Furthermore, although 
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mammalian PBTK models have been successfully applied to in vitro-in vivo extrapolation of 
cell-based toxicity assay results (Yoon et al. 2012), this has not been reported in fish. To 
evaluate the suitability of this approach for ecotoxicological research, a PBTK model for 
rainbow trout (Oncorhynchus mykiss) was used for in vitro-in vivo extrapolation of 
mechanism-specific effects within the present thesis (Chapter 1). Moreover, the potential to 
combine several PBTK models for use in cross-species extrapolation of chemical 
bioconcentration potential was explored (Chapter 3), as was the potential to combine them 
with other models, such as the equilibrium partitioning model for sediment desorption, in 
order to predict the uptake of PCDD/Fs, PCBs and PAHs from sediments (Chapters 6 and 7). 
 
1.5 The DioRAMA project 
The DioRAMA project, a cooperation between the Institute for Environmental Research at 
RWTH Aachen University (Aachen, Germany) and the Department G3 (Biochemistry/ 
Ecotoxicology) of the German Federal Institute of Hydrology (BfG; Koblenz, Germany), was 
initiated to promote interdisciplinary research involving chemical and biochemical analyses, 
ecotoxicology and risk assessment. The project was coordinated by the BfG, while 
experimental investigations were mostly performed at the Institute for Environmental 
Research. Additional collaborations were established with the University of Saskatchewan 
(Saskatoon, Canada) and Münster analytical solutions (mas; Münster, Germany). The 
experimental work that built the foundation of this thesis was conducted in close exchange 
with the DioRAMA project and adjusted to the regulatory practice at the BfG in order to 
derive useful computational tools for future application in sediment management. 
Furthermore, additional collaborations were established with the Thünen Institute of Fisheries 
Ecology (Hamburg, Germany), the Fraunhofer Institute for Molecular Biology and Applied 
Ecology IME (Schmallenberg, Germany), the Swiss Federal Institute for Materials Science 
and Technology (EMPA; Dübendorf, Switzerland), and the Centre for Fish and Wildlife 
Health (Bern, Switzerland) in order to broaden the scope of the study. 
The DioRAMA project was also highly interconnected with an earlier project, 
FLOODSEARCH, which was funded through the German Excellence Initiative and aimed to 
assess the risks of sediment re-suspension by combining the methodologies of hydraulic 
engineering and ecotoxicology (Cofalla et al. 2012, Schüttrumpf et al. 2011, Wölz et al. 
2009). 
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Figure 1.6 Schematic representation of the physiologically based toxicokinetic model for rainbow 
trout developed by Nichols et al. (1990). Cinsp: inspired chemical concentration; Cepx: expired chemical 
concentration; Cart: chemical concentration in arterial blood; Cven: chemical concentration in venous 
blood; QF, QM, QK, QR and QL: arterial blood flow to fat tissue group, poorly perfused tissue group, 
kidney, richly perfused tissue group and liver, respectively (fraction of Qc); CVF, CVM, CVK, CVR, CVL: 
chemical concentration in venous blood leaving fat tissue group, poorly perfused tissue group, kidney, 
richly perfused tissue group and liver, respectively; Km: Michaelis-Menten constant of saturable 
metabolism, Vmax: maximum velocity of saturable metabolism. 
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The main goals of DioRAMA were to: (a) establish a strategy for an integrative assessment 
of DLCs in sediments and biota; (b) enable ecotoxicologists to assess the relevance of 
laboratory experiments to field conditions; (c) improve the current risk assessment strategies 
for dredged materials and flood events; and (d) enable the establishment of improved 
sediment quality management plans (Eichbaum et al. 2013). More specifically, this project 
intended to bridge the gap between in vitro and in vivo assessments of the effects of sediment-
associated DLCs. Closing this gap requires experimental investigation of the complex cause-
effect chain of sediment-associated DLCs in biota and a comparison of the toxicity of the 
same sediments using in vitro assays. Specifically, the investigations included evaluations of 
the bioavailability of DLCs in sediment and their routes of uptake, as well as the measurement 
of tissue concentrations and analysis of biomarkers for specific effects and biomarkers of 
exposure in fish. A battery of different in vitro and in vivo tests included endpoints such as 
AhR-binding, CYP1A induction [as assessed in vitro using the RTL-W1 cell line (Heimann et 
al. 2011, Wölz et al. 2011) or in vivo in the liver tissue of exposed fish (Monod et al. 1987)], 
micronucleus formation in peripheral fish erythrocytes as an indicator of genotoxicity 
(Boettcher et al. 2010), and teratogenicity, as determined with Danio rerio fish embryo 
toxicity tests (Zielke et al. 2011). This combination of in vitro and in vivo characterisation of 
the exposure to, and effects of, sediment-borne DLCs generated additional knowledge that 
will improve the current approaches to risk assessment of dioxin-like compounds in biota and 
sediments, and will enable correlating laboratory with field conditions. 
 
1.6 Aims and objectives 
The objectives of the present study were aligned with those of the DioRAMA project and 
were approached through two experimental and four computational studies. The main aims 
were to gain a mechanistic understanding of: (a) how in vitro bioassay data relate to 
compound effects in vivo; (b) the toxicokinetic differences between fish species and exposure 
conditions; (c) the differences and commonalities between fish transcriptional responses to 
individual classes of DLCs; and (d) the relationship between sediment DLC concentrations 
and the uptake and effects of DLCs in fish during sediment re-suspension. 
The aforementioned research questions were addressed in six chapters, as described below 
(Figure 1.7). 
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Figure 1.7 Conceptual framework and contributions of the present thesis to the assessment of the uptake and 
effects of dioxin-like compounds (DLCs) in fish, covering several levels of organisation ranging from 
experiments with cells, to differences in uptake and effects between fish species, and the experimental proof of 
the bioavailability of sediment-bound DLCs under environmentally relevant exposure conditions. 
 
1.6.1 In vitro-in vivo extrapolation of receptor-mediated effects 
To approach the question of whether in vitro bioassays can predict in vivo effects, a 
quantitative framework for in vitro-in vivo extrapolation was established using a PBTK 
model, as described in Chapter 2. To this end, the PBTK model for rainbow trout reported by 
Nichols et al. (1991), and modified by Stadnicka et al. (2012), was re-implemented. Five 
compartments (richly perfused tissues, poorly perfused tissues, liver, kidney and fat) were 
explicitly represented in the model. Predictions of the re-implemented model were verified 
using a dataset published by Stadnicka et al. (2012). The original model was extended by the 
addition of an option to simulate injections and an algorithm for saturable metabolism (Law et 
al. 1991). A comprehensive dataset for two receptor-mediated MOAs in rainbow trout, 
namely EROD and vitellogenin (Vtg) induction, was collected; this comprised both in vivo 
data and in vitro data from primary hepatocytes. EROD activity is a common biomarker of 
exposure to DLCs (cf. chapter 1.3.3), while Vtg is a biomarker for endocrine disruption in 
fish, a central MOA under REACH (Hecker & Hollert 2011, Schwarzman & Wilson 2009). 
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Using in vivo EC50 values from the literature, the corresponding internal concentrations in the 
whole body and in the liver were calculated using the PBTK model. Both measured and 
modelled in vivo EC50 values were then correlated with the respective in vitro EC50 values. 
 
1.6.2 Cross-species extrapolation of the uptake and disposition of neutral organic 
compounds 
The bioconcentration potential of most neutral organic chemicals is proportional to their 
lipophilicity, expressed as their log Kow (Chiou 1985, Mackay 1982). This knowledge led to 
the derivation of simple mathematical models that relate a substance’s bioconcentration 
potential to its log Kow (Bintein et al. 1993). The conceptual basis for this assumption is that 
partitioning between the lipid-rich fish tissues and the water is similar to that between 
n-octanol and water. However, this implies that fish species containing different lipid levels 
will accumulate the same chemical to differing extents. It has thus been proposed that 
bioconcentration data should be normalised to 5% total lipid content (Schlechtriem et al. 
2012). While this simplification is well-established from a regulatory perspective and 
provides a valid means to rank chemicals or to group them into classes, it lacks a probabilistic 
environmental perspective. The concentration of a chemical in a specific organ or tissue 
determines its biological effects and this is considered a key aspect of inter-species 
differences in sensitivity (Escher & Hermens 2004, McCarty & Mackay 1993). Thus, an 
environmental perspective on bioconcentration must also incorporate information relating to 
inter-species differences in lipid contents. To overcome this limitation, the PBTK model 
established in Chapter 2 was re-parameterised for two new fish species: probably the most 
important model species, zebrafish (Danio rerio), and the ecologically relevant non-model 
species, roach (Rutilus rutilus). Chapter 3 describes the combination of these new models with 
three existing ones to produce a multi-species PBTK framework for cross-species 
extrapolation of the bioaccumulative potential of neutral organic compounds, including 
DLCs.  
 
1.6.3 A PBTK model for neutral organic compounds in the European eel (Anguilla 
anguilla) 
The European eel (Anguilla anguilla) is a facultative catadromous fish species with a 
complex life cycle. Its current population status is alarming; recruitment has decreased 
drastically since the 1980s and European eel stocks are still considered to fall short of safe 
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biological limits. Although there is no current consensus on the reasons for this situation, it is 
thought to be the result of a combination of different stressors, including anthropogenic 
contaminants. Furthermore, European eels show some unusual physiological characteristics in 
that they have a high total lipid content, leading to high levels of bioconcentration, but exhibit 
low accumulation rates due to their intermittent branchial respiration and their propensity for 
cutaneous respiration. To demonstrate the applicability of this approach to such an 
exceptional species of fish, a PBTK model for lipophilic organic contaminants in yellow eels 
(the feeding, continental growth stage of the European eel life-cycle) was developed using our 
own data and values from the literature, as described in Chapter 4. The predictive power of 
the model was tested using experimental data for six chemicals with log Kow values, ranging 
from 2.13 to 4.29. 
 
1.6.4 Transcriptional responses of roach (Rutilus rutilus) exposed to DLCs 
In context of the TEQ concept, several DLCs are subsumed under a single TEQ value, 
using the assumption that one DLC can be substituted for another by taking their relative 
potency, expressed as their toxic equivalency factor (TEF), into account. While this approach 
provides a convenient simplification for the effects of complex mixtures in environmental risk 
assessments, it does not imply that different classes of DLCs show identical effects in fish. 
Approaching this misconception was the main objective of the study described in Chapter 5. 
To this end, transcriptional changes were investigated in an ecologically important freshwater 
fish species found throughout Europe, roach (Rutilus rutilus), treated with equipotent 
concentrations of TCDD, PCB 156 or the dioxin-like PAH benzo[k]fluoranthene (BkF). RNA 
sequencing was used to gain a comprehensive understanding of the potential molecular 
mechanisms and pathways of toxicity of these DLCs, as well as the differences and 
commonalities between the three chemicals. 
 
1.6.5 Application of PBTK models to sediment-bound chemicals 
In addition to developing a detailed understanding of inter-species differences in the 
bioconcentration of chemicals (Chapters 3 and 4), it is vital to gain insights into the 
relationships between chemical levels in environmental compartments other than the aqueous 
phase. It was the aim of Chapter 6 to expand the scope of PBTK models to the prediction of 
contaminant uptake from suspended sediments. The PBTK model described in Chapter 3 was 
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expanded using a sub-model for bile flow to facilitate prediction of the uptake, metabolism 
and excretion of sediment-borne pyrene in rainbow trout. Data from two experimental studies 
were compared with the model predictions: (a) batch re-suspension experiments with a 
constant concentration of suspended particulate matter (comparable to the experiments 
described in Chapter 7); and (b) simulated flood events in an annular flume. Additionally, the 
influence of exhaustive exercise (specifically cardiac output, effective respiratory volume and 
biotransformation) on the levels of biliary metabolites during exposure in simulated flood 
events was described mechanistically. 
 
1.6.6 Bioavailability of sediment-bound DLCs in fish 
In the final study, described in Chapter 7, the time- and concentration-dependent uptake of 
DLCs and their associated effects were investigated in rainbow trout. Exposure experiments 
were conducted using suspensions of three field-collected sediments from the rivers Rhine 
and Elbe, which were chosen to represent different levels of contamination. Five serial 
dilutions of contaminated sediments from the Prossen and Zollelbe sampling sites (both in the 
Elbe, Germany) were tested and compared with moderately contaminated sediment from 
Ehrenbreitstein sampling site (in the Rhine, Germany). Fish were exposed to suspensions of 
these sediment dilutions under semi-static conditions for 90 days. Uptake of particle-bound 
PCDD/Fs, PCBs and PAHs was determined by HRGC/HRMS analysis of muscle tissue and 
high pressure liquid chromatography analysis of bile liquid. Additionally, fish responses to 
DLCs (EROD activity, micronuclei and other nuclear aberrations, histopathological and gross 
pathological lesions) were investigated. Furthermore, the combined PBTK and EqP model 
established in Chapter 6 was used to predict values, which were compared with the measured 
concentrations of PCDD/Fs and PCBs in muscle tissue. 
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2.1 Abstract 
The European REACH regulation requires the use of animal experimentation to assess the 
risk of industrial chemicals. However, the 3R principle (reduction, replacement, refinement) 
demands the use of suitable alternative test methods. Many dossiers submitted for the 
authorisation of chemicals have attempted to provide the required data without performing 
new experiments, relying heavily on in silico methods; in vitro assays were scarcely used. We 
propose a methodology that uses physiologically based toxicokinetic (PBTK) models to 
extrapolate in vitro data to the in vivo level. We collected experimental results for in vitro and 
in vivo ethoxyresorufin-O-deethylase and vitellogenin induction following chemical exposure 
and compared those results with model predictions. We found that the predictive power of 
aqueous chemical concentrations was limited; median effect concentrations (EC50s) based on 
internal concentrations in fish correlated better with in vitro EC50s. Our data show that in vitro 
assays could offer a substitute for fish studies when combined with PBTK models. 
 
Keywords: EROD• IVIVE • PBPK model • toxicokinetics • Vtg  
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2.2 Introduction 
The Industrial Revolution of the 19th century marked the beginning of the Anthropocene, 
an era in which human activities have triggered global environmental changes (Crutzen 2002). 
Such human activities have placed pressure on important planetary boundaries, i.e. 
biophysical thresholds that, when exceeded, could have disastrous consequences for humanity 
(Rockström et al. 2009). Chemical pollution is one such boundary that remains undefined. In 
many developed countries, regulations of varying rigor have been established to control 
chemical pollution. For example, regulation No. 1907/2006, which concerns the registration, 
evaluation, authorisation and restriction of chemicals (REACH) was established by the 
European Parliament and the Council to prospectively avoid the negative effects of industrial 
chemicals on humans and the environment (EC 2006, Schwarzenbach et al. 2006, 
Schwarzman & Wilson 2009).  
To meet this mandate, the chemical industry must provide toxicological and 
ecotoxicological data, potentially requiring a large number of animal experiments (Hartung & 
Rovida 2009). In a 2011 report following the REACH program’s first registration period, 
however, the European Chemicals Agency (ECHA) reported that data from new animal 
experiments were included in less than 1% of the dossiers for all assessed toxicological 
effects (ECHA 2011, Schulte et al. 2012), and many dossiers that did not perform new animal 
experiments marginally provided the required information. In most cases, the data were 
generated using in silico methods (e.g., quantitative structure-activity relationships (QSARs); 
read-across, grouping or weight-of-evidence methods) that attempted to predict a substance’s 
toxicological effects based on its physicochemical characteristics or by simply assuming that 
similar chemical structures result in similar toxicological effects (ECHA 2011, Gilbert 2011, 
Spielmann et al. 2011). To minimise the use of animals, the 3R principle (i.e., reduction, 
replacement, refinement) requires that animal experiments should be substituted with 
appropriate alternative test methods whenever possible (Russell & Burch 1959). The practice 
of using non-experimental data appears desirable and would allow authorities to regulate 
chemicals even if data gaps exist. Indeed, predictions regarding toxicological effects using 
these models are in many cases sufficiently precise (Lilienblum et al. 2008). 
However, there are many prominent examples of chemicals with specific modes of action 
(MOA) for which an accurate prediction regarding toxicity and ecotoxicity would not have 
been possible at the time that these substances were first regulated, including polychlorinated 
biphenyls (PCB), bisphenol A (BPA) and alkyl phenols (AP) or tributyltin (TBT), to name 
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only a few. In this context, it could be dangerous to base the risk assessment only on 
non-experimental in silico methods (Spielmann et al. 2011). In contrast, in vitro bioassays 
offer a promising experimental alternative to animal studies. Surprisingly, in vitro bioassays 
played only a minor role in the first registration period under REACH (ECHA 2011, 
Spielmann et al. 2011). Lilienblum et al. (2008) reviewed the available animal alternatives 
and concluded that there are already numerous suitable methods for pathway analyses (i.e., 
for the characterisation of the MOAs for certain substances), while the in vitro assessment of 
more complex processes (e.g., toxicokinetics) continues to require scientific input to meet 
regulatory requirements. One of the main advantages of in vitro assays is that they can be run 
under controlled conditions in microplates that allow for high throughput. However, this is a 
disadvantage with respect to toxicokinetics because the physiology of the organism is not 
represented. 
Early in the history of toxicological research on rats (Rattus norvegicus) and mice (Mus 
musculus), researchers attempted to develop in vitro methods reflecting toxicological effects 
in vivo. Mason et al. (1987) were able to show that the median effect concentration EC50 (i.e., 
the concentration of a chemical of interest that results in a half-maximal effect) for the 
induction of aryl hydrocarbon hydroxylase (AHH) by polybrominated dibenzo-p-dioxins 
determined after intraperitoneal (i.p.) injection correlated well with the respective EC50 values 
measured in the rat hepatoma cell line H4IIE. Similar trends were described in the work of 
Safe et al. (1985) for the effects of substituted PCBs, in which in vitro receptor binding 
affinities positively correlated with the in vivo EC50s for 7-ethoxyresorufin-O-deethylase 
(EROD) induction.  
In aquatic ecotoxicology, however, chemicals are most often administered through aqueous 
exposure medium. For estrogenic activity, a correlation was not observed between in vitro and 
in vivo data (Segner et al. 2003). Due to the different physicochemical properties of the 
substances, the substances can be absorbed at different rates and accumulated to a varying 
extent in different tissues and organs (Mackay & Fraser 2000), unlike with i.p. injections. 
This fact was considered in the early 1990s in the critical body residue (CBR) concept 
(McCarty & Mackay 1993), which showed that the chemical concentration in the organism 
was the central factor for acute toxicity. Hence, the internal concentration at the EC50 level 
was calculated by multiplying the EC50 with the bioconcentration factor (BCF). A major 
disadvantage is that the BCF can only be applied under equilibrium conditions (Mackay & 
Fraser 2000). Surprisingly, this concept has received lesser attention in the scientific 
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community for the investigation of mechanism-specific endpoints (i.e. those caused by 
chemicals with specific modes of toxic action) compared to acute effects.  
In the present study, we attempted to overcome this limitation by using a dynamic, multi-
compartment, physiologically based toxicokinetic (PBTK) model for the bioconcentration of 
organic chemicals in rainbow trout (Oncorhynchus mykiss) (Nichols et al. 1991, Stadnicka et 
al. 2012). This type of model is capable of predicting a chemical’s internal concentration in 
the whole fish and in various tissues at any time post-exposure, making it useful for 
quantitative in vitro-in vivo extrapolation (IVIVE) in fish (Louisse et al. 2012, Stadnicka-
Michalak et al. 2014, Yoon et al. 2012). The PBTK model also facilitates a link between the 
biochemical effect (e.g., EROD activity), which is measured in an animal’s liver, to the 
chemical concentration at the site of toxic action. We collected a comprehensive dataset for 
two receptor-mediated modes of action (MOA), namely EROD and Vitellogenin (Vtg) 
induction, in rainbow trout measured (a) in vivo and (b) in vitro using primary hepatocytes. 
Vtg is a biomarker for endocrine disruption in fish, a central MOA within REACH (Hecker & 
Hollert 2011, Schwarzman & Wilson 2009). EROD is a common exposure biomarker for 
persistent contaminants (e.g., dioxins) (Weber et al. 2008). Using EC50 values measured 
in vivo, the corresponding internal concentrations in whole animals and their livers were 
calculated using the PBTK model. Both measured and modelled in vivo EC50s were then 
correlated with the respective in vitro EC50 values. 
 
2.3 Material and methods 
2.3.1 Implementation and extension of the PBTK model 
The multi-compartment PBTK model for rainbow trout (Oncorhynchus mykiss) by Nichols 
et al. (1991), with modifications by Stadnicka et al. (2012), was re-implemented in Rapid 
Application Development Studio XE2 (Embarcadero, Langen, Germany). Five different 
compartments (the liver, richly perfused tissues, poorly perfused tissues, kidney, and fat) as 
well as the blood were explicitly represented in the model. Each of the compartments is 
characterised by its volume (fraction of total body weight), its total lipid and water contents 
(fraction of tissue wet weight), as well as the blood flow to the compartment (fraction of 
cardiac output). Model inputs comprise the body wet weight and the total body lipid of the 
investigated fish, the log Kow and concentration of the test chemical, as well as temperature 
and dissolved oxygen concentration during exposure. Cardiac output, effective respiratory 
volume, oxygen consumption rate, blood:water and tissue:blood partitioning coefficients are 
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dynamically calculated from the model inputs. A dataset published in the supplement of 
Stadnicka et al. (2012) was used to validate the model performance and extended to simulate 
intraperitoneal (i.p.) injections by adding the appropriate dose of the chemical pollutant to the 
poorly perfused tissue (PPT) compartment. Furthermore, a simple algorithm for metabolism 
following Michaelis-Menten kinetics was implemented into the model (Equation 2.1; Law et 
al. 1991):  
 
𝑉𝐿
𝑑𝐶𝐿
𝑑𝑡
= −
𝑉𝑚𝑎𝑥 ∙ 
𝐶𝐿
𝑃𝐿
⁄
𝐾𝑚+ 
𝐶𝐿
𝑃𝐿
⁄
   (Eq. 2.1) 
 
where VL is the volume of the liver compartment, CL is the concentration of the chemical in 
the liver compartment, PL is the partitioning coefficient of the chemical between the blood 
and liver compartment, Vmax is the maximum velocity of the saturable metabolism and Km the 
Michaelis-Menten constant. 
 
Metabolism was only implemented for polycyclic aromatic hydrocarbons (PAHs) because 
these substances are rapidly metabolised in rainbow trout (Rand & Petrocelli 1985). Values 
for Km and Vmax were available only for pyrene in rainbow trout. As a first estimate for 
metabolism, these values were applied to all PAHs in the evaluated dataset 
(benzo[k]fluoranthene, benzo[b]fluoranthene, 2,3-benzo[b]fluorene, dibenzo[a,h]anthracene, 
retene), which is a valid assumption because the substances share common physicochemical 
properties (de Maagd & Verthaak 1993). Vmax was scaled to the respective body weight of the 
fish by use of Equation 2.2: 
 
𝑉𝑚𝑎𝑥 = 𝑉𝑚𝑎𝑥𝑐 𝑏𝑤
0.7   (Eq. 2.2) 
 
where Vmaxc is the scaling factor of Vmax and bw is the body wet weight of the fish (Travis 
1987). 
 
2.3.2 Compilation of in vivo data used for model evaluation 
A comprehensive dataset of EROD and Vtg induction in rainbow trout was compiled by 
performing a literature research using the ISI Web of Knowledge and Science Direct. 
Furthermore, a review article by Whyte et al. (2000) on EROD activity in fish was used. 
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Inclusion criteria for in vivo data were as follows: (a) data were derived from aqueous 
exposure (i.e., flow-through or semi-static) or i.p. injection; (b) at least three concentration 
levels were tested in addition to one control treatment; and (c) publications with complete 
accompanying data (i.e., temperature, weight, age and sex of the animals) were preferred. If 
no temperature data were available, 12°C was used as the default, which is the optimum 
temperature for rainbow trout (1987). The water was assumed to be saturated with oxygen 
during exposure in all studies, and the dissolved oxygen concentration was calculated 
according to Weiss (1970). 
 
2.3.3 Compilation of bioassay data used for model evaluation 
In vitro data were either directly measured in primary rainbow trout hepatocytes; if no such 
data were available, the relative potency (REP) values for EROD induction measured in 
permanent cell lines were used to derive the respective hepatocyte EC50 (Bols et al. 1999, Lee 
et al. 1993). Detailed information on the calculation is given in Annex I, Table I.3 and 
Equation I.1. 
 
2.3.4 Calculation of EC50 values 
If not provided in the publications, EC50 values for both in vitro and in vivo experiments 
were calculated by a four-parameter logistic regression of the log-transformed data in Prism 5 
software (GraphPad, San Diego, USA) using Equation 2.3, with top and bottom values set to 
the maximum and control response, respectively: 
 
𝑦 = 𝑏𝑜𝑡𝑡𝑜𝑚 +
(𝑡𝑜𝑝−𝑏𝑜𝑡𝑡𝑜𝑚)
1+10(𝑙𝑜𝑔𝐸𝐶50−𝑥)∙𝑠𝑙𝑜𝑝𝑒
  (Eq. 2.3) 
 
where bottom is the y-value of the bottom plateau, top is the y-value of the top plateau, 
slope describes the steepness of the curve and log EC50 is the x-value of the median response. 
The final dataset can be found in the supporting information (Annex I, Table I.1). 
 
2.3.5 Calculation of internal concentrations and correlation analyses 
The PBTK model was used to calculate the internal concentration in the liver compartment 
(Chep) and whole body (Cint) for in vivo biomarker data at the EC50 level. The toxicodynamics 
Chapter 2 – In vitro-in vivo extrapolation 
 
 
34 
of EROD and Vtg induction were not explicitly represented in the modelling approach. The 
model outputs are summarised in the supporting information (Annex I, Table I.2). A 
correlation analysis of the in vitro data with (a) the experimental in vivo EC50s and (b) the 
EC50 values based on the modelled Cint and Chep was performed (Spearman rank order 
correlation) using Prism 5 (GraphPad, San Diego, USA). 
 
2.4 Results and discussion 
2.4.1 Re-implementation of the PBTK model 
The re-implemented PBTK model was evaluated using a previously published dataset 
(Stadnicka et al. 2012). The dataset consisted of the internal concentrations (Cint) in fish 
following aqueous exposure to 26 single organic chemicals (39 data points total) and the 
corresponding exposure conditions (e.g., the concentration of the chemical, temperature, 
dissolved oxygen concentration, weight of the exposed animal). We then used the PBTK 
model to predict Cint values under specific exposure conditions and compared those values 
with the experimentally measured Cint values. The model was able to precisely estimate 
internal concentrations (Annex I, Figure I.1); of all model predictions, 95% deviated less than 
10-fold from the measured concentrations, while 82% deviated less than 5-fold. The model 
performed equally well compared with the previously published implementation by Stadnicka 
et al. (2012). In this study, 95% of the model predictions differed less than 10-fold from 
measured values, while 77% deviated less than 5-fold. 
 
2.4.2 Correlation of measured in vitro and in vivo data 
To evaluate whether the PBTK model could be used to predict in vivo measures of toxicity 
(i.e., median effect concentrations, EC50s) from in vitro data generated using primary 
hepatocytes, we first compiled a comprehensive dataset comprising both experimental in vitro 
and in vivo data on receptor-mediated effects. We focused on two of the best described and 
most relevant biomarkers in fish: EROD, an exposure biomarker for dioxins and dioxin-like 
compounds that is modulated via the cytosolic aryl hydrocarbon receptor (AhR), and Vtg, an 
exposure biomarker for estrogenic substances under the control of the estrogen receptor (ER). 
A total of 13 values for in vitro EROD induction were available (Annex I, Table I.1), of 
which eight EC50s for primary hepatocytes were re-calculated using relative potency (REP) 
factors (i.e., the ratio of the EC50 for the well-characterised standard substance 
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2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) to the chemical of interest, measured in 
permanent cell lines). Detailed information on the re-calculation is given in Annex I, Table I.3 
and Equation I.1. There were 28 in vivo values available, of which 15 were derived from 
i.p.-injected animals, seven from flow-through exposures and six from semi-static exposures. 
For Vtg induction, five in vitro and eight in vivo values were available (Annex I, Table I.1). 
For the EROD induction, the in vitro EC50 values were significantly correlated with the 
experimental in vivo EC50 values when fish were i.p. injected (Figure 2.1a, R
2
 = 0.89, 
p ≤ 0.0001). However, a strong correlation was not found following aqueous exposure 
(Figure 2.1b, R
2
 = 0.31, p = 0.05). In addition, the in vitro EC50s were not significantly 
correlated with the in vivo data for Vtg induction that comprised only aqueous exposures 
(Figure 2.2a, R
2
 = 0.43, p = 0.08). 
Our mechanism-specific data were consistent with the conclusion of McCarty and Mackay 
(1993), who showed that the aqueous concentration of a chemical was not a suitable proxy for 
the internal concentration. This is, however, a common assumption when performing studies 
with aquatic organisms (Barron et al. 1997). From the experimental standpoint, the 
quantification of internal concentrations at the site of toxic action is required to achieve 
quantitative results in conducting risk assessments that may lead to regulatory decisions 
(Solomon et al. 2008). 
 
2.4.3 Correlation of in vitro data with simulated in vivo data 
Next, we used the PBTK model to calculate the internal concentrations in the whole body 
(Cint) and liver (Chep), the main target organ for both receptor-mediated pathways in fish, at 
the in vivo EC50 level as reported in the collected literature. Because the model can be used to 
calculate internal concentrations from both injection and aqueous exposure experiments, it 
was possible to perform a combined analysis of EROD induction for both dosing methods. 
We then correlated the experimental in vitro EC50s with the modelled in vivo EC50s based on 
internal concentrations (Figure 2.3 a-d). We found a strong correlation between the in vitro 
data and modelled Cint and Chep at the EC50 level (Figure 2.3 a, c).  
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Figure 2.1 Correlation between in vitro and in vivo data for EROD induction in rainbow trout based on 
experimental data. The data were derived either through i.p. injection (a) or flow-through and semi-
static aqueous exposure (b). The solid line represents the linear regression line, and dashed lines 
indicate the 95% confidence interval of the regression. The coefficient of determination (R
2
) and 
equation for the regression line using log-transformed data are provided in the graphs. 
 
 
Both Cint and Chep correlated equally well with the reported in vitro EC50s; the coefficient 
of determination (R
2
) was 0.83, and 84.4% of all values deviated less than 10-fold from the 
regression line. 
Polycyclic aromatic hydrocarbons (PAHs) are easily metabolised in fish livers (Rand & 
Petrocelli 1985). Thus, we included an algorithm for saturable metabolism according to 
Michaelis-Menten. The effect on the internal concentration in the whole body Cint was 
relatively minute; with the modification, 87.5% of the values deviated less than one order of 
magnitude from the regression line (Figure 2.3b). When focusing on the hepatic concentration 
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Chep (i.e., the organ in which the majority of biotransformation occurs), up to 96.9% of data 
points deviated by less than one order of magnitude (Figure 2.3d).  
These findings were applicable to EROD and Vtg induction. We found a significant 
correlation between the in vitro EC50 for Vtg induction and the modelled Chep at the in vivo 
EC50 level (Figure 2.2b, R
2
 = 0.99, p < 0.0001). PBTK models allow us to predict the 
concentration of a chemical of interest in virtually any tissue or organ and at any time 
following exposure, taking the physiological structure of the organism into account. Even if 
we did not explicitly account for the potentially large variability in the data collected from the 
literature, it suggests that even complex and heterogeneous datasets, such as the reactions of 
different biomarkers in fish tissue, can be scaled from exposure concentrations or doses to 
internal concentrations, thereby facilitating the potential use of in vitro assays as alternatives 
to animal studies. 
 
Figure 2.2 Correlation between in vitro and in vivo data for Vtg induction in rainbow trout. The correlations 
were either based on experimental in vivo data (a) or through modelled hepatic in vivo concentrations at the 
EC50 level (b). The solid line represents the linear regression line, and dashed lines indicate the 95% 
confidence interval of the regression. The coefficient of determination (R
2
) and if applicable, the equation 
for the regression line using log-transformed data are provided in the graphs. 
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Figure 2.3 Correlation between experimental in vitro and modelled in vivo data for EROD induction in 
rainbow trout. Correlations were either based on experimental data derived from i.p. injection (●) or flow-
through and semi-static aqueous exposure (●/■). The model was used to predict either the internal 
concentration in the whole body (Cint, a-b) or liver (Chep, c-d). In b and d, saturable hepatic metabolism was 
implemented in the model for the rapidly metabolised PAHs (■). Solid lines represent linear regressions, and 
dashed lines indicate a 10-fold difference from the regression line. The percentage of values differing from 
the regression line by less than 10-fold is provided in the lower right corner of the plots. The coefficient of 
determination (R
2
) and equation for the regression line using log-transformed data are also provided for 
reference. 
 
In addition, the use of a PBTK model allowed us to compare the results of different 
exposure routes, which are typically incomparable. For example, injected doses (that are 
expressed on a per-weight basis) could be compared with aqueous exposure concentrations 
(that are expressed on a per-volume basis), and dermal and dietary exposures could also be 
implemented into the model (Nichols et al. 2004, Nichols et al. 1996). Assuming that a sub-
model describing the toxicokinetics is not necessary for the rapidly induced biomarkers 
EROD and Vtg, EC50 values based on internal concentrations could even be calculated if fish 
are exposed to a single concentration level with measurements of the biomarkers performed at 
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different time points, allowing for much faster testing and a reduced reliance on animal 
experimentation. 
To bring the proposed modelling methodology to its full potential, suitable and robust 
in vitro methods are needed to estimate the in vivo hepatic metabolism of a chemical of 
interest, which was only generally addressed in this study. Several promising and 
sophisticated methods have been proposed and will need further improvement and 
development (Escher et al. 2011, Nichols et al. 2013). Furthermore, it would also be favorable 
to base in vitro EC50s on the internal concentration in the cell. This however would require 
extensive chemical analytical work when performing biotests (Gülden et al. 2001). 
 
2.4.4 Comparison with other methods for in vitro-in vivo extrapolation 
Due to the advantages of PBTK models, they are frequently used for IVIVE in 
pharmacological studies, in which they are typically referred to as physiologically based 
pharmacokinetic (PBPK) models (Yoon et al. 2012). There are a number of other methods for 
in vitro-in vivo extrapolation, which often either (a) use simple one-compartment models to 
forecast the steady-state in vivo concentration (Rotroff et al. 2010) or (b) simply determine 
equipotent doses and concentrations in the in vivo and in vitro studies, respectively (also 
called the benchmark dose approach) (Piersma et al. 2008). Compared with these simple 
approaches, the data requirements for the parameterisation of PBTK models for a new species 
are relatively extensive. If the model already exists, however, only information on log Kow 
and biotransformation (when necessary) is required.  
The methodology proposed in this study has a number of major advantages: (a) it is a 
kinetic model that can predict the internal concentrations at any time following exposure; (b) 
a multi-compartment model that comprises many different tissues and organs and can be 
extended to explicitly represent other organs of interest if desired, such as the brain (Abbas & 
Hayton 1997); (c) is a mechanistic model that can offer deeper insights into the physiology 
behind any observed pattern or phenomenon. Once established, the model can be used to 
evaluate virtually any endpoint or biomarker; and PBTK models for different fish species 
could be used for probabilistic risk assessment of bioaccumulation and toxic effects, which is 
of particular interest in the context of the REACH regulation. 
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2.4.5 Suitability of in vitro assays for the aquatic risk assessment of chemicals 
Primary hepatocytes must be obtained from live fish, making them a questionable 
alternative to animal experiments. However, animals are anesthetised and killed carefully 
prior to liver removal, drastically minimising suffering compared with lengthy exposure 
experiments over several days or weeks. To make the presented approach an authentic 
alternative test method, however, in vitro data should be generated using permanent cell 
cultures (e.g., the cell line RTL-W1 that was originally derived from rainbow trout liver (Bols 
et al. 1999, Lee et al. 1993) and has been used in various studies investigating chemicals 
(Olsman et al. 2007), soils (Andersson et al. 2009) and sediments (Wölz et al. 2010). In 
addition to lower costs and effort and higher throughput, experiments with such cell lines can 
be highly standardised and ensure high reproducibility and relatively low inter-laboratory 
variations. Historically, permanent cell lines were cultured in complex media containing fetal 
calf serum (FCS) or other products derived from animals. Whenever possible, cell cultures 
should be adapted to serum-free media to further reduce the use of animals (Gstraunthaler 
2003). 
 
2.4.6 Potential combination of PBTK and toxicodynamic (TD) models 
The assumption that accounting for toxicodynamics in a separate sub-model is not 
necessary can only be applied if the induction of the biomarker of interest is closely coupled 
in time with the uptake of the chemical. For EROD and Vtg induction, this assumption 
appears valid. To investigate biomarkers with slower reaction times (e.g., aneugenic and 
clastogenic effects, hepatic lesions or carcinogenesis), coupling the PBTK model with 
toxicodynamic (TD) models is necessary (e.g. Jager et al. 2011; PBTK/TD models). At 
present, this methodology remains rarely used in ecotoxicology and has the potential to 
provide robust and accurate predictions of the adverse effects from in vitro bioassay data. 
 
2.5 Conclusions 
We conclude that for toxicological and ecotoxicological risk assessments, PBTK models 
can play an important role in extrapolating the results of in vitro assays to the individual 
in vivo level and predicting a chemical’s bioaccumulation potential. The presented PBTK 
model can be easily re-parameterised for other fish species. PBTK models are already 
available for many fish species, including dogfish sharks (Bungay et al. 1976), brook trout 
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(Nichols et al. 1998), lake trout (Lien et al. 2001), channel catfish (Nichols et al. 1993), 
fathead minnows, Japanese medaka (Lien & McKim 1993) and tilapia (Liao et al. 2005). 
Thus, the relevance of this study goes far beyond toxicological studies with rainbow trout. 
The results can easily be applied to other aquatic species or environments by establishing 
comparable relationships between the aforementioned PBTK models and toxicological 
studies. In this way, the proposed methodology has the potential to facilitate a probabilistic 
aquatic risk assessment of industrial chemicals. Recently, the development of a PBTK model 
for zebrafish (Danio rerio) supported this perspective because it is one of the most widely 
used species in (eco)toxicological studies (chapter 3; as well as Péry et al. 2013). In addition, 
the combination of in vitro tests to investigate the effects and metabolic transformation of 
chemical pollutants in combination with PBTK models can allow for a deeper mechanistic 
understanding of the differences in species sensitivity due to differences in receptors (Segner 
et al. 2003), physiological structure (Stadnicka et al. 2012) or metabolic capacity. 
The present study demonstrates that PBTK models can be used to ordinate important 
biochemical markers of mechanism-specific effects (i.e., EROD and Vtg) to correlate with 
experimental in vitro data. In this context, implementing toxicodynamics into the model was 
unnecessary because the biochemical markers of interest generally reacted rapidly during 
contaminant exposure. If more complex effects (e.g., aneugenic or clastogenic effects, hepatic 
lesions or carcinogenesis) need to be predicted, specific TD sub-models for the estimation of 
temporal dynamics must be developed. 
From a regulator’s standpoint, we believe that non-experimental in silico methods for 
in vitro-in vivo extrapolation have the potential to achieve an overall reduction in the number 
of toxicological and ecotoxicological experiments with live animals when combined with 
experimental in vitro test methods while maintaining an equal level of protection. 
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3.1 Abstract 
Bioconcentration is generally considered to be an unwanted property of a substance. 
Consequently, chemical legislation, including the European REACH regulations, requires the 
chemical industry to provide bioconcentration data for chemicals that are produced or 
imported at volumes exceeding 100 tons per annum, or if there is a concern that a substance is 
persistent, bioaccumulative and toxic. To fill the existing data gap for chemicals produced or 
imported at levels that are below this stipulated volume, without the need for additional 
animal experiments, physiologically based toxicokinetic (PBTK) models can be used to 
predict whole-body and tissue concentrations of neutral organic chemicals in fish. PBTK 
models have been developed for many different fish species, with promising results. In this 
study, we developed PBTK models for zebrafish (Danio rerio) and roach (Rutilus rutilus) and 
combined them with existing models for rainbow trout (Onchorhynchus mykiss), lake trout 
(Salvelinus namaycush) and fathead minnow (Pimephales promelas). The resulting multi-
species model allows for cross-species extrapolation of the bioaccumulative potential of 
neutral organic compounds. Predictions were compared with experimental data and were 
accurate for most substances. Our model can be used for probabilistic risk assessment of 
chemical bioaccumulation, with particular emphasis on cross-species evaluations. 
 
Keywords: ADME • BCF • bioconcentration factor • organic pollutants • PBPK • PBTK  
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3.2 Introduction 
Bioconcentration is the process that leads to the accumulation of water-borne chemicals 
within aquatic animals through non-dietary exposure routes, i.e. via the gills and skin. More 
specifically, it reflects the balance between the two kinetic processes of uptake and 
depuration. If the rate of uptake of a substance is greater than its elimination rate, it can easily 
reach concentrations in aquatic organisms, e.g. fish, that are orders of magnitude above that in 
the surrounding water (Barron 1990). A high bioconcentration potential is generally 
considered undesirable (Schafer et al. 2015). Thus, chemical legislation, including the 
European REACH regulation (EC No 1907/2006; EC 2006), requires the chemical industry to 
provide bioconcentration data for chemicals that are produced or imported at volumes 
exceeding 100 tons per annum, and for potential substances of very high concern (SVHCs). 
The bioconcentration potential of chemicals is typically assessed using fish in accordance 
with the OECD technical guideline 305 (2012) and expressed as the bioconcentration factor 
(BCF), i.e. the steady-state ratio between the concentration of a chemical in fish and the 
corresponding aqueous concentration. 
At an early stage in the bioaccumulation research field, it became obvious that the 
bioconcentration potential of most neutral organic chemicals was proportional to their 
lipophilicity, as expressed by the n-octanol-water partitioning coefficient, log Kow (Chiou 
1985, Mackay 1982). This knowledge quickly resulted in the development of quantitative 
structure activity relationships (QSARs) that related a substance’s bioconcentration potential 
to its log Kow using simple linear or bilinear relationships (Bintein et al. 1993). The 
conceptual basis for this simplification is that partitioning between the lipid-rich tissues of 
fish and the water is similar to that between n-octanol and water. Since these models work 
sufficiently well for neutral substances with log Kow values ranging from 1 to 6 (Gobas et al. 
1987), they have been used to define screening-level criteria. It is now generally accepted that 
non-surface-active and neutral organic compounds with a log Kow below 3 will not 
bioaccumulate to a significant extent. The European Commission proposed screening-level 
criteria for log Kow of 4.5-5 for bioaccumulative (B) substances (BCF ≥ 2,000 L kg
-1
 wet 
weight, w.w.) and of 5-8 for very bioaccumulative (vB) substances (BCF ≥ 5,000 L kg-1 w.w.) 
(ECHA 2014). These criteria can be used efficiently during the identification of persistent, 
bioaccumulative and toxic (PBT) chemicals to decide whether they are potentially 
bioaccumulative and whether experimental data is required (Zarfl & Matthies 2013). 
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An important aspect of these considerations is the effort to minimise the use of 
experimental animals. The 3R principle (i.e., reduction, replacement, refinement) requires 
animal experiments to be substituted with suitable alternative test methods, or the number of 
animals used to be reduced, whenever possible (Russell & Burch 1959). The OECD technical 
guideline 305 allows for a minimised bioconcentration test with fewer sampling points if it 
can be expected that uptake and depuration will approximately follow first order kinetics, i.e. 
for non-polar organic compounds with an intermediate log Kow (OECD 305 2012). 
These simplifications are all favourable from an ethical and economic perspective, and 
they also improve the efficiency of the PBT assessment process. In the context of most 
regulatory frameworks, bioaccumulation is considered to be an inherent property of the 
substance that is independent of the actual chemical concentration in the environment (Gobas 
et al. 2009). Nonetheless, bioaccumulation can (and in some cases, should) be viewed with a 
special emphasis on exposure (Swackhamer et al. 2009), particularly because 
bioaccumulation represents the link between the environmental concentration of a chemical 
and its internal concentration in exposed wildlife. The internal concentration of a compound is 
a key determinant of its biological effects and thus of inter-species differences in sensitivity 
(Escher & Hermens 2004, McCarty & Mackay 1993). In the early 1990s, this knowledge led 
to the development of the critical body residue (CBR) concept (McCarty & Mackay 1993), 
where median effect concentrations (EC50 values) based on aqueous exposure concentrations 
are multiplied by the BCF to give the internal concentration at the EC50 level. A central 
disadvantage of this approach is that the BCF does not contain any kinetic information and 
can only be applied under equilibrium conditions (Mackay & Fraser 2000). Toxicokinetic 
models can be used to overcome this limitation and to achieve a more holistic perspective, 
using the experimental data currently generated for PBT assessments to its full potential. In 
particular, physiologically based toxicokinetic (PBTK) models can be applied to kinetically 
predict the whole-body bioconcentration, as well as the tissue-specific distribution of organic 
chemicals, in fish (Nichols et al. 1991, Stadnicka et al. 2012). PBTK models are already 
available for many fish species, including dogfish sharks (Bungay et al. 1976), brook trout 
(Nichols et al. 1998), lake trout (Lien et al. 2001), channel catfish (Nichols et al. 1993), 
fathead minnows (Stadnicka et al. 2012), Japanese medaka (Lien & McKim 1993), and tilapia 
(Liao et al. 2005). 
We have previously demonstrated that PBTK models can be used efficiently to test 
hypotheses about the underlying physiological processes of bioconcentration (Brinkmann et 
al. 2014a, Brinkmann et al. 2014b). To our knowledge, no existing PBTK models have 
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previously been combined. This novel approach is warranted because the current PBT 
assessment strategy only requires bioconcentration data from an individual fish species, 
leaving inter-species differences largely uncharacterised. Furthermore, a maximum level of 
standardisation was applied during development of the OECD technical guideline 305 (2012), 
which makes use of relatively narrow length and weight classes for bioconcentration 
experiments. Consequently, mostly because it is not necessary within the PBT assessment 
process, intra-species differences between animals of different weights or physiological 
conditions cannot be deduced from such data. 
To overcome these limitations, we developed new PBTK models for zebrafish (Danio 
rerio) and roach (Rutilus rutilus), and combined these with existing PBTK models for 
rainbow trout (Oncorhynchus mykiss) (Nichols et al. 1990), lake trout (Salvenius namaycush) 
(Lien et al. 2001) and fathead minnow (Pimephales promelas) (Stadnicka et al. 2012). 
Common roach is one of the most representative fish species in European water bodies, where 
it is distributed almost ubiquitously. It typically constitutes a large proportion of the fish 
biomass in a water body (Baade & Fredrich 1998, Ibrahim et al. 2013, Larmuseau et al. 2009). 
In comparison to the number of studies conducted using common laboratory models, few 
have been conducted with this species (Machala et al. 2000, Oikari & Kukkonen 1988, Smith 
& Hill 2004, Wolinska et al. 2013). The zebrafish, on the other hand, is probably the most 
widely applied and accepted model fish species employed in ecotoxicological research 
(Strähle et al. 2012). The aims of the present study were to: (a) develop new PBTK models for 
zebrafish and roach; (b) combine them with existing models to form a multi-species PBTK 
model framework; (c) test the predictive power of the multi-species PBTK model; and (d) 
evaluate its usefulness for cross-species extrapolation of the bioaccumulative potential of 
selected neutral organic compounds. 
 
3.3 Materials and methods 
3.3.1 Study design 
In the present study, we experimentally determined PBTK model parameters (total lipid 
and water content, as well as the volume of different tissues/organs) and used physiological 
data from the literature to establish new PBTK models for zebrafish (Danio rerio) and roach 
(Rutilus rutilus). We also re-implemented existing PBTK models for rainbow trout 
(Oncorhynchus mykiss), lake trout (Salvenius namaycush) and fathead minnow (Pimephales 
promelas) and combined all five models to form a multi-species PBTK model framework. 
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This framework was then used to predict species sensitivity distributions (SSDs) for BCFs 
and other bioaccumulation metrics in fish; these were then compared with SSDs determined 
using measured values from the literature. 
 
3.3.2 Fish 
Roach were obtained from pond aquaculture through a local supplier (Inquadro, Aachen, 
Germany) and held in aerated 1,000-L tanks with a flow-through of municipal tap water 
(approx. 15°C; pH 7.8 ± 0.2; NH3 < 0.1 mg L
-1
). The water was continuously exchanged at a 
rate of 0.5-1 d
–1
. Light and dark phases were 12 h each. Roach were fed daily ad libitum with 
frozen chironomid larvae (Aquahobby, Peine, Germany), and had an average length of 
104 ± 19 mm and a body w.w. of 18.4 ± 12.6 g. Adult wild-type zebrafish were provided by 
the Fraunhofer Institute for Molecular Biology and Applied Ecology (IME), Aachen, 
Germany and kept in glass aquaria (26 ± 1°C; pH 7.8). Light and dark phases were 
maintained at 14 and 10 h, respectively. Zebrafish were fed daily ad libitum with commercial 
dry flakes (TetraMin™; Tetra, Melle, Germany) and live Artemia sp. nauplii (Silver Star 
Artemia, Inter Ryba GmbH, Zeven, Germany). They had an average length of 34 ± 4 mm and 
a body weight of 0.9 ± 0.5 g (w.w.). All animals were used in accordance with the animal 
welfare act and with the permission of the federal authorities. 
 
3.3.3 Experimental derivation of model parameters 
A number of parameters used for the zebrafish and roach PBTK models were determined 
experimentally. A total of 15 fish of each species were individually euthanized using a high 
concentration of benzocaine (ethyl 4-aminobenzoate; Sigma-Aldrich). The animals were 
dissected to isolate the following tissues and organs: liver, kidney, spleen, muscle, brain, gills, 
viscera and carcass. The tissue/organ fractions excised from each individual were weighed 
(0.0001 g resolution) using an ultrafine balance (Scaltec, Heiligenstadt, Germany) and stored 
at -20°C until determination of their water and total lipid content.  
Total lipid and water levels were determined in three thoroughly homogenised pools 
generated using 5 animals of each species (Table 3.1). The tissue water content was 
determined gravimetrically after dying at 105°C for 48-96 h, until a constant weight was 
reached. The total lipid content of the tissue samples were determined gravimetrically using 
the extraction method described by Smedes (1999). Samples were homogenised for 2 min in 
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18 mL cyclohexane/propan-2-ol (5:4, vol/vol) using an UltraTurrax homogeniser (IKA, 
Staufen, Germany). Subsequently, 11 mL of deionised water were added and the samples 
were vortex mixed for 15 s. The phases were separated by centrifuging the mixture for 5 min 
at 440–460 × g and the upper cyclohexane phase was transferred to a storage vial. After 
addition of 10 mL of a mixture of cyclohexane/propan-2-ol (87:13, w/w) to the remaining 
lower aqueous phase, the phases were again mixed for 15 s and then separated by 
centrifugation. The upper cyclohexane phase was transferred to the storage vial holding the 
first extract of the same sample and the combined extracts were concentrated under a gentle 
nitrogen stream. The concentrated extract was quantitatively transferred into a pre-weighed 
wide-mouthed glass flask. The solvent in the flask was evaporated to dryness for 1 h at 
105°C. After cooling to room temperature in a desiccator, the dried flasks were weighed, and 
the lipid contents of the tissue samples were calculated and expressed as the % of tissue w.w. 
The solvent volumes used for lipid extraction were adjusted to the sample size, if necessary. 
Not more than 1 g (w.w.) sample was homogenised per 3.6 mL propan-2-ol and cyclohexane 
(5:4, vol/vol). 
 
Table 3.1 Relative tissue wet weight (w.w.), total lipid levels, and total water content of tissues from zebrafish 
(Danio rerio) and roach (Rutilus rutilus). Tissue w.w. was determined in 15 individual fish, while lipid and water 
levels were determined in three pools, n = 5 animals per species. 
 
Zebrafish (Danio rerio) Roach (Rutilus rutilus) 
 
Tissue weight 
(% body 
w.w.) 
Lipid content 
(% tissue 
w.w.) 
Water 
content (% 
tissue w.w.) 
Tissue weight 
(% body 
w.w.) 
Lipid content 
(% tissue 
w.w.) 
Water 
content (% 
tissue w.w.) 
Liver 2.09 ± 1.33 7.79 ± 1.18 58.35 ± 2.14 0.82 ± 0.13 2.54 ± 0.49 71.76 ± 1.21 
Kidney 0.21 ± 0.14 16.61 ± 3.78 49.31 ± 7.32 0.41 ± 0.13 2.16 ± 1.74 72.36 ± 1.28 
Spleen 0.11 ± 0.08 8.52 ± 6.04 42.74 ± 4.96 0.36 ± 0.09 1.68 ± 0.11 59.20 ± 8.22 
Muscle 50.55 ± 8.86 6.53 ± 0.47 68.98 ± 3.01 47.29 ± 4.80 1.11 ± 0.21 79.52 ± 0.92 
Brain 1.60 ± 0.73 10.37 ± 0.63 62.51 ± 4.57 0.96 ± 0.30 7.28 ± 0.62 73.89 ± 1.21 
Gill 2.26 ± 0.47 5.03 ± 1.44 63.13 ± 6.04 2.23 ± 0.39 1.60 ± 0.31 80.89 ± 0.55 
Viscera
1
 17.51 ± 14.21 4.37 ± 1.22 62.41 ± 5.53 5.76 ± 1.35 2.56 ± 0.70 76.83 ± 0.95 
Carcass 25.68 ± 5.98 8.30 ± 1.33 59.16 ± 4.53 42.18 ± 3.50 3.04 ± 0.55 73.45 ± 1.07 
1
Included the stomach, pyloric caeca, intestines, viscera-associated fat and gonads. 
 
Chapter 3 – Cross-species extrapolation 
 
 
52 
3.3.4 Model design, formulation and implementation 
Model parameters and equations 
All model parameters and equations are summarised in Annex II, Table II.1. The PBTK 
model parameters for fathead minnow, rainbow trout, and lake trout were taken from the 
literature (Lien et al. 2001, Nichols et al. 1990, Stadnicka et al. 2012). Most parameters for 
the zebrafish and roach PBTK models (tissue volumes and lipid/water levels) were 
determined experimentally, as described above. Data on blood flow distribution, as well as 
allometric relationships for effective respiratory volume and cardiac output, were unavailable 
for both species. These parameter values were therefore taken from the fathead minnow 
PBTK model. The model equations are summarised in Annex II.  
 
Implementation 
The multi-species PBTK model was implemented in the object-oriented Delphi 
programming language using Rapid Application Development Studio XE2 (Embarcadero, 
Langen, Germany). 
 
Estimation of model performance 
Model performance was tested using experimentally determined values for the internal 
compound concentrations in rainbow trout and fathead minnow, published by Stadnicka et al. 
(2012). We performed a comprehensive literature search for previously published 
bioconcentration data in zebrafish and roach, using the ISI Web of Knowledge and Science 
Direct. This search yielded a sufficient number of datasets to allow comprehensive testing of 
the model performance for zebrafish, while only four datasets were available for roach. In all 
studies, the water was assumed to be saturated with oxygen during exposure, and the 
dissolved oxygen concentration was calculated according to Weiss (1970). Ideally, we used 
quality evaluated n-octanol-water partitioning coefficients (log Kow) obtained from the 
Sangster Research Laboratories LOGKOW® database. If no such data were available, we 
used the values provided by the US-EPA EPI Suite. The full datasets used to assess model 
performance can be found in Annex II (Tables II.2-II.5). As a quantitative measure of model 
performance, we calculated the root mean squared error (RMSE) of the residuals, as well as 
Spearman’s rank correlation coefficient (r). 
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SSDs for bioconcentration factors and rate constants 
SSDs for the bioconcentration potential of six selected organic chemicals, i.e. dieldrin, 
dichloro diphenyltrichloroethane (DDT), pentachlorphenol (PCP), 2,3,7,8-tetrachloro-
dibenzo-p-dioxin (TCDD), hexachlorobenzene (HCB), and 1,4-dichlorobenzene (PDCB) 
were modelled using the multi-species PBTK model and then compared with SSDs based on 
published data collected from the US-EPA ECOTOX database. To this end, the steady-state 
BCF (BCFSS), i.e. the quotient of a chemical’s internal concentration in exposed fish and its 
aqueous concentration at steady-state, as well as the uptake rate constant (k1) and the 
depuration rate constant (k2) were calculated from the model predictions according to OECD 
305 (2012) using Equations 3.1 and 3.2.  
 
𝐵𝐶𝐹𝑆𝑆 =
𝐶𝑓,𝑆𝑆
𝐶𝑤,𝑆𝑆
     (Eq. 3.1) 
𝐶𝑓(𝑡) = 𝐶𝑤(𝑡) ∙
𝑘1
𝑘2
∙ (1 − 𝑒−𝑘2∙𝑡)   (Eq. 3.2) 
 
Where Cf(t) and Cw(t) were the chemical’s concentration in fish and water, respectively, at 
time t, and Cf,SS and Cw,SS were the concentrations in fish and water at steady state. The 
depuration rate constant (k2) was determined prior to k1 as the slope of a straight line fitted to 
ln-transformed Cf(t) plotted versus t. 
 
Input parameters for the model predictions (body w.w., total lipid content, exposure 
temperature, dissolved oxygen concentration) were based on default values provided for the 
respective fish species in OECD guideline 305 (Table 3.2). Since no default values were 
available for lake trout, the parameters were assumed to be equal to those used for rainbow 
trout. All SSDs were generated using the US-EPA SSD Generator v1. 
 
3.4 Results and discussion 
The aims of the present study were to: (a) develop new PBTK models for zebrafish and 
roach; (b) combine them with existing models to form a multi-species PBTK model 
framework; (c) test its predictive power; and (d) evaluate its usefulness for cross-species 
extrapolation to estimate the bioaccumulation potential of selected neutral organic 
compounds.   
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Table 3.2 Default model inputs used in the multi-species physiologically based toxicokinetic modelling 
approach for body wet weight (w.w.), water temperature (T), dissolved oxygen concentration (Cox) and lipid 
content (lipid). 
Species 
w.w. T Cox
*
 Lipid 
kg °C mg L
-1
 Fraction w.w. 
Roach (Rutilus rutilus) 0.0180 15.0 10.06 0.021 
Fathead minnow (Pimephales promelas) 0.0015 22.0 8.71 0.050 
Zebrafish (Danio rerio) 0.0009 22.0 8.71 0.067 
Rainbow trout (Oncorhynchus mykiss) 0.0050 15.0 10.06 0.085 
Lake trout (Salvenius namaycush) 0.0050 15.0 10.06 0.085 
*
Water was assumed to be 100% saturated with oxygen, and the dissolved oxygen concentration was calculated 
according to Weiss (1970). 
 
3.4.1 Parameterisation and implementation of two new PBTK models 
To parameterise the new PBTK models for zebrafish and roach, we determined total lipid 
and water contents, as well as the volumes of eight different tissues and organs (Table 3.1). 
Using these data in combination with data from previously published models, we successfully 
parameterised novel PBTK models for zebrafish (Danio rerio) and roach (Rutilus rutilus). All 
of the resulting model parameters can be found in Annex II, Table II.1. 
For zebrafish, we compiled a comprehensive dataset consisting of the internal chemical 
concentrations (Cint) following aqueous exposure to individual organic chemicals, along with 
the corresponding exposure conditions (chemical concentration, temperature, dissolved 
oxygen, fish weight). The dataset comprised 31 data points for 24 different chemicals with 
log Kow values ranging from 0.90-4.53 (Annex II, Table II.2). The zebrafish model generally 
showed a low deviation from the experimental data, with a RMSE of 0.44 log units and a 
Spearman’s rank correlation coefficient (r) of 0.86 (Figure 3.1A). This performance was 
approximately equivalent to that of another zebrafish PBTK model recently reported by Pery 
and co-workers (2013).  
Although roach represents one of the most abundant and ecologically relevant cyprinids in 
European watersheds, relevant data were only available for three compounds: 
17α-ethinylestradiol, pentachlorophenol, and a technical nonylphenol mixture (Annex II, 
Table II.3). For these three compounds, however, the model predicted internal concentrations 
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that were consistent with the published data, with an RMSE of 0.17 log units (data not 
shown). 
 
3.4.2 Re-implementation of existing PBTK models 
As part of our attempt to establish a multi-species PBTK model, we re-implemented 
previously published PBTK models for rainbow trout (Brinkmann et al. 2014a), fathead 
minnow (Stadnicka et al. 2012) and lake trout (Lien et al. 2001). The performances of the 
re-implemented PBTK models for rainbow trout and fathead minnow were evaluated using a 
dataset published by Stadnicka et al. (2012). For both species, the datasets consisted of Cint 
values following aqueous exposure to individual organic chemicals, along with the 
corresponding exposure conditions (chemical concentration, temperature, dissolved oxygen, 
fish weight). The dataset for rainbow trout comprised 39 data points for 24 different 
chemicals, with log Kow values ranging from 1.54-6.53, while 68 data points for 24 chemicals 
ranging from log Kow 1.46-6.50 were available for fathead minnow (Annex II, Tables II.4 and 
II.5). These PBTK models were used to predict Cint values under the given exposure 
conditions, which were subsequently compared with the corresponding experimentally 
determined Cint values. 
The re-implemented models for rainbow trout and fathead minnow showed comparable 
performance to the models reported by Stadnicka et al. (2012), with RMSEs of 0.66 and 
1.00 log units, respectively (Figure 3.1). For lake trout, no such correlation analysis was 
possible, because far fewer experimental values were available. The model had, however, 
been used successfully in a previously published study by Lien and co-workers, to model the 
uptake and disposition of waterborne 1,1,2,2-tetrachloroethane (TCE), pentachloroethane 
(PCE), and hexachloroethane (HCE) for periods of 6, 12, 24, or 48 h (Lien et al. 2001).  
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Figure 3.1 Relationship between measured and modelled internal concentrations (A) in zebrafish 
(Danio rerio), (B) in rainbow trout (Oncorhynchus mykiss) and (C) in fathead minnow (Pimephales 
promelas). Solid lines represent the equation line, dashed lines the interval of 10-fold deviation from 
equality. No such correlation analysis was possible for roach (Rutilus rutilus) or lake trout (Salvelinus 
namaycush) because far fewer experimental values were available. Input data for the model outputs in 
B and C originated from Stadnicka et al. (2012) Experimental log Kow values were obtained from the 
quality-evaluated Sangster Research Laboratories LOGKOW® database. 
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3.4.3 Multi-species predictions using the combined PBTK models 
The individual PBTK models were combined into a multi-species model framework. To 
analyse the behaviour of the combined model, BCFss, BCFliver, k1 and k2 were predicted for 
each fish species, and used to generate the SSD for a generic chemical with log Kow = 5.5 
(Figure 3.2). 
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Figure 3.2 Species sensitivity distributions (SSDs) for (A) the bioconcentration factor (BCF) at steady-
state (BCFss), (B) the BCF in liver, (C) the uptake rate constants (k1) and (D) the depuration rate 
constants (k2) of a generic chemical with log Kow = 5.5 in roach (Rutilus rutilus), fathead minnow 
(Pimephales promelas), zebrafish (Danio rerio), rainbow trout (Oncorhynchus mykiss) and lake trout 
(Salvelinus namaycush). The SSDs, which comprise the central tendency and the prediction band, were 
calculated using the US-EPA SSD Generator v1. Red lines indicate the respective value that comprises 
95% of all fish species and the grey area represents the 95% confidence interval of the value. Default 
values for the model inputs are given in Table 3.3. 
 
The predicted whole-body BCFss for this compound ranged from 1,286 L kg
-1
 in roach to 
5,648 L kg
-1
 in lake trout (Figure 3.2A), thereby spanning the classifications of not 
bioaccumulative (roach), bioaccumulative (fathead minnow and zebrafish), and very 
bioaccumulative (salmonids). These differences in bioconcentration were explained within the 
model and reflected species differences in total lipid content, expressed as per cent body w.w. 
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(Figure 3.3A). Normalisation of the predicted BCFss values to 5% total lipid, as recommended 
by OECD 305, resulted in BCFss,l values ranging from 3,063 L kg
-1
 in roach to 3,450 L kg
-1
 in 
zebrafish. Rainbow trout and lake trout had similar total lipid levels and this resulted in a 
relatively wide 95% confidence interval of the resulting SSD for these five species 
(Figure 3.2A). The BCF95ss, i.e. the BCF that corresponds to 95% of affected species, based 
on the central tendency of the SSD, for a generic compound with log Kow = 5.5, would equal 
11,390 L kg
-1
 (with 95% confidence limits of 3,499-37,078 L kg
-1
). This was calculated from 
the SSD in a similar manner to the hazard concentration affecting 5% of a population (HC5), 
but differed in the sense that higher BCFs represent greater bioconcentration, while lower 
EC50 values represent more potent effects. 
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Figure 3.3 Modelled whole body and liver steady-state bioconcentration factor (BCFss) values are highly 
correlated with the total lipid content of (A) the fish body and (B) the liver. (C) The uptake rate constant 
predicted by the physiologically based toxicokinetic (PBTK) model is correlated with the model of Arnot and 
Gobas (2004) but substantially deviates from equality. (D) Regression of BCF95ss values, i.e. BCF values 
derived from species sensitivity distributions (SSDs) that correspond to 95% affected species, and log Kow. Note 
that the log Kow that corresponds to a BCF of 2000 (the threshold for bioaccumulative substances under 
REACH) is 4.5; i.e., equal to the regulation’s screening level criterion for bioaccumulative substances. Solid 
lines represent the linear regression lines, dashed lines represent the 95% confidence interval. 
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BCFss values based on the concentration in the liver (BCFliver) showed a different rank 
order, as compared with whole-body BCFss values (Figure 3.2B). While roach and lake trout 
still had the lowest and highest BCFliver values, respectively, rainbow trout had the second-
lowest BCFliver, followed by fathead minnow and zebrafish. As expected, these differences in 
bioconcentration could again be explained by species differences in the liver lipid level 
(Figure 3.3A). The resulting BCF95liver was 9,485 L kg
-1
 and the confidence interval was 
narrower than that of BCF95ss, ranging from 5,005-17,978 L kg
-1
. In light of the different 
distributions, inter-species differences in sensitivity might not necessarily be explained by the 
EC50 and whole-body BCFs values alone, as was assumed by the classical CBR concept 
(Barron et al. 1997). When bioconcentration is considered during investigation of the toxic 
effects of a chemical, tissue concentrations often need to be taken into account; this is referred 
to as the ‘tissue residue approach for toxicity assessment’ (TRA). Participants of a SETAC 
(Society of Environmental Toxicology and Chemistry) Pellston workshop recently pointed 
out that TRAs can substantially reduce variability in intra- and inter-species comparisons of 
toxicity by incorporating toxicokinetics and bioavailability into one assessment (Meador et al. 
2011). Our multi-species PBTK model framework might thus have a potential application in 
‘predictive TRAs’, particularly if experimental tissue residue data are unavailable. 
Predictions of k1 and k2 ranged from 89.8 L kg
-1
 d
-1
 (roach) to 521.6 L kg
-1
 d
-1
 (zebrafish), 
and from 0.033 d
-1
 (lake trout) to 0.113 d
-1
 (zebrafish), respectively (Figures 3.2C and D). 
Ideally, BCFss and kinetic BCFs (which are derived by dividing k1 by k2) should be identical. 
The example BCF95ss of 11,390 L kg
-1
 shown in Figure 3.2A deviates substantially from the 
kinetic BCF derived from the rate constants corresponding to 95% of the species within the 
SSD (4,077 L kg
-1
), predominantly because the confidence intervals of the SSD for BCFss 
were much wider than those for the rate constants (Figures 3.2C and D). Even though it 
departed substantially from equality, k1 correlated well with the model of Arnot and Gobas 
(2004); this model represents this constant as a function of the chemical’s log Kow, the total 
fish body w.w., the ambient temperature and the dissolved oxygen concentration. 
Plotting the BCF95ss values for different chemicals against their log Kow revealed a linear 
relationship (Figure 3.3D). Interpolation of log Kow values corresponding to the stipulated 
BCF thresholds for bioaccumulative (2,000 L kg
-1
) and very bioaccumulative (5,000 L kg
-1
) 
compounds resulted in log Kow values of 4.45 and 5.00, respectively, indicating that the 
current screening level criteria of log Kow 4.5 and 5, respectively, would protect 
approximately 95% of all fish species. 
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3.4.4 Comparison of predicted SSDs with measured data  
Having validated the multi-species PBTK model, SSDs were predicted for six chemicals: 
dieldrin, DDT, PDCB, PCP, TCDD and HCB, and compared with experimentally determined 
SSDs obtained from the US-EPA ECOTOX database (Figure 3.4). In the following 
paragraphs, the model predictions for each individual chemical are described in relation to 
their physicochemical properties. 
 
Dieldrin 
Dieldrin is an organochlorine insecticide with reported log Kow values ranging from 5.4 to 
6.2 (Briggs 1981, De Bruijn et al. 1989). The arithmetic mean (5.8) of these values was used 
in the PBTK model. Dieldrin is only slowly biotransformed in fish (Sudershan & Khan 1981) 
and the Stockholm Convention on persistent organic pollutants (POPs), which took effect in 
2004, classified dieldrin as a PBT substance (Chemicals 2002). Predictions of its multi-
species bioconcentration potential were very accurate (Figure 3.4), with all measured values 
(10 data points for 5 species) lying within the 95% confidence intervals of the model 
prediction. The measured and modelled BCF95ss values were 20,166 and 18,731 L kg
-1
, 
respectively (7.7% deviation). This high predictive accuracy was probably owing to the 
physicochemical properties of dieldrin, which favour the prediction of lipid-based partitioning 
(Nichols et al. 2013). 
 
Dichlorodiphenyltrichloroethane (DDT) 
DDT is another organochlorine insecticide with a log Kow value of 6.91 (Howard 1996). It 
is considered a PBT substance by the Stockholm Convention, which restricted its use to 
vector control. In fish, DDT is only metabolised to a relatively small extent and is 
consequently slowly eliminated (Gakstatter & Weiss 1967). Multi-species predictions of its 
bioconcentration potential were consequently very accurate, with all measured values (10 data 
points for 7 fish species) lying within the 95% confidence intervals of the model-predicted 
values (Figure 3.4). The measured and modelled BCF95ss values were 105,826 and 
116,034 L kg
-1
, respectively (9.6% deviation). 
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Figure 3.4 Species sensitivity distributions (SSDs) for dieldrin, dichlorodiphenyltrichloroethane (DDT), 
1,4-dichlorobenzene (PDCB), pentachlorophenol (PCP), 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) and 
hexachlorobenzene (HCB) based on the bioconcentration factor (BCF) predictions of the multi-species 
physiologically based toxicokinetic model (grey lines indicate the central tendency, as well as the 95% 
prediction interval) and experimental BCF values taken from the US-EPA ECOTOX database (filled circles 
represent measured values, the solid black line represents the central tendency). SSDs were calculated using the 
US-EPA SSD Generator v1. 
 
1,4-Dichlorobenzene (PDCB) 
PDCB is applied as a pesticide, fungicide and deodorant. Its use was restricted by the 
European Commission in May 2014, although it was not classified as a PBT or a very 
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persistent and very bioaccumulative substance (EC 2014b). It has a log Kow of 3.44 (Hansch 
et al. 1995). Consistent with the dieldrin and DDT studies, predictions of the multi-species 
model were reasonably accurate for PDCB (Figure 3.4). However, the experimental data from 
one fish species (Oncorhynchus mykiss) deviated substantially from the model prediction, 
resulting in a great difference in the measured and modelled BCF95ss values, which were 
1,237 and 349.1 L kg
-1
, respectively (3.5-fold deviation). Neither of these SSDs indicated an 
elevated bioconcentration potential because they were below the threshold of 2,000 L kg
-1
. 
 
Pentachlorophenol (PCP) 
PCP has been widely used as a pesticide and disinfectant. It has a log Kow of 5.12 (Hansch 
et al. 1995), but is not considered a PBT substance because it is readily biotransformed in fish. 
At natural pH values it is present mostly in its dissociated form (pKa = 4.74). This fact results 
in an overestimation of the bioavailable fraction if only the total concentration is considered 
during calculation of its BCF (Mackay et al. 2010). Although the measured and predicted 
SSD values correlated, there was a substantial difference between them; this resulted in a 
3.5-fold difference between the measured and modelled BCF95ss values (Figure 3.4). These 
findings indicate that the model does not yet yield accurate predictions for ionisable and/or 
readily biotransformed compounds. In particular, the latter aspect should be addressed in 
future research, potentially by including powerful algorithms to predict the biotransformation 
rates of chemicals in different fish species, as demonstrated by Arnot and co-workers (2009). 
 
2,3,7,8-Tetrachlorodibenzo-p-dioxin (TCDD) 
TCDD, often referred to as ‘dioxin’, has a log Kow of 6.80 (Shiu et al. 1988) and is 
classified as a PBT substance by the Stockholm Convention (Chemicals 2002). It shows 
almost no biotransformation in fish (Kleeman et al. 1988). Although the predicted BCF values 
were generally accurate, data for two of the five species (Mosquitofish, Gambusia affinis; and 
lake trout, Salvelinus namaycush) deviated substantially from the predicted values (Figure 
3.4). The experimental data for lake trout might be erroneous, since its typical whole-body 
total lipid content is similar to that of rainbow trout (Table 3.2). Despite these anomalies, four 
experimental data points that were available for rainbow trout (Oncorhynchus mykiss) and 
three that were available for fathead minnow (Pimephales promelas) supported the central 
tendency of the SSD in the upper part of the curve, leading to an exact prediction of the 
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BCF95ss (Figure 3.4). The measured and modelled BCF95ss values were 103,597 and 
98,307 L kg
-1
, respectively (5.4% deviation). 
 
Hexachlorobenzene (HCB) 
HCB has been used as a fungicide and in a number of technical applications. It is classified 
as a PBT substance by the Stockholm Convention and has a log Kow of 5.73 (De Bruijn et al. 
1989, ECHA 2014). It is only relatively slowly biotransformed in fish (Simeonov & 
Hassanien 2009). Although these properties would typically favour lipid-based modelling, 
experimental data from three of the five fish species deviated substantially from the 
predictions (Figure 3.4), resulting in a great difference in measured and modelled BCF95ss 
values; these were 83,936 and 22,108 L kg
-1
, respectively (3.8-fold deviation). Both of these 
SSDs, however, predicted a high bioconcentration potential because they exceeded the 
5,000 L kg
-1
 threshold. These apparent differences might reflect a bias in the experimental 
data, which was only available for fish species with a relatively low total lipid level; no values 
were available for fish with a high total body lipid content, e.g. salmonids. 
 
3.4.5 Potentials and limitations of the proposed methodology 
We conclude that our multi-species PBTK model can play an important role in predicting a 
chemical’s bioaccumulation potential across different species. The presented single PBTK 
models can be readily re-parameterised to other fish species, thus increasing their predictive 
power. To realise the full potential of the proposed methodology, future efforts should 
incorporate toxicodynamic (TD) sub-models into the framework, resulting in a powerful 
multispecies PBTK/TD model. The explicit modelling of individual organs and tissues is 
particularly beneficial because it enables both researchers and regulators to predict 
toxicological effects semi-quantitatively (e.g., acute toxicity, hepatotoxicity, aneugenic or 
clastogenic effects, hepatic lesions or carcinogenesis, effects on growth or reproduction), 
without performing animal experiments. To this end, it might become necessary to include 
more organs as separate compartments, e.g. brain and gonads. 
From a regulatory perspective, this type of in silico method has the potential to achieve a 
meaningful reduction in the number of animal experiments required for effective toxicological 
and ecotoxicological research. 
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4.1 Abstract 
The European eel (Anguilla anguilla) is a facultatively catadromous fish species with a 
complex life cycle. Its current population status is alarming: recruitment has decreased 
drastically since the 1980s and its stock is still considered to be outside safe biological limits. 
Although there is no consensus on the reasons for this situation, it is currently thought to have 
resulted from a combination of different stressors, including anthropogenic contaminants. To 
deepen our understanding of the processes leading to the accumulation of lipophilic organic 
contaminants in yellow eels (i.e. the feeding, continental growth stage), we developed a 
physiologically based toxicokinetic model using our own data and values from the literature. 
Such models can predict the uptake and distribution of water-borne organic chemicals in the 
whole fish and in different tissues at any time during exposure. The predictive power of the 
model was tested against experimental data for six chemicals with n-octanol-water 
partitioning coefficient (log Kow) values ranging from 2.13-4.29. Model performance was 
excellent, with a root mean squared error of 0.28 log units. This model can be amended to 
include sub-models for dietary and dermal exposure and has the potential to help identify 
suitable habitats for restocking under eel management plans. 
 
Keywords: ADME • BCF • bioconcentration • organic pollutants • PBPK • PBTK  
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4.2 Introduction 
The European eel (Anguilla anguilla L.) is a facultatively catadromous fish species that 
practices one of the longest spawning migrations known in nature. With the onset of 
maturation, silver eels migrate up to 7,500 km from their brackish and freshwater habitats in 
Europe and North Africa to their spawning grounds in the Sargasso Sea. Eel larvae 
subsequently make their way back to Europe’s continental shelves, travelling with oceanic 
currents for an estimated 2-3 years, while metamorphosing into the transparent glass eel stage. 
Once they reach European and North African coastal waters and river outlets, glass eels start 
to become pigmented and partly ascend up European rivers and freshwater habitats. As 
yellow eels, they feed and grow for several years in order to store the energy reserves required 
for migration. The cycle is completed by the transformation of yellow eels into silver eels, 
which marks the beginning of their migration to the spawning grounds and the beginning of 
their gonadal maturation (van den Thillart et al. 2008). 
Recruitment of the European eel has decreased since the 1980s, when its panmictic stock 
started to decline (ICES 2012). Today, it is considered ‘critically endangered’ by the 
International Union for Conservation of Nature (Stone 2003), and is also listed as a vulnerable 
species by the Convention on International Trade in Endangered Species of Wild Fauna and 
Flora. The causes of this alarming situation are unclear but they are thought to reflect a 
combination of different stressors, including reduced habitat quality and habitat loss 
(Castonguay et al. 1994), over-fishing (van Ginneken & Maes 2005), climatic changes 
(Friedland et al. 2007), and introduced parasites, which may affect eel fitness during 
migration (Kirk 2003, Wysujack et al. 2014). Anthropogenic contaminants may also reduce 
fitness and fat reserves, thereby reducing the escapement success of this species (Buet et al. 
2006, Kammann et al. 2013, Marohn et al. 2008, Palstra et al. 2006, van Ginneken & Maes 
2005). 
A prerequisite of successful measures for the recovery of European eel stocks is their need 
to increase silver eel escapement, a measure of the number of eels with the potential to 
migrate to their spawning grounds in the Sargasso Sea. Thus, the European Commission 
mandates its member states to guarantee 40% escapement of silver eels, relative to the 
estimated escapement under pristine conditions (EU 2007). To meet this target in a particular 
river basin system, it is necessary either to reduce the mortality of naturally recruited eels or 
to use restocking to artificially increase the number of recruits. Restocking the European eel 
means translocating glass eels or young yellow eels between different estuaries and river 
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systems, since the species cannot yet be artificially reproduced. The efficacy of restocking 
remains uncertain because there is a lack of evidence for its net benefit (Marohn et al. 2013). 
However, in the absence of clear steps by fisheries managers in many European countries to 
significantly reduce anthropogenic mortality, restocking is still the most common measure 
used to fulfil the 40% escapement target (Kammann et al. 2013). 
The success of restocking is generally highly dependent on the quality of the stocked 
habitat. Suitable stocking habitats need to be identified based on a number of different 
criteria. Apart from the habitat’s ecological quality, anthropogenic pollution needs to be 
recognised as an important criterion. Due to their catadromous and semelparous lifecycle, eels 
form a unique fish taxon. Their lengthy migration and their semelparity rely on an 
extraordinarily high total lipid content; this makes them vulnerable to the accumulation of 
high concentrations of lipophilic pollutants, especially during their continental growth phase 
(Belpaire & Goemans 2007). A detailed knowledge of the bioaccumulation and distribution 
processes acting on lipophilic pollutants within the fish body is required to understand the 
effects of these pollutants on escapement, fitness and ultimately, reproductive success. When 
analytical data relating to the internal chemical concentrations in laboratory- or field-exposed 
fish are unavailable, the use of physiologically based toxicokinetic (PBTK) models can 
provide a powerful tool (Groh et al. 2015). Organs and tissues are explicitly represented as 
individual compartments within PBTK models, where each compartment is characterised by 
its volume (as a fraction of total body weight), its total lipid and water contents (as a fraction 
of tissue wet weight [w.w.]), and by the blood flow to the compartment (as a fraction of 
cardiac output). PBTK models are capable of predicting the concentration of neutral organic 
pollutants in the whole fish and in different tissues at any time during exposure (Louisse et al. 
2012, Yoon et al. 2012). Furthermore, they facilitate application of the results of in vitro 
bioassays, which have a higher throughput and reduce the requirement for experimental 
animals, to predict the effects in vivo; these models thus have the potential to make a valuable 
contribution to predictive toxicology (Brinkmann et al. 2014a, Stadnicka-Michalak et al. 
2014). 
PBTK models have been developed for a number of fish species (Bungay et al. 1976, Liao 
et al. 2005, Lien & McKim 1993, Lien et al. 2001, Nichols et al. 1998, Nichols et al. 1990, 
Nichols et al. 1993), but to our knowledge, none exist for members of the Anguilla genus. We 
have successfully used PBTK models to test hypotheses on the physiology of 
bioconcentration and the distribution of neutral organic contaminants in rainbow trout 
(Brinkmann et al. 2014b). A PBTK model for the European eel would provide a powerful 
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research tool, facilitating the prediction and understanding of bioconcentration in this species. 
The main aims of the present study were to: (a) develop a PBTK model for the 
bioconcentration of neutral organic chemicals in feeding European eels as a basis for further 
developments using our own data and published parameter values; (b) evaluate the predictive 
power of this model using experimental bioconcentration data; and (c) discuss future research 
needs for applications of the PBTK model. 
 
4.3. Materials and methods 
4.3.1 Study design 
In the present study, we determined model parameters (total lipid and water contents, as 
well as tissues/organ volumes) and combined them with physiological data from the literature 
to re-parameterise the PBTK model for rainbow trout (Oncorhynchus mykiss) published by 
Nichols et al. (1990) for the European eel (Anguilla anguilla), as conceptually presented in 
Figure 4.1. This model was then used to predict bioconcentration factors (BCFs), as well as 
accumulation (k1) and elimination (k2) rate constants for a number of chemicals. To assess the 
model performance, these predictions were compared with published experimental values. 
 
 
Figure 4.1 Conceptual representation of the physiologically based toxicokinetic (PBTK) model for the 
European eel (Anguilla anguilla). Qw: effective respiratory volume, Qc: cardiac output, Cinsp: inspired 
chemical concentration, Cexp: expired chemical concentration, PPT: poorly perfused tissues, RPT: 
richly perfused tissues. Modified from Brinkmann et al. (2014b). 
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4.3.2 Experimental fish 
Live European eels were obtained from the French Atlantic coast as glass eels and reared 
to the early yellow eel stage at the Thünen-Institute of Fisheries Ecology research station at 
Ahrensburg, Germany. The fish were held in an aerated 1,500-L tank with recirculated water 
from a 57 m³ system (approx. 18°C; pH 6.7 ± 0.3; NH3 < 0.1 mg L
-1
). The water was 
continuously exchanged at a rate of 10-12 m³ d
–1
. Fish were subject to a natural day/night 
rhythm. The eels were fed daily ad libitum with a diet of commercial pellets (C-3 Pro Aqua 
K18, Skretting, Stavanger, Norway). All animals were treated in accordance with the animal 
welfare act and with the permission of the German Federal authorities. 
 
 
4.3.3 Model parameterisation 
The parameterisation of PBTK models requires a number of experimental values to 
describe the underlying physiological processes, as described in Nichols et al. (1990); these 
are summarised in Table 4.1. All equations not described within this chapter are identical with 
the equations used in Chapter 3 and can also be found in Annex II. 
 
Volumes and total lipid/water contents in organs and tissue groups 
A total of 18 eels (twelve females, four males, two undetermined) were anaesthetised with 
2-phenoxyethanol (Carl Roth, Karlsruhe, Germany) and killed by severing the spinal cord. 
Blood samples were taken from the caudal vein, using 0.55 × 25 mm stainless steel needles 
(Braun, Melsungen, Germany) and 1 mL syringes (Braun). 
The following tissues/organs were then dissected from the fish: liver, kidney, spleen, 
gonads, muscle, brain, gills, viscera (including stomach, pyloric caeca, intestines and the 
associated visceral fat), skin and carcass (the tissue that remained after the excision of all 
other fractions). The excised tissues/organs from each individual were weighed (0.0001 g 
resolution) using a precision scale (Sartorius, Göttingen, Germany), and stored at -20°C. The 
organ compartment volumes were calculated from these weights, assuming that all tissues had 
a density of 1.0 g mL
-1
. 
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Table 4.1 Physiological parameters (and corresponding symbols) used to re-parameterise a physiologically 
based toxicokinetic (PBTK) model (Nichols et al. 1990) for European eels (Anguilla anguilla). 
Physiological parameter Symbol Unit Value 
Body wet weight W kg Model input 
Cardiac output Qc L kg
-1 
h
-1
 Eq. 2 
Oxygen consumption rate VO2 mg kg
-1 
h
.1
 Eq. 3 
Effective respiratory volume Qw L kg
-1 
h
-1
 Eq. 4 
Arterial blood flow to:    
Liver Ql L h
-1
 0.019 Qc 
Fat Qf L h
-1
 0.122 Qc 
Poorly perfused tissues
1
 Qm L h
-1
 0.643 Qc 
Richly perfused tissues
2
 Qr L h
-1
 0.202 Qc 
Kidney Qk L h
-1
 0.014 Qc 
Organ/tissue group volumes (fraction of W)    
Liver Vl L 0.015 W 
Fat Vf L 0.042 W 
Poorly perfused tissues
1
 Vm L 0.870 W 
Richly perfused tissues
2
 Vr L 0.063 W 
Kidney Vk L 0.010 W 
Organ/tissue total lipid content (fraction w.w.)    
Liver αl - 0.039 
Fat αf - 0.681 
Poorly perfused tissues
2
 αm - 0.182 
Kidney αk - 0.530 
1
mainly white muscle 
2
viscera, spleen, gonads, and gills 
w.w., wet weight 
 
Total lipid and water levels were determined in all muscle samples individually (n = 18). 
The remaining tissue compartments were pooled, depending on the amount of available 
tissue. Carcass, skin, gills, kidney, liver and the viscera were grouped in four thoroughly 
homogenised pools (n = 4 animals in each; three females, one male), whereas spleen, brain 
and blood were each grouped to one single pool of 16 fish (twelve females, four males). 
Gonad tissue was also analysed in a single pool of 7 eels (all female), since too little tissue 
was available to allow for clean separation in the remaining fish. The total lipid content of 
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viscera-associated adipose tissue was determined in duplicates using tissues from three wild-
caught yellow eels. The water content was determined gravimetrically after freeze-drying 
(Lyovac GT 2; GEA Pharma Systems, Wommelgem, Belgium). 
The total lipid levels were determined as described by Smedes et al. (1999), with the 
modifications introduced by Schlechtriem et al. (2012). Briefly, freeze-dried samples were 
re-suspended in water and homogenised using a laboratory mill (IKA A11; IKA, Staufen, 
Germany). Subsequently, these homogenates were freeze-dried and briefly ground in the 
laboratory mill in order to achieve a good degree of homogenisation and to avoid separation 
of the fat from the rest of the sample; this was especially important in fatty tissues. 
Homogenates were dried at 105°C until they reached a constant weight, indicating the 
removal of residual moisture. Approximately 100 mg of each sample was used for lipid 
extraction using a mixture of cyclohexane (2.50 mL), propan-2-ol (2.00 mL) and water 
(2.75 mL), followed by a second extraction using cyclohexane (2.175 mL) and propan-2-ol 
(0.325 mL). The organic phase was collected after each extraction and the solvents were 
evaporated prior to gravimetric determination of the fat content. All samples were analysed in 
duplicate. If the relative deviation exceeded 5%, the samples were re-analysed.  
Apart from those present in the muscle, most of the lipid deposits in European (yellow) 
eels were associated with visceral organs and with the carcass (Table 4.2). Most of the lipids 
measured in the carcass seemed to have resulted from incomplete dissection of muscle tissue 
from the carcass. The total volume of the adipose tissue compartment, i.e. the sum of adipose 
tissue in the viscera and carcass, was estimated using the total lipid levels and the volumes of 
the viscera (Equation 4.1.1) and carcass (Equation 4.1.2), as well as using the total lipid 
content of viscera-associated adipose tissue according to Nichols and co-workers (1993). 
Since eel muscle had a high lipid content, we used the average total lipid level in lean tissues 
(αlean; i.e. spleen, liver and gills; 3.87%), instead of the white muscle lipid level. 
 
𝑉𝑣  ∙ 𝛼𝑣  = 𝑉𝑓(𝑣𝑖𝑠𝑐𝑒𝑟𝑎) ∙ 𝛼𝑓 + (𝑉𝑣 − 𝑉𝑓(𝑣𝑖𝑠𝑐𝑒𝑟𝑎)) ∙  𝛼𝑙𝑒𝑎𝑛    (Eq. 4.1.1) 
4.61% ∙ 10.79% = 𝑉𝑓(𝑣𝑖𝑠𝑐𝑒𝑟𝑎) ∙ 68.14% + (4.61% − 𝑉𝑓(𝑣𝑖𝑠𝑐𝑒𝑟𝑎)) ∙  3.87%  
𝑉𝑓(𝑣𝑖𝑠𝑐𝑒𝑟𝑎) = 0.49%          
 
𝑉𝑐  ∙ 𝛼𝑐  = 𝑉𝑓(𝑐𝑎𝑟𝑐𝑎𝑠𝑠) ∙ 𝛼𝑓 + (𝑉𝑐 − 𝑉𝑓(𝑐𝑎𝑟𝑐𝑎𝑠𝑠)) ∙  𝛼𝑙𝑒𝑎𝑛   (Eq. 4.1.2) 
22.97% ∙ 14.19% = 𝑉𝑓(𝑐𝑎𝑟𝑐𝑎𝑠𝑠) ∙ 68.14% + (22.97% − 𝑉𝑓(𝑐𝑎𝑟𝑐𝑎𝑠𝑠)) ∙  3.87% 
𝑉𝑓(𝑐𝑎𝑟𝑐𝑎𝑠𝑠) = 3.69%        
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Where Vv, Vc, and Vf are the volumes of viscera, carcass and fat, respectively, and αv, αc, αf 
and αl are the total lipid levels in viscera, carcass, fat and liver, respectively; this determined a 
total fat compartment volume, Vf (sum of fat from viscera and carcass), of 4.18%. 
The volumes deduced from the weights of the liver and kidneys were directly used in the 
model. The volume of the richly perfused tissue compartment was estimated by adding the 
experimentally determined weights of the viscera, spleen, gonads, and gill. The volume of the 
poorly perfused tissue compartment (mainly white muscle) was assumed to be the difference 
between the total body volume and the volumes of all other compartments. Compartment 
volumes were expressed relative to the total body volume. 
 
 
Table 4.2 Relative tissue wet weight (w.w.), total lipid and water levels in European eels (Anguilla anguilla). 
Tissue w.w. and water levels were determined using 18 individuals. Total lipid contents of spleen, brain, blood, 
and gonads were determined in a single pooled sample; those of muscle were determined in individual fish 
samples. All other lipid and water levels were determined in five pools, with 2-4 animals per pool. All values are 
expressed as mean ± standard deviation. 
 Tissue w.w. (%) Lipid content (%) Water content (%) 
Liver 1.49 ± 0.16 3.89 ± 0.88 74.88 ± 0.03 
Kidney 1.04 ± 0.30 5.29 ± 0.68 75.75 ± 2.80 
Muscle 57.27 ± 6.28 18.24 ± 7.15 64.04 ± 5.80 
Skin 10.85 ± 1.41 5.20 ± 1.46 72.32 ± 2.33 
Viscera
1
 4.61 ± 1.01 10.79 ± 2.57 71.65 ± 5.44 
Gill 1.42 ± 0.41 4.86 ± 0.77 73.86 ± 5.12 
Carcass 22.97 ± 5.08 14.19 ± 2.23 62.18 ± 3.82 
Spleen 0.13 ± 0.06 2.88 75.63 ± 1.79 
Gonad 0.14 ± 0.21 7.24 80.23 ± 5.26 
Brain 0.07 ± 0.02 4.87 19.90 ± 1.58 
Adipose tissue
2
 - 68.14 ± 11.67 25.52 ± 10.80 
Blood - 1.43 82.71 ± 4.39 
1
Includes stomach, pyloric caeca, intestines, and viscera-associated adipose tissue. 
2
Values for viscera-associated adipose tissue of three female yellow eels. 
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Distribution of arterial blood flow and cardiac output 
Data on the distribution of arterial blood flow to the different organs was obtained from a 
study on American eels (Anguilla rostrata) that applied the radiolabelled microsphere method 
(Butler & Oudit 1994). Table 4.3 shows some of the cardiovascular parameters, such as heart 
rate and cardiac output (Qc), determined by various studies. Imbrogno et al. (2001) 
investigated 292 isolated hearts from European eels (Anguilla anguilla) that weighed 98 g on 
average and found that the Qc was 10.9 mL min
-1
 kg
-1
, which corresponds to 0.654 L h
-1
 kg
-1
 
(Table 3). Other European eel studies have reported comparable Qc values. The results from 
Imbrogno et al. were used for the PBTK model in the present study because this study 
provided a broader dataset than the other available publications. Qc was scaled to body weight 
using allometric scaling (Equation 4.2), according to Adolph (1949) and Nichols et al. (1993), 
where W is the total body w.w. (kg). The coefficient of 0.366 results in a Qc value of 
0.654 L h
-1
 kg
-1
 for an eel weighing 98 g. 
 
𝑄𝑐 = 0.366 ∙ 𝑊
−0.25    (Eq. 4.2) 
 
Table 4.3 Previously published experimental data on the cardiac output of the indicated species within the 
Anguilla genus. 
Species n 
Cardiac output 
(mL min
-1
 kg
-1
) 
Body 
weight (g) 
Temp. (°C) Method Reference 
A. rostrata 12 15.9 ± 0.5 980-1590 12.0 ± 0.5 in situ (Butler & Oudit 1995) 
A. australis 5 10.2 ± 1.1 900-1450 16.0-20.0 in situ (Hipkins & Smith 1983) 
A. anguilla 10 12.2 ± 1.7 600-1000 9.5 ± 1.0 ex situ (Hughes et al. 1982) 
A. anguilla 10 11.5 ± 0.6 510 ± 33 15.0 ± 0.5 ex situ 
(Peyraud-Waitzenegger & 
Soulier 1988) 
A. rostrata 6 28.6 ± 4.2 980 ± 1590 12.0 ± 1.0 in situ (Butler & Oudit 1994) 
A. dieffenbachii 9 9.6 ± 0.3 2700-6300 15.0 ex situ (Davie et al. 1992) 
A. anguilla 292 10.9 ± 1.6 98 ± 3 18.0-21.0 ex situ (Imbrogno et al. 2001) 
A. australis 5 10.4 ± 0.6 900-1100 16.0-20.0 in situ (Hipkins 1985) 
 
Oxygen consumption rate and effective respiratory volume 
Values for the oxygen consumption rate (VO2, in mg kg
-1
 h
-1
) of European eels with 
different weights and at different water temperatures (T, in °C) were found in the literature 
(Degani et al. 1989). These data were then used for three-dimensional regression by 
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TableCurve 3D 4.0 (Systat Software, Erkrath, Germany), which resulted in Equation 4.3 
(R
2
 = 0.95). According to Berg and Steen (1965), European eels receive between 10 and 15% 
of the consumed oxygen via their skin, rather than via the gills. Oxygen taken up via the skin 
does not contribute to the effective respiratory volume (Qw, in L h
-1
), i.e. the volume of water 
that equilibrates with blood in the gill lamellae. VO2 was thus multiplied by 0.875 to account 
for cutaneous respiration. The amount of chemical available for uptake into fish via the gills is 
assumed to be limited to that present in the Qw, which was calculated and scaled to body 
weight as proposed by Stadnicka et al. (2012) and shown in Equation 4.4.  
 
1
𝑉𝑂2
= −9.11 ∙ 10−3 + 1.95 ∙ 10−2 ∙ 𝑊0.5 +
3.45∙10−1
𝑇
 (Eq. 4.3) 
𝑄𝑤 =
0.875∙𝑉𝑂2
0.8∙𝐶𝑜𝑥
∙ 𝑊0.75     (Eq. 4.4) 
 
To verify the accuracy of the interpolated values for VO2 calculated using Equation 4.3, we 
conducted a simple respiration experiment. Briefly, 13 eels were fasted and their VO2 was 
measured for 96 h. Prior to the experiment, the eels were fed ad libitum and kept in individual 
15-L tanks (in the recirculation system described above) to assure sufficient food intake by 
each individual. The experiment was conducted in a respiratory system similar to the one 
described by Focken et al. (1994), but equipped with a WTW Oxi 730 oxygen probe (WTW, 
Weilheim, Germany), with 13 experimental units and using washout times of 102 s. The eels 
were weighed, transferred to the experimental units and acclimatised at a water temperature of 
11.5 ± 0.6°C for 8 days prior to data recording. Light and dark phases were 12 h throughout 
the acclimatisation and experimentation periods. The water temperature was stable at 
11.6 ± 0.6°C during the experiment. A total of 170 measurements were conducted during the 
experiment and VO2 was calculated as mg O2 kg
-1
 h
-1
. Since no significant differences were 
found between VO2 in the light and dark phases (Student’s t-test, p = 0.53), all VO2 
measurements were averaged. 
 
Description of chemical flux at the eel gill 
Chemical flux at the eel gill was calculated using the approach described by Erickson and 
McKim (1990) and Nichols et al. (1993); this corresponds to counter-current blood and water 
flows that are separated by a diffusion barrier that comprises the gill epithelium, as well as the 
stagnant boundary layers of both blood and water (Equation 4.5). 
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𝐹𝑔 = 𝑘𝑥 ∙  (𝐶𝑖𝑛𝑠𝑝 −
𝐶𝑣𝑒𝑛
𝑃𝑏𝑤
)  (Eq. 4.5) 
 
Where Fg is the total flux across the gill epithelium (µg h
-1
), kx is the exchange coefficient, 
Pbw is the blood:water partitioning coefficient for the relevant compound, Cw is its 
concentration in water, and Cven is its concentration in venous blood. 
 
The exchange coefficient kx can be calculated from the chemical capacities of water and 
blood (kw and kb), and the average resistance to chemical diffusion, kd (Equation 4.6). 
 
𝑘𝑥 =
𝑒
−
𝑘𝑑
𝑘𝑏 −𝑒
−
𝑘𝑑
𝑘𝑤
𝑒
−
𝑘𝑑
𝑘𝑏
𝑘𝑤
−
𝑒
−
𝑘𝑑
𝑘𝑤
𝑘𝑤
   (Eq. 4.6) 
 
The chemical capacity of water flowing to the gill lamellae is equal to Qw, while that of 
blood equals 𝑘𝑏 = 𝑄𝑐 ∙ 𝑃𝑝𝑤 . kd can be calculated as 𝑘𝑑 = 𝐷 ∙
𝐴
𝑇
, where D is the molecular 
diffusivity (m
2
 h
-1
), A is the total lamellar surface area of the gill (m
2
), and T is the thickness 
of the diffusion barrier (m). A can be determined using the allometric equation (Equation 4.7, 
transposed to the units used in this publication) provided by Bennett (1988). 
 
𝐴 = 0.1703 ∙ 𝑊0.715  (Eq. 4.7) 
 
Assuming an average lamellar frequency of 18 lamellae per mm gill filament (Bennett 
1988), the combined thickness of water, blood and epithelial layers amounts to approximately 
28 µm (Nichols et al. 1993). Assuming that T is the sum of the thickness of the epithelial layer 
(6.4 µm; Lorin-Nebel et al. 2013) and one-third of the collective thickness of the water and 
blood layers (Erickson & McKim 1990), T is approximately 14 µm. D was calculated at 20°C 
(m
2
 h
-1
) using the equations published by Wilke and Chang (1955). The resulting values were 
multiplied by a factor of 0.75 to obtain the combined diffusivity value that reflected the 
reduced permeability of the gill epithelium (Erickson & McKim 1990). 
Previously published PBTK models, e.g. for rainbow trout, assume constant movement of 
the water surrounding the gill lamellae. However, Anguilla species show intermittent 
ventilation separated by periods of apnoea (Smith et al. 1983). Eels may transition between 
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eupneic and apneic ventilation or hold each breath for several minutes (Berg & Steen 1965). 
Interestingly, VO2 is roughly equal in eels ventilating continuously or intermittently, because 
a higher oxygen extraction efficiency (up to 77 %; Smith et al. 1983) compensates for the 
reduced ventilation volume. Since eels are more likely to show intermittent ventilation 
patterns at rest, with an eupneic fraction of only 15% (Smith et al. 1983), the amount of 
chemicals available for uptake via the gills was further limited to  0.15 ∙ Q𝑤. 
 
4.3.4 Calculation of BCFs and rate constants 
Kinetic BCF (BCFk), k1 and k2 were calculated using the internal concentrations predicted 
by the PBTK model, in accordance with OECD 305 (2012), using Equations 4.8 and 4.9. 
 
𝐵𝐶𝐹𝑘 =
𝑘1
𝑘2
     (Eq. 4.8) 
𝐶𝑓(𝑡) = 𝐶𝑤(𝑡) ∙
𝑘1
𝑘2
∙ (1 − 𝑒−𝑘2∙𝑡)  (Eq. 4.9) 
 
Where Cf(t) and Cw(t) are the predicted chemical concentrations in fish muscle and the 
reported dissolved concentration in water, respectively, at time t. k2 was determined prior to k1 
as the slope of a straight line fitted to ln-transformed Cf(t) plotted against t. 
 
4.3.5 Estimation of model performance 
The model performance was verified against several bioconcentration experiments that 
were available in the literature. One European eel dataset was generated under flow-through 
conditions (Sancho et al. 1998). In this study, eels (20-30 g) were exposed to the 
organophosphate pesticide, fenitrothion (CAS 122-14-5; n-octanol-water partitioning 
coefficient [log Kow] = 3.30) at 20°C. The concentration of this compound in water was 
40 µg L
-1
 during a 72-h accumulation phase and fish were subsequently subjected to an 
additional 72-h depuration phase in clean water. The internal concentration of this chemical in 
muscle tissue was reported. Moreover, changes in the total lipid content of muscle tissue were 
observed as a toxicological effect of fenitrothion that was relevant to its bioconcentration in 
muscle; this lipid level decreased to approximately 25% of the initial value after 48-h 
exposure to 40 µg L
-1
 fenitrothion. This decrease was also included in our model. In addition, 
a dataset relating to the elimination of m-xylene (CAS 108-38-3; log Kow = 3.20), o-xylene 
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(CAS 95-47-6; log Kow = 3.12), toluene (CAS 108-88-3; log Kow = 2.73) and benzene 
(CAS 71-43-2; log Kow = 2.13) from the muscle of Japanese eels (Anguilla japonica; 
130-180 g) that had been exposed to crude oil suspensions at 20°C was available (Ogata & 
Miyake 1978). Furthermore, Ogata et al. (1980) published a dataset on the toxicokinetics of 
dibenzothiophene (CAS 132-65-0; log Kow = 4.29) and other organosulphur compounds in 
Japanese eels of the same weight and under the same exposure conditions. In this study, data 
were only reported as BCFs and no internal concentration information was available. The 
PBTK model was used to predict the time-course of internal chemical concentrations; in 
addition, values for BCFk, k1 and k2 were predicted where applicable, assuming the exposure 
conditions reported in these publications. These predicted values were then compared with the 
experimentally derived values. For all studies, the water was assumed to be saturated with 
oxygen and the dissolved oxygen concentration was calculated as described by Weiss (1970). 
Log Kow values were taken from the US-EPA EPI Suite software. Experimental database 
values were preferred over predicted values. As a quantitative measure of model performance, 
we calculated the root mean squared error (RMSE) of the residuals. Unless indicated, all 
values are reported as mean values ± standard deviations. 
 
 
4.4 Results and discussion 
4.4.1 Model parameterisation 
As detailed in the following paragraphs, we successfully developed a PBTK model for the 
bioconcentration of neutral organic chemicals in European eels. Physiological parameters 
were compiled from the literature or determined experimentally (Tables 4.1-3). Furthermore, 
the accuracy of interpolated VO2 rates (Equation 4.3) was experimentally verified using our 
own data. The measured respiration rates were consistent with the predicted values. In the 
present study, the young yellow eels used in the respiratory experiment showed a mean VO2 
of 33.9 ± 6.73 mg O2 kg
-1
 h
-1
 (Table 4.4), which did not differ significantly from the modelled 
value (37.8 ± 0.57 mg O2 kg
-1
 h
-1
, Mann-Whitney U-test, p = 0.09). The data available in the 
scientific literature were sufficient to parameterise the PBTK model with a satisfactory level 
of confidence. One major physiological irregularity of the Anguilla genus, as compared with 
other fish species, is their intermittent ventilation pattern (Berg & Steen 1965, Smith et al. 
1983). This reduces their Qw, which considerably reduces chemical flux across the gills in 
eels. 
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Table 4.4 Measured and modelled respiratory data (170 measured cycles in 96 h) from 13 individual European 
eels (Anguilla anguilla) at a mean temperature of 11.6 ± 0.6°C. 
Fish Body mass (g) O2 consumption (mg h
-1
) Meas. VO2 (mg kg
-1
 h
-1
) Pred. VO2(mg kg
-1
 h
-1
) 
1 98.40 2.19 ± 0.78 22.30 37.39 
2 89.80 2.16 ± 0.84 24.02 37.78 
3 95.60 3.01 ± 0.99 31.48 37.51 
4 85.40 2.67 ± 1.14 31.31 37.99 
5 99.20 2.92 ± 1.21 29.43 37.36 
6 86.40 3.76 ± 2.6 43.53 37.94 
7 102.40 3.07 ± 1.31 29.95 37.22 
8 74.20 3.00 ± 1.39 40.41 38.55 
9 101.20 3.59 ± 1.54 35.44 37.27 
10 104.80 3.48 ± 1.49 33.17 37.12 
11 66.60 2.89 ± 1.49 43.41 38.97 
12 83.00 3.22 ± 1.59 38.83 38.10 
13 79.20 2.94 ± 1.56 37.07 38.29 
Mean 89.71 2.99 33.87 37.81 
SD 11.84 0.47 6.73 0.57 
Meas., measured; Pred., predicted by the physiologically based toxicokinetic model; SD, standard deviation 
 
4.4.2 Evaluation of the model performance 
The predictive power of the eel PBTK model was evaluated using published toxicokinetic 
data. Data of sufficient quality were available for six different chemicals. Full accumulation 
and elimination data were available for the pesticide fenitrothion (Sancho et al. 1998), and the 
organosulphur compound dibenzothiophene (Ogata et al. 1980). For m-xylene, o-xylene, 
toluene and benzene, only the elimination phase was considered because the exposure 
concentration was not reported by the authors (Ogata & Miyake 1978). Out of these 
compounds, only fenitrothion had been studied in European eels; the other values were 
derived from the Japanese eel, which is physiologically very similar to the European eel. 
 
Predicted and measured internal concentrations 
Internal concentrations in eel muscle tissues were predicted using the PBTK model with 
the exposure conditions reported in the corresponding publications as the model inputs; a 
comparison of predicted versus modelled values for all tested concentrations of all six 
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chemicals is shown in Figure 4.2. The predicted internal concentrations were accurate: the 
RMSE was 0.28 log units. All predicted values deviated from the measured values by less 
than 5-fold, and 71% of these deviated by less than 2-fold. 
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Figure 4.2 Relationship between the measured and modelled internal concentrations (values represent 
all available measured values for the chemicals) in eel muscle (Cm). Open circles represent the actual 
measured values, closed circles are based on the bioconcentration factors (BCFs) reported by Ogata et 
al. (1980) The solid line represents the equality line and dashed lines indicate a 10-fold deviation from 
equality. RMSE, root mean squared error. 
 
Accumulation and elimination rates 
In addition to the internal concentrations at different time points, k1 and k2 were calculated 
using the predicted and experimental toxicokinetic data. In general, the elimination kinetics of 
m-xylene, o-xylene, toluene, benzene and fenitrothion were predicted accurately (Figures 4.3 
and 4.4, Table 4.5). On average, the predicted values for k2 deviated from the measured values 
by 39%. The errors for dibenzothiophene and benzene were much greater than those observed 
for the other compounds, which might reflect hepatic metabolism. Predictions of k1 (and 
consequently for BCFk) were only possible for fenitrothion and dibenzothiophene, since no 
accumulation kinetics were reported for the other four compounds. The predictions for k1 
were reasonably accurate, deviating an average of 18% from the measured values, while the 
weak fit of k2 for dibenzothiophene resulted in a 2-fold overestimation of BCFk. The 
calculated BCFk for fenitrothion deviated only 9% from the measured value (Table 4.5). 
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Figure 4.3 Experimental and modelled elimination kinetics of m-xylene, o-xylene, toluene and benzene 
in the muscle (Cm) of Japanese eels (Anguilla japonica; 130-180 g) that had been exposed to crude oil 
suspensions (Ogata & Miyake 1978). Dots represent experimental data (mean values with standard 
errors); the solid line represents the model prediction. 
 
4.4.3 Conclusions and further directions 
In the present study, we developed and tested a PBTK model of the uptake and disposition 
of neutral organic chemicals in European yellow eels. We successfully tested the predictive 
power of the model for six different chemicals with log Kow values ranging from 2.13-4.29. 
Because of the slow rate of accumulation of very lipophilic compounds (e.g. polychlorinated 
biphenyls or dioxins/furans), growth of the organism cannot be neglected when modelling 
their bioconcentration. In particular, essential parameters of the PBTK model, such as the 
volumes and lipid levels of tissues and organs, are not constant and can change significantly 
before the organism, i.e. the growing yellow eel, achieves equilibrium with the surrounding 
medium. Incorporation of a scientifically sound sub-model for growth (including changes in 
volume and lipid levels in growing individuals) will therefore represent an important addition 
to the proposed model. These data are not currently available. Studies encompassing 
depuration periods of several years (e.g. de Boer et al. 1994) could be modelled confidently 
with such extensions. 
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Figure 4.4 Experimental and modelled kinetics of uptake and elimination of (A) the organophosphate 
pesticide, fenitrothion, and (B) the organosulphur compound, dibenzothiophene, in muscle (Cm) of 
European eels (Anguilla anguilla) and Japanese eels (Anguilla japonica), respectively. Dots represent 
experimental data (mean values with standard deviations) from the literature (Ogata et al. 1980, Sancho 
et al. 1998) and the solid line represents the predictions of the physiologically based toxicokinetic 
(PBTK) model. Data for dibenzothiophene was reported as BCF values only, i.e. ratios between 
concentrations in muscle (Cm) and water (Cw). 
 
One particular advantage of models that contain explicit growth sub-models is that they 
have the potential to model time-variable exposures. European eels have a continental growth 
phase that lasts for up to 15 years and have been demonstrated to be fairly mobile in inland 
waters, sometimes even transitioning between freshwater, brackish water and the ocean 
(Marohn et al. 2013). 
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Table 4.5 Measured and modelled accumulation and elimination rate constants (k1 and k2), as well as kinetic 
bioconcentration factors (BCFk) of fenitrothion, dibenzothiophene, m-xylene, o-xylene, toluene, and benzene in 
eels. The accumulation rate (and consequently also BCFk) could only be calculated for fenitrothion and 
dibenzothiophene because only elimination phase data were available for the other four compounds. 
Chemical 
k1 (L kg
-1
 d
-1
) k2 (d
-1
) BCFk (L kg
-1
) 
Measured Modelled Measured Modelled Measured Modelled 
Fenitrothion 47.69 59.74 0.610 0.843 78.18 70.87 
Dibenzothiophene 46.13 41.64 0.067 0.027 688.5 1,542 
m-Xylene - - 0.178 0.166 - - 
o-Xylene - - 0.242 0.189 - - 
Toluene - - 0.381 0.358 - - 
Benzene - - 0.470 0.942 - - 
 
 
PBTK models have been used successfully in marine mammals to model the accumulation 
and tissue distribution of lipophilic organic contaminants over time-spans of more than 20 
years (Weijs et al. 2010). Our PBTK model lays the groundwork for successful modelling of 
contaminant uptake and distribution in European yellow eels during their continental growth 
phase. It should be emphasised that, in its present form, the model performance has only been 
verified for neutral organic substances with moderate lipophilicity. Such compounds could 
include endocrine disrupting chemicals, such as the birth control agent, ethinyl estradiol, as 
well as other pharmaceuticals, personal care products, biocides and plant protection products. 
In order to realise the full potential of the proposed methodology, the European eel PBTK 
model can be extended by the inclusion of toxicodynamic (TD) models, resulting in a 
PBTK/TD model. PBTK models have been used successfully to link results of in vitro 
bioassays with in vivo effects (Brinkmann et al. 2014a, Stadnicka-Michalak et al. 2014). With 
the present model, toxicological data from European eels can thus be retrospectively linked to 
internal concentrations at the target site. Combined PBTK/TD models have the potential to 
predict a large variety of toxicological effects semi-quantitatively, without the need to 
perform additional animal experiments; these include acute toxicity and receptor-mediated 
effects, but also hepatotoxicity, aneugenic or clastogenic effects, hepatic lesions and 
carcinogenesis, and can be used to derive threshold values for aqueous exposure 
concentrations. In this way, the ultimate goal of developing a tool to identify suitable habitats 
for stocking measures could be achieved. Considering the lack of relevant threshold values for 
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most lipophilic contaminants and the clear knowledge gaps in relation to their physiological 
consequences for eel gonadal development and bioenergetics, it is important that future 
studies adapt and re-parameterise this model to silver eels and their oceanic migration. 
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5.1 Abstract 
There is significant concern regarding the contamination of riverine sediments with dioxins 
and dioxin-like compounds (DLCs), including polychlorinated dibenzo-p-dioxins (PCDDs), 
polychlorinated dibenzofurans (PCDFs), polychlorinated biphenyls (PCBs) and some 
polycyclic aromatic hydrocarbons (PAHs). To date, the majority of studies investigating the 
ecotoxicology of DLCs in fish have focused on a few standard model species. However, there 
is significant uncertainty as to whether these model species are representative of native river 
fish, particularly in Europe. In this study, the transcriptional responses following exposure to 
equipotent concentrations of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or the 
dioxin-like PAH, benzo[k]fluoranthene (BkF), were investigated in juvenile roach (Rutilus 
rutilus), a fish species that constitutes a large proportion of the fish biomass in freshwater 
bodies throughout Europe. To this end, RNA sequencing analysis was used to 
comprehensively characterise the molecular mechanisms and pathways of toxicity of these 
DLCs. Whole transcriptome analyses using ClueGO software revealed that DLCs have the 
potential to disrupt a number of important physiological processes, including energy 
metabolism, oogenesis, the immune system, apoptosis and the response to oxidative stress. 
However, despite using equipotent concentrations of the three DLCs, there was very little 
conservation of the transcriptional responses observed in fish exposed to different DLCs. 
TCDD provoked significant changes in the transcription of genes related to immune function 
and carbohydrate metabolism whereas PCB 156 caused no specific effects, as compared with 
the other two compounds. The most diverse suite of differentially expressed transcripts was 
observed following exposure to BkF, and included altered abundances of transcripts of genes 
regulating the cardiovascular system and the response to oxidative stress. To our knowledge, 
this is the first study of the transcriptome-wide effects of different classes of DLCs in fish. 
These findings represent an important first step towards describing complete toxicity 
pathways for the exposure of fish to DLCs, which will be important in the context of 
informing risk assessments of DLC toxicity in native fish species. 
 
Keywords: Aryl hydrocarbon receptor • ClueGO • Illumina Sequencing • Next-generation 
sequencing • RNAseq • Transcriptomics  
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5.2 Introduction 
Riverine sediments in industrialised areas can be contaminated with elevated 
concentrations of complex mixtures of lipophilic organic pollutants (Brack 2003). This is 
becoming of increasing concern in many catchment areas in Europe because sediment 
contamination often results in a failure to meet the water quality criteria developed by the 
European Water Framework Directive (Hollert et al. 2007b). Persistent organic pollutants 
(POPs), including polychlorinated dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs), 
polychlorinated biphenyls (PCBs, Koh et al. 2004), halogenated hydrocarbons (HAHs, 
Villeneuve et al. 2001) and polycyclic and heterocyclic aromatic hydrocarbons (PAHs) 
(Hinger et al. 2011, Villeneuve et al. 2000) are of particular concern in this context. Many 
POPs, particularly those with dioxin-like properties, can bioaccumulate, show great 
persistence under certain environmental conditions, and are toxic to organisms (Birnbaum & 
DeVito 1995).  
Dioxins and dioxin-like compounds (DLCs) share structural similarities and bind with 
relatively high affinity to the aryl hydrocarbon receptor (AhR). The AhR is a ligand-activated 
transcription factor that regulates the pleiotropic expression of a suite of genes known 
collectively as the AhR gene battery. It is believed that the transcriptional responses triggered 
by AhR activation cause most of the known adverse effects of DLCs; these include 
hepatotoxicity, immune suppression, reproductive and endocrine impairment, teratogenicity, 
carcinogenicity, and weight-loss (Billiard et al. 2008, Kawajiri & Fujii-Kuriyama 2007, King-
Heiden et al. 2011, Machala et al. 2001, Okey et al. 1994, Van den Berg et al. 2006, 
Villeneuve et al. 2002, Walker et al. 1996, Zabel et al. 1995). This has led to the widely 
accepted assumption that the toxicity of mixtures of DLCs can be conveniently described by a 
special form of the concentration addition model; the toxic equivalency factor (TEF) approach 
(Van den Berg et al. 1998). This approach facilitates simplification of the assessment of 
complex mixtures to produce a single estimator of toxicity, by assuming that one DLC can be 
substituted for another if their relative potency (TEF) is taken into account (Kortenkamp 
2007). The model is generally considered to be applicable to compounds that share the same 
mechanism of toxicity, i.e. activation of the AhR (Howard et al. 2010). The TEF approach 
was validated using one model species, rainbow trout (Oncorhynchus mykiss), but it is 
uncertain whether it holds true for others, especially considering the broad diversity of fish 
species. One of the main aims of the present study was to test whether this assumption is valid 
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for the effects of equipotent doses of three different chemical classes of DLCs in non-model 
fish species. 
Teleost fish are one of the vertebrates that show the highest sensitivity to DLC exposure. 
To date, most studies on the toxicity of DLCs to fish have focused on well-established model 
species such as rainbow trout (Oncorhynchus mykiss) and zebrafish (Danio rerio). However, 
there can be marked species differences in sensitivity to DLCs (Doering et al. 2013). For 
example, Elonen et al. (1998) showed that the lipid-normalised median lethal concentration 
(LC50) of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) to the early life stages of seven 
different fish species differed by a factor of 16-180 from the value reported for lake trout 
(Salvelinus namaycush), the most sensitive species of fish studied to date. In addition, the 
relative potency of individual groups of DLCs or their congeners can vary substantially 
between different species of fish. White sturgeon (Acipenser transmontanus) show a 
markedly greater sensitivity to PCDFs than rainbow trout, which were more sensitive to 
PCDDs (Doering et al. 2013, Rigaud et al. 2014). A number of authors have recently 
emphasised the importance of more accurate characterisation of the DLC sensitivity of 
non-model species, in order to facilitate more objective site- and species-specific 
environmental risk assessments (e.g. Ekblom & Galindo 2011, Forné et al. 2010, Garcia-
Reyero et al. 2008). 
One species of fish that is widely distributed and can constitute a large proportion of the 
fish biomass in water bodies throughout Europe is the common roach (Rutilus rutilus) (Baade 
& Fredrich 1998, Ibrahim et al. 2013, Larmuseau et al. 2009). In comparison with more 
frequently investigated model species of fish, the effects of DLCs on roach have received 
little attention and only their basic biochemical effects (e.g. the induction of biotransformation 
enzymes) have been reported to date (Machala et al. 2000, Oikari & Kukkonen 1988, Smith & 
Hill 2004, Wolinska et al. 2013). Information regarding adverse effects and their associated 
mechanisms has not been reported for this species. Consequently, there is a need to elucidate 
the specific molecular mechanisms underlying DLC toxicity in order to characterise the 
potential impacts of this group of contaminants on this ecologically important species. 
Recent developments in next-generation sequencing technologies (Marioni et al. 2008), 
particularly in the field of RNA sequencing (RNAseq), have made it possible to analyse 
changes in gene expression patterns across whole transcriptomes of non-model species 
(Ekblom & Galindo 2011). In combination with advanced bioinformatics approaches, these 
methods are much more comprehensive than traditional molecular analyses using microarrays 
or quantitative real-time PCR (qPCR) to characterise transcriptional responses in organisms 
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following exposure to a stimulus. In toxicology, the use of RNAseq analysis represents a 
powerful tool that can facilitate discovery of novel biological effects, including toxicity 
pathways and mechanisms of adaptation (Ankley et al. 2010, Garcia-Reyero & Perkins 2011). 
The specific aims of this study were to: (a) describe the transcriptional responses in roach 
exposed to selected priority DLCs; (b) elucidate the specific molecular mechanisms involved 
in the toxic effects of these DLCs; and (c) compare the responses to different DLCs at 
equipotent doses. Specifically, RNAseq after sequencing of RNA by using the Illumina 
MiSeq platform was used to characterise transcriptional changes in juvenile roach exposed to 
equipotent concentrations of three DLCs of environmental concern, namely TCDD, PCB 
IUPAC congener no. 156 (PCB 156, a low-efficacy Ah receptor agonist in fish cells; 
Hestermann et al. 2000) and benzo[k]fluoranthene (BkF), a PAH with comparatively high 
dioxin-like potency (Barron et al. 2004). 
 
 
5.3 Materials & methods 
5.3.1 Experimental animals 
Juvenile roach were obtained from a local supplier (Inquadro, Aachen, Germany). Fish 
were allowed to acclimatise to laboratory conditions for at least two months prior to the 
initiation of exposure. Fish were held in 1,000-L tanks that were aerated and supplied with 
municipal tap water (approx. 18°C; pH 7.8 ± 0.2; NH3 < 0.1 mg L
-1
) under flow-through 
conditions. The water exchange ratio was 0.5-1 tank volume per day, and fish were 
maintained under a 12 h:12 h light:dark regime. Fish were fed ad libitum with frozen 
chironomids (Aquahobby, Peine, Germany) and at the end of the acclimatisation period they 
had an average standard length of 90 ± 17 mm and a body weight of 10.4 ± 7.4 g wet weight 
(w.w.). Fish were used in accordance to the German Animal Welfare Act and with the 
permission of the federal authorities. 
 
5.3.2 Dosing of fish by intraperitoneal injection and termination of exposure 
Prior to DLC exposure, six fish per treatment group were transferred into a single 40-L 
glass aquarium containing the same water that was used during the acclimatisation period. 
Following acclimatisation for 24 h, fish were injected intraperitoneally (i.p.) with 
approximately equipotent doses of TCDD, PCB 156, or BkF in corn oil (the delivery vehicle) 
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at 500 µL kg
-1
 w.w. (Table 5.1). All substances used for dosing were purchased from Sigma-
Aldrich (Deisenhofen, Germany). Stock solutions of TCDD (10 µg mL
-1
), PCB 156 
(200 mg mL
-1
) and BkF (200 µg mL
-1
) were prepared in toluene and then diluted 1:50 (v/v) in 
corn oil. Fish from the control group were injected with the delivery vehicle containing 2% 
(v/v) toluene, corresponding to a dose of 10 µL kg
-1
 w.w. toluene. Fish were injected i.p. with 
0.1, 2,000 and 100 µg kg
-1
 of TCDD, PCB and BkF, respectively. Following injection, fish 
were maintained for seven days at 17.5 ± 0.8°C, and feed was withheld for the duration of 
exposure. Water temperature, pH, and dissolved oxygen concentration were monitored daily 
to assure optimal exposure conditions. A 50% water renewal was performed on each tank 
once during the exposure period. 
 
Table 5.1 Compounds administered to the experimental animals. Corn oil was used as the delivery vehicle. Each 
fish (including controls) received 500 µL kg
-1
 w.w. corn oil containing 2% (v/v) toluene. Concentration levels 
were chosen to achieve comparable toxicity equivalents (TEQs) for all treatments.  
Comp. CAS No. Dose (µg kg
-1
) TEQ (ng kg
-1
) Reference 
TCDD 1746-01-6 0.1 100 van der Weiden et al. (1994) 
PCB 156 38380-08-4 2,000 60 van den Berg et al. (1998)* 
BkF 207-08-9 100 128 Barron et al. (2004) 
*Toxic equivalency factors were determined in RTL-2 cells. 
 
 
Following exposure, fish were individually anaesthetised by administering 250 mg L
-1
 
benzocaine in tap water (ethyl 4-aminobenzoate; Sigma-Aldrich) and then killed by 
exsanguination. The animals were opened ventrally and the liver was removed immediately. 
The excised organs were weighed, submerged in RNAlater solution (Ambion, Austin, USA) 
and stored at -20°C until extraction of RNA. 
 
5.3.3 RNA extraction, cDNA synthesis and Illumina sequencing 
Total RNA was extracted from each liver using the RNeasy Plus Mini Kit (Qiagen, Hilden, 
Germany), according to the manufacturer’s protocol, and the RNA concentration was 
determined at 260 nm by a NanoDrop® ND-1000 Spectrophotometer (Thermo Fisher 
Scientific Inc., Waltham, USA). RNA integrity was determined using an Agilent Bioanalyzer 
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and an RNA 6000 Nano Kit (Agilent Technologies, Santa Clara, USA). Samples with an 
RNA integrity number (RIN) greater than eight and taken from animals in the same group 
were pooled (five of each group in this study); this was achieved by diluting each sample to a 
concentration of 800 ng RNA µL
-1
 and then mixing them at equal amounts to obtain a total of 
4 µg RNA. Samples were prepared for sequencing using the TruSeq Stranded Total RNA 
Sample Prep Kit (Illumina, San Diego, USA), according to the manufacturer’s protocol. All 
incubation steps were performed in a MyCycler Thermal Cycler (BioRad, Hercules, USA). 
Subsequently, library quality was determined using an Agilent DNA 1000 Kit (Agilent 
Technologies). The total concentration of DNA was measured by a NanoDrop® 
Spectrophotometer ND-1000. Each library was sequenced individually as 150-base pair (bp) 
paired-end reads (300 cycles), using a MiSeq Reagent Kit v2 (Illumina) and a MiSeq 
Benchtop Sequencer (Illumina). 
 
5.3.4 De novo assembly, annotation of the reference transcriptome and differential gene 
expression by RNAseq 
Neither the genome nor the transcriptome of roach have been characterised previously. 
Therefore, a reference transcriptome of this species was assembled from all the sequencing 
reads obtained during this study using CLC Genomics Workbench 6 (CLC Bio, Aarhus, 
Denmark). Sequences of low quality, including sequences with greater than two unknown 
nucleotides, were removed prior to assembly. The terminal 5ʹ and 3ʹ nucleotides were 
removed from all sequences, and then all sequences less than 50 bp in length were excluded 
from each read library. After this initial selection step, the total numbers of reads were 
32,778,678 for the control group, 34,777,524 for the BkF group, 34,994,562 for the PCB 
group and 35,507,830 for the TCDD group. Next, a merging step was performed on the paired 
reads from each of these four sets of samples so that any overlapping reads were merged into 
a single read. Finally, de novo assembly was performed using the merged reads and unmerged 
paired-end reads from each of the four sequence libraries. To resolve any conﬂicts between 
bases in the assembled contigs, the software inserted the most frequently occurring base. The 
minimum contig length was set to 400 bp. This assembly process generated 37,511 unique 
contigs. The longest contig was 17,084 bp, the mean contig size was 1,219 bp, and the N50 
value was 1,549 bp. For RNAseq, the merged and unmerged reads from each of the four 
treatments were mapped to the reference transcriptome. The gene expression in each 
treatment group was then compared to that of the control group in order to identify differential 
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gene expression. Only contigs with a minimum of 20 reads in the control and treatment 
groups, and contigs with changes in the abundance of a transcript greater than or equal to an 
arbitrary threshold of ± 2-fold, were used for further analysis. The total number of gene reads 
mapped to a contig was used as the expression value. Differential gene expression data were 
normalized using mapped reads per 1,000,000 reads in order to control for differences in the 
numbers of reads in each sample library. 
 
5.3.5 Data analysis  
Differentially expressed contigs were annotated in Blast2GO software (Conesa et al. 2005) 
using the NCBI non-redundant (nr) protein database for zebrafish and BLASTX with a 
minimum E-value of ≤ 10-6 (Wiseman et al. 2013). This procedure gave a list of zebrafish 
protein accession number IDs. Using the database to database (db2db) tool in the bioDBnet 
software (Mudunuri et al. 2009), protein accession number IDs were converted into Refseq 
mRNA IDs for use in the Cytoscape pathway analysis plugin ClueGO 2.1.5 (Bindea et al. 
2009). Using ClueGO, transcripts that were differentially expressed in fish exposed to any of 
the three treatments were functionally annotated using gene ontology (GO) terms for 
biological processes, molecular functions and immune system processes. Data from each 
treatment was loaded into a separate cluster. The GO tree interval ranged from three to 20 and 
the minimum number of genes per cluster was set to three. Only pathways that were 
significantly enriched (p ≤ 0.05, right-sided hypergeometric test with Benjamini-Hochberg 
correction of false discovery rate) were included in the analysis. The minimum connectivity 
of the pathway network (kappa score) was set to 0.5 units. The resulting network was 
coloured according to the over-representation of a pathway (either up- or down-regulated) in 
treated fish and exported as scalable vector graphics (SVG); these were combined and edited 
using Inkscape 0.48 (Figure 5.1). 
The three DLCs investigated in the present study were expected to act via the AhR; the 
interactions between selected transcripts reflecting AhR-mediated effects (AhR, AhR 
repressor, HSP90, AhR nuclear translocator [ARNT], p23, cytochrome P450 1A [CYP1A]) 
were therefore analysed using the Agilent Literature Search plugin. The resulting biological 
interaction network was visualised within the Cytoscape v3.0.2 software, as described by 
Cline et al. (2007). Within this plugin, the available literature on protein-protein/protein-DNA 
interactions was automatically searched, predominantly for zebrafish (Danio rerio) but also 
for other fish species. The resulting network nodes were reorganised using the ‘yFiles 
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Organic’ method and coloured according to the normalised expression of the gene in the 
respective treatments. The resulting networks were exported as SVG, combined and edited 
using Inkscape 0.48 (Figure 5.2). For processes involved in energy metabolism, i.e glycolysis, 
the citric acid cycle and the pentose phosphate pathway, Kyoto Encyclopedia of Genes and 
Genomes (KEGG) maps were retrieved using the Blast2GO software and plotted in Inkscape 
0.48 (Figure 5.3). 
 
 
5.3.6 Validation by qPCR and biomarker analysis 
A second exposure of roach to TCDD, PCB156, or BkF was performed to confirm the 
results of the RNAseq analysis. Roach were treated with TCDD, PBC 156 and BkF, as 
described above. Samples of livers from each fish were preserved in RNAlater for analysis of 
gene expression or snap frozen in liquid nitrogen and subsequently stored at -80°C prior to the 
analysis of 7-ethoxyresorufin-O-deethylase (EROD) activity. EROD activity was determined 
in S9 fractions, as described by Hudjetz et al. (2013). Blood was sampled from the caudal 
vein using heparinised syringes and the plasma glucose concentration was determined using a 
hand-held blood glucose meter (AccuChek Aviva; Roche Diagnostics, Mannheim, Germany), 
as reviewed in Stoot et al. (2014). 
Total RNA was extracted from each liver using the NucleoSpin RNA Mini kit (Macherey-
Nagel, Düren, Germany), according to the manufacturer’s protocol, and the RNA 
concentration was determined at 260 nm by a NanoDrop® ND-1000 Spectrophotometer 
(Thermo Fisher Scientific Inc.). RNA was stored at -80°C until further processing. First-
strand cDNA was synthesised from 1 μg of total RNA using M-MuLV reverse transcriptase 
(Peqlab, Erlangen, Germany), according to the manufacturer’s protocol. Primers for qPCR 
analyses of the selected transcripts (Table 5.2) were designed and ordered from Eurofins 
Genomics (Ebersberg, Germany). Melting curve analyses were performed to ensure target 
specificity and single peak amplification, respectively. PCR products were separated on 1% 
agarose gels with a DNA size standard (New England Biolabs, Frankfurt am Main, Germany) 
to confirm the amplification of a single product of the expected length. Next, PCR products 
were purified using the NucleoSpin Gel and PCR clean-up kit (Macherey-Nagel), according 
to the manufacturer’s protocol, and amplicon identity was confirmed by DNA sequencing 
(Eurofins Genomics). 
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Table 5.2 Primer pair sequences and amplicon sizes in real-time quantitative PCR analyses. 
Transcript Primer sequence (5ʹ-3ʹ) Amplicon size (bp) 
Cytochrome P450 1A 
(cyp1a) 
F: TTCGGAGCCGGTTTCGACAC 
R CCTCGAGGAGCGGCAGG 
166 
Glycogen phosphorylase 
liver isoform (pygl) 
F: TGGCCAATCACAGGATCGTTA 
R: TTCTCAATTGCCTCCACGTCA 
184 
Protein kinase c delta type (pkcd) 
F: TCCAGTAACAGCAACAGTTGAGA 
R: CCTGCTAGACATCTTGTTCATGC 
200 
Extracellular superoxide 
dismutase (sod) 
F: GAGTTCGACAACACAATCTATGCCAC 
R: CAGCCTTGACTGAGGTCTCC 
212 
Transferrin variant d 
(tfd) 
F: GGCACACTGGCAAGTTTACAT 
R: GGCTTTCAGGTGTCTTGCAG 
198 
β-Actin – reference gene 
(actb) 
F: CCGTAAGGACTTGTATGCCAACAC 
R: GGTGGGGCAATGATCTTGATC 
132 
F, forward; R, reverse; bp, base pairs 
 
The abundance of target gene transcripts was quantified by qPCR on a 96-well StepOne 
Plus real-time PCR system (Applied Biosystems, Foster City, CA, USA) using SYBR Green 
master mix (Applied Biosystems), as described in Brinkmann et al. (2010a). Target gene 
expression was normalised to the expression of a reference gene, β-actin (actb), which did not 
show differential expression in the transcriptome analysis. Data were analysed using the 
relative standard curve method described by Rutledge and Côté (2003). The qPCR results 
were plotted and analysed by one-way analysis of variance (ANOVA) with Fisher’s LSD 
post-hoc test (p ≤ 0.05) using GraphPad Prism 6 software (GraphPad, La Jolla, USA) to 
identify statistically significant differences between the control and treated animals. 
 
 
5.4 Results and discussion 
Exposure of roach to TCDD, PCB 156 or BkF resulted in significant changes in the 
patterns of gene expression in the liver; these were consistent with previously reported 
responses and also identified potentially novel toxicity pathways for each compound. In livers 
from roach exposed to TCDD, there were 374 transcripts with greater abundance and 1,018 
transcripts with reduced abundance, relative to the control group. Roach exposed to PCB 156 
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and BkF had elevated abundances of 511 and 821 transcripts, and reduced abundances of 904 
and 1,137 transcripts as compared to controls, respectively. The Cytoscape plugin, ClueGO, 
was used for integrated analysis of the differentially expressed transcripts with respect to their 
functional interactions (Figure 5.1). This approach is particularly interesting because it has the 
potential to estimate which portion of the plethora of responses was common to all of the 
investigated substances, and which portion was specific to a particular compound. 
 
 
 
Figure 5.1 Pathway network of significantly over-represented gene ontology (GO) terms following treatment 
with 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). The size of the 
circle indicates the significance of that node. Grey nodes were over-represented non-specifically. Nodes that 
were specifically over-represented following treatment with one of the compounds are indicated as red circles for 
TCDD, as green circles for PCB 156 and as blue circles for BkF. 
 
 
Some molecular functions and biological processes showed differential gene expression 
following all three treatments; these included monooxygenase and transferase activity, 
organic substance transport, proteolysis, programmed cell death and cardiovascular functions 
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(Figure 5.1, grey circles). However, the abundances of transcripts related to immunotoxicity 
and carbohydrate metabolism were only elevated in fish exposed to TCDD (Figure 5.1, red 
circles). No processes were specifically altered by exposure to PCB 156 (Figure 5.1, green 
circles). The most diverse suite of over-represented molecular functions and biological 
processes were found in fish exposed to BkF; these included blood coagulation, responses to 
oxidative stress, unspecific responses to organic or inorganic substances, cellular redox 
homeostasis and specific receptor pathways. A more detailed discussion of the different 
transcriptional responses of roach exposed to the three different DLCs is provided in the 
following paragraphs. 
 
5.4.1 AhR-mediated effects and biotransformation pathways 
Exposure to TCDD, PCB 156 and BkF significantly affected the abundance of transcripts 
encoding enzymes involved in the biotransformation of xenobiotic compounds. One of the 
most important modes of action of the three investigated substances is the activation of the 
cytosolic AhR. An interaction network of transcripts related to this pathway was retrieved 
using the Agilent Literature Search plugin and visualised by Cytoscape 3.0.1, as described in 
Cline et al. (2007). In zebrafish, three isoforms of the AhR have been identified (AhR1a, 
AhR1b and AhR2). AhR2 is thought to be responsible for most DLC-induced effects because 
it binds TCDD with greater affinity and regulates expression of a number of dioxin-
responsive genes. AhR1b also binds TCDD, but with a lower affinity and this receptor shows 
less transactivation potential, while AhR1a does not bind TCDD and has no transactivation 
activity (Abnet et al. 1999, Andreasen et al. 2002, Tanguay et al. 1999). Only expression of 
AhR2 and AhR1a were significantly induced in zebrafish embryos exposed to TCDD 
(Karchner et al. 2005). In the present study, abundances of transcripts of ahr1a and ahr1b 
were 2.2- and 2.6-fold higher, respectively, in roach exposed to TCDD, as compared to 
controls, and the abundance of transcripts of ahr1a was 7.2-fold greater in roach exposed to 
PCB 156 (Table 5.3). The abundance of ahr2 transcripts was not affected by either of these 
DLCs. These observations were consistent with previous studies where no significant 
induction of AhR gene expression was observed after exposure to DLCs, indicating that this 
was not a reliable indicator of DLC exposure or sensitivity (reviewed in Doering et al. 2013). 
This finding could imply that the basal expression of ahr2 or the abundance of AhR2 protein 
was sufficiently high and that no induction was necessary. 
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One of the most widely accepted indicators of exposure to AhR agonists is the induction of 
CYP1A, an enzyme that is involved in many phase I biotransformation reactions (Nebert et al. 
1993). Its catalytic activity, measured as EROD activity, has been used extensively as a 
biomarker of fish exposure to DLCs (Whyte et al. 2000). In the present study, abundances of 
transcripts of cyp1a were 5.9-, 37.0- and 8.7-fold higher in fish exposed to TCDD, PCB 156 
and BkF, respectively. These data were consistent with the changes in cyp1a expression 
determined by qPCR and with the physiologically more relevant EROD activity (Figures 5.4E 
and F) in the roach analysed during the independent verification experiment. 
 
Table 5.3 Fold-change in the abundance of transcripts of genes regulated by the aryl hydrocarbon receptor 
(AhR) signalling pathway or involved in the biotransformation of xenobiotics in roach exposed to 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). 
Transcript 
Fold change 
TCDD PCB 156 BkF 
Aryl hydrocarbon receptor 1a (ahr1a) 2.2 7.2 – 
Aryl hydrocarbon receptor 1b (ahr1b) 2.6 – – 
Cytochrome P450 1A (cyp1a) 5.9 37.0 8.7 
Glutathione peroxidase 1 (gpx1a) -2.6 – 2.1 
Glutathione peroxidase 1 (gpx1b) -2.7 -2.8 -2.8 
Heat shock protein 47 (hsp47) – – 2.6 
Heat shock protein 70 (hsp70) – 2.1 – 
Kinase insert domain receptor like (kdrl) – -2.2 -3.1 
Mitogen-activated protein kinase 3 (mapk3) – -2.3 – 
Phenylalanine hydroxylase (pah) – 2.9 – 
X-box binding protein 1 (xbp1) -2.7 – 2.4 
Sulphotransferase 1 isoform 3 (sult1st3) – – 2.4 
Sulphotransferase 1c1 (sult1c1) – 4.3 2.8 
ATP-binding cassette transporter G2a (abcg2a) -2.4 2.6 2.3 
 
 
The transcription of many genes that are directly or indirectly regulated by activation of the 
AhR was differentially regulated by exposure to DLCs. Liver expression of sulphotransferase 
1c1 (sult1c1) was 4.3- and 2.8-fold greater in roach exposed to PCB 156 and BkF, 
respectively, while expression of sulphotransferase 1 isoform 3 (sult1st3) was elevated by 
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2.4-fold in livers from roach exposed to BkF (Table 5.3). Both of these sulphotransferases are 
involved in the sulphonation of aromatic xenobiotics. At least one dioxin responsive element 
has been found within -4,000 bp of the transcription start site, indicating that 
sulphotransferase expression can be regulated by the AhR or related pathways (Andreasen et 
al. 2006). It is unclear why abundances of transcripts of either sult1c1 or sult1st3 were not 
increased in fish exposed to TCDD, as this compound was previously reported to increase 
sulphotransferase transcription (Andreasen et al. 2006). The abundance of transcripts of 
glutathione peroxidase 1a (gpx1a), which is also involved in the oxidative stress response, 
was increased by 2.1-fold following exposure to BkF and decreased by 2.6-fold following 
exposure to TCDD, while the abundance of gpx1b transcripts was reduced by 2.7- or 2.8-fold 
following exposure to any of the tested DLCs (Table 5.3).  
In the absence of ligand activation, the AhR resides in the cytosol as part of a complex 
with the chaperone heat shock protein 90 (HSP90; Hughes et al. 2008), the AhR interacting 
protein AIP (formerly known as XAP2; Bell & Poland 2000) and p23 (Mimura & Fujii-
Kuriyama 2003). Upon ligand binding, the complex dissociates and the AhR is transported 
into the nucleus by the aryl hydrocarbon nuclear translocator (ARNT; Matsushita et al. 1993, 
Reyes et al. 1992). Inhibitors of HSP90 can suppress AhR-mediated responses (Hughes et al. 
2008, Wiseman & Vijayan 2007). Although expression of these proteins does not necessarily 
need to be directly influenced by exposure to DLCs, the genes encoding the proteins involved 
in these processes were not directly or indirectly affected in the present study. As with the 
expression of AhR, these findings could indicate a high level of resilience within this 
regulatory network in roach. 
The AhR interacts with several cellular pathways (Figure 5.2). Genes that encode proteins 
linked to cell cycle control and development (mapk3, xbp1) and to cellular stress response 
mechanisms (kdrl, hsp47, hsp70) were significantly differentially expressed in livers from 
roach exposed to the test compounds. Abundances of transcripts of the kinase insert domain 
receptor-like protein kdrl (also called vascular endothelial growth factor receptor 2, vegfr-2) 
was 2.2- and 3.1-fold lower in fish exposed to PCB 156 and BkF, respectively (Table 5.3). 
Covassini et al. (2009) have shown that kdrl is important for artery development in zebrafish 
embryos. It can be hypothesised that down-regulation of kdrl might have similar effects on the 
development of the cardiovascular system in roach. Effects on the cardiovascular system are 
one of the best-described activities of DLCs in the early life stages of fish (Hornung et al. 
1999, Spitsbergen et al. 1991). Furthermore, RNAseq indicated that the abundance of 
transcripts of heat shock protein 70 (hsp70), which is involved in the cellular stress response, 
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was 2.1-fold higher in fish exposed to PCB 156. Increased levels of HSP70 protein have been 
reported in fish exposed to AhR agonists (Weber & Janz 2001). In this context, it is 
particularly interesting and surprising that many of the responses that had previously been 
reported for TCDD were observed for PCB156 and BkF in the present study, but not for 
TCDD. This observation might reflect the different potencies of these compounds or indicate 
compound-specific differences in toxicodynamics. 
 
 
 
Figure 5.2 Interaction network of transcripts directly or indirectly related to aryl hydrocarbon receptor 
signalling. Nodes represent single genes and edges represent either protein-protein or protein-DNA 
interactions. Genes that were present in the reference transcriptome are set in bold type. The fold-
changes of differential gene expression following treatment with 2,3,7,8-tetrachlorodibenzo-p-dioxin 
(TCDD), PCB 156 or benzo[k]fluoranthene (BkF) are given in the respective boxes (see key). 
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5.4.2 Effects on endocrine pathways associated with reproductive processes 
Exposure of roach to TCDD, PCB 156 or BkF resulted in significant effects on the 
expression of genes associated with different endocrine pathways. Although it is well-
established that there is cross-talk between the estrogen receptor (ER) and the AhR (Gräns et 
al. 2010), most of the estrogen-inducible genes such as ERα and ERβ, the androgen receptor 
(NR3C1), and vitellogenin 1-3 (VTG1-VTG3), were not differentially expressed in livers from 
roach exposed to any of the three test DLCs. Only a small number of transcripts encoding 
proteins involved in sex hormone steroidogenesis were present in the reference transcriptome; 
this finding was expected because in fish, these processes mainly take place in the gonad, 
rather than in the liver (Fostier et al. 1983). A 2.2-fold reduction in the abundance of 
transcripts encoding hydroxysteroid (17β) dehydrogenase 1 (hsd17b1), which catalyses the 
oxidation of estrone to 17β-estradiol (E2), was observed in livers of fish exposed to PCB 156. 
Interestingly, abundances of transcripts of the zona pellucida glycoprotein 2 (zp2) were 
reduced by 10.0-, 18.1- and 19.5-fold in livers of fish exposed to TCDD, PCB 156 and BkF, 
respectively (Table 5.4). Expression of this protein is regulated by interactions between E2 
and the ER. During fertilisation, the ZP2 protein mediates contact between the egg envelope 
and sperm cells (Hamazaki et al. 1989). In contrast, the abundance of transcripts encoding the 
zona pellucida glycoprotein 3b (zp3b) was not altered in the livers of fish exposed to any of 
the test chemicals. Two copies of the 5ʹ-GCGTG-3ʹ motif, which is the core sequence of the 
dioxin-response element found in the promoter regions of genes regulated by the AhR, are 
present in the upstream regulatory regions of the zp2 gene in zebrafish, in addition to a TATA 
box (5ʹ-TATAAA-3ʹ) and two CCAAT boxes (Bank et al. 1992) (ZP2.2; GeneBank accession 
number, zebrafish chromosome 20: NC_007131.5). The regulatory regions of the zp3b gene 
do not contain these motifs. Therefore, it is hypothesised that the differential expression of the 
zp2 gene might be regulated by the binding of AhR to DREs upstream of the zp2 gene. This 
indicates that DLCs could also have endocrine disrupting effects that are independent of their 
direct interactions with the ER. Similar evidence for indirect anti-estrogenic effects of DLCs 
was reported for vitellogenin expression in zebrafish. A splice-blocking AhR2 morpholino 
was used to down-regulate ahr2 expression; this significantly attenuated the suppression of 
vitellogenin expression observed in response to TCDD (Bugel et al. 2013). 
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Table 5.4 Fold-change in the abundance of liver transcripts related to estrogen receptor (ER) signalling in roach 
exposed to 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). 
Transcript 
Fold change 
TCDD PCB 156 BkF 
Hydroxysteroid (17β) dehydrogenase 1 (hsd171b) – -2.2 – 
Zona pellucida glycoprotein 2 (zp2) -10.0 -18.1 -19.5 
 
5.4.3 Hexose and pentose metabolism, citric acid cycle and oxidative phosphorylation 
Exposure to TCDD, PCB 156 or BkF resulted in significant changes in the abundances of 
transcripts of genes associated with energy metabolism. A large number of genes encoding 
enzymes involved in glycolysis, the pentose phosphate pathway, and the citric acid cycle were 
differentially expressed in livers from R. rutilus injected with TCDD, PCB 156 or BkF 
(Figure 5.3; Table 5.5). Glucose is one of the most important energy sources in vertebrates. 
To ensure proper physiological functioning, it is necessary that blood glucose levels are 
maintained within a relatively narrow range. To allow for a rapid response to changes in 
energy demand, enzymes involved in glycolysis/gluconeogenesis are mostly allosterically 
regulated. To ensure long-term regulation, however, the levels of many enzymes can also be 
transcriptionally regulated (Pilkis & Granner 1992). The fact that the abundances of liver 
transcripts of most genes involved in glycolysis were downregulated in fish exposed to DLCs 
suggested that the peripheral organs of these fish, such as muscle or brain, experienced a 
greater demand for glucose or that fish were using an energy source other than glucose 
(Jørgensen et al. 2002). In the verification experiment, plasma glucose concentrations were 
significantly lower following all treatments, as compared to the control group, supporting the 
latter hypothesis (Figure 5.4). Roach treated with TCDD showed a 2.9-fold reduction in the 
abundance of dihydrolipoyl dehydrogenase (dldh) transcripts, which encode a subunit of the 
pyruvate dehydrogenase complex; this catalyses the conversion of pyruvate to acetyl-coA and 
represents a key reaction regulating entry of intermediates into the citric acid cycle. These 
findings are consistent with the other results described above, together indicating reduced 
liver glucose utilisation in fish exposed to TCDD. 
An elevated expression of genes involved in the citric acid cycle was observed in roach 
exposed to DLCs; this was indicative of altered energy metabolism (Table 5.5). Conversion of 
α-ketoglutarate to succinyl-coA by α-ketoglutarate dehydrogenase (αgdha) is the rate-limiting 
step of the citric acid cycle. The abundance of liver αgdha transcripts was significantly greater 
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in roach exposed to TCDD (2.2-fold) and BkF (2.0-fold), suggesting that exposure to either of 
these chemicals might cause a greater demand for chemical energy equivalents (i.e. adenosine 
triphosphate; ATP). 
 
 
Figure 5.3 Schematic representation of enzymatic reactions involved in energy metabolism (glycolysis, 
pentose phosphate pathway, citric acid cycle). The direction of change (up- or down-regulation) of 
transcript levels following treatment with 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or 
benzo[k]fluoranthene (BkF) is shown in the respective boxes (see key). 
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Table 5.5 Fold-change in the abundance of transcripts related to energy metabolism in the livers of roach 
exposed to 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). 
Transcript 
Fold change 
TCDD PCB 156 BkF 
Glucocorticoid receptor (nr3c1) – -2.2 – 
Glycolysis    
α-Enolase (eno1a) -2.4 -2.4 – 
Phosphoglycerate kinase (pgk1) -2.6 – – 
Glyceraldehyde 3-phosphate dehydrogenase 2 (gapdh) -2.7 -2.7 – 
Fructose-bisphosphate aldolase A (aldoaa) -2.8 – -2.3 
Fructose-bisphosphate aldolase B (aldob) -63.1 – – 
Fructose-bisphosphate aldolase C (aldoc) -2.1 – – 
6-Phosphofructokinase isoform x8 (pfkpa) -2.2 -2.3 -2.5 
Glucose phosphate isomerase a (gpia) – – 2.3 
Hexokinase 1 (hk1) -2.7 -3.1 – 
Hexokinase 2 (hk2) -3.8 -6.7 -2.6 
L-lactate dehydrogenase a chain (ldha) -2.2 – – 
L-lactate dehydrogenase b chain (ldhb) -2.5 – – 
Pyruvate kinase (pklr) – – 2.2 
Pyruvate kinase (pkma) -2.2 -2.2 – 
Pentose phosphate pathway    
Glucose-6-phosphate dehydrogenase (g6pdh) – 3.4 2.2 
6-Phosphogluconate dehydrogenase (pgd) -2.3 -2.1 – 
Citric acid cycle    
Dihydrolipoyl dehydrogenase (dldh) -2.9 – – 
α-ketoglutarate dehydrogenase (αgdha) 2.2 – 2.0 
Succinate dehydrogenase iron-sulphur subunit (sdhb) – – -2.9 
Metabolism of amino acids, glycogen and lipids    
Aspartate-aminotransferase (asat) – – -2.6 
Alanine-aminotransferase (alat) -38.8 – – 
Hormone-sensitive lipase (hsl) – 2.5 – 
Glycogen phosphorylase liver isoform (pygl) -107.9 3.4 – 
Electron transport chain    
NADH dehydrogenase subunit 2 (nd2) -286.3 – 2.1 
NADH dehydrogenase subunit 5 (nd5) -578.8 – 2.4 
Cytochrome c oxidase subunit I (cox1) -337.9 – 2.3 
Cytochrome c oxidase subunit II (cox2) -257.9 – 3.1 
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Figure 5.4 Blood glucose concentration was significantly lower in fish treated with 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). Groups 
indicated by the same letter did not differ significantly from each other (one-way analysis of variance 
with Holm-Sidak post-hoc test, p ≤ 0.05). 
 
 
Greater citric acid cycle activity would mean that acetyl-CoA must have been supplied 
from sources other than the metabolism of pyruvate, possibly from β-oxidation of fatty acids 
or metabolism of amino acids. The abundance of transcripts encoding proteins involved in the 
electron transport chain, specifically NADH dehydrogenase subunits 2 and 5 (nd2/5) and 
cytochrome c oxidase subunits I and II (cox1/2) was reduced by 286-, 579-, 338- and 258-fold 
following treatment with TCDD, indicating that oxidative phosphorylation might have been 
disrupted. Although these data do not permit any definite conclusions regarding which energy 
source was preferentially utilised by roach exposed to these DLCs (Table 5.5), they suggest 
that exposure to these chemicals caused nonspecific disruption of energy metabolism, with 
TCDD having the greatest effect. Furthermore, the abundance of glucocorticoid receptor (gr1) 
transcripts was reduced by 2.2-fold in roach exposed to PCB 156 (Table 5.5). This receptor 
plays an important role in regulating energy metabolism, especially during the physiological 
stress response. Reduced glucocorticoid receptor expression might therefore represent one 
mechanism by which the DLCs used in this study disrupt energy metabolism in roach. This 
receptor has previously been shown to exhibit cross-talk with the AhR (Wang et al. 2009), 
and is known to be down-regulated by exposure to PCBs (Aluru et al. 2004). 
The pentose phosphate pathway, which provides NADPH and pentose sugars for several 
cellular functions, can be subdivided in two distinct phases: the oxidative phase and the non-
Chapter 5 – Transcriptional responses of roach exposed to DLCs 
 
 
109 
oxidative phase. Glucose-6-phosphate dehydrogenase (G6PDH) catalyses the rate-limiting 
step in the oxidative phase. It is allosterically stimulated by NADP
+
 to produce more NADPH 
if necessary (Sanwal 1970). Because of its central role in this pathway, and its assumed 
relatively constant expression, even under stress, it has long been used as a housekeeping 
gene in gene expression studies. However, Kletzien et al. (1994), demonstrated that 
transcription of g6pdh is induced by hormones, nutrients and oxidative stress. In the present 
study, the abundance of g6pdh transcripts was increased by 3.4- and 2.2-fold following 
treatment with PCB 156 and BkF, respectively. The abundance of 6-phosphogluconate 
dehydrogenase (6pgd) transcripts, another enzyme in the pentose phosphate pathway, was 
reduced by 2.3- and 2.1-fold following exposure to TCDD and PCB 156, respectively. These 
results indicated that the DLCs tested in this study may have altered cellular redox conditions, 
i.e. they induced oxidative stress, resulting in an increased demand for NADPH (which is 
needed for glutathione recycling) without the need for additional pentoses. Consistent with 
these observations, Jebali et al. (2013) showed increased activity of G6PDH in seabream liver 
seven days after injection of benzo[a]pyrene, a dioxin-like PAH with a similar molecular size 
to BkF. 
 
5.4.4 Oxidative stress 
In addition to the indications of increased oxidative stress discussed above, there were 
other signs suggesting that exposure of roach to TCDD, PCB 156 or BkF might have induced 
oxidative stress (Table 5.6). Eukaryotic cells are dependent on molecular oxygen for the 
production of energy via oxidative phosphorylation. During this process, various partially 
reduced reactive oxygen species (ROS) are generated (Winston & Di Giulio 1991), which can 
have several negative effects on cells, such as protein degradation, DNA damage, lipid 
peroxidation and ultimately cell death (Borg & Schaich 1984). The degree of physiological 
damage caused by ROS, however, is ameliorated by a number of antioxidant defence 
mechanisms (Diguiseppi & Fridovich 1984) that involve antioxidant enzymes such as 
superoxide dismutase (SOD), catalase (CAT) and glutathione peroxidase (GPx); these protect 
the cell from oxidative damage. In addition to the direct influences of ROS, metals and 
organic xenobiotics can cause oxidative stress indirectly by increasing the levels of ROS 
within the cell (Winston & Di Giulio 1991). Oxidative stress thus reflects an imbalance 
between the production and removal of ROS. 
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Table 5.6 Fold-change in the abundance of transcripts related to oxidative stress in livers of roach exposed to 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). 
Transcript 
Fold change 
TCDD PCB 156 BkF 
Catalase (cat) -8.8 – – 
Glutathione peroxidase 1 (gpx1b) -2.7 -2.8 -2.8 
Extracellular superoxide dismutase (sod) -10.5 -28.4 -26.3 
Transferrin variant d (tfd)  -283.2 7.4 378.1 
 
 
Several lines of evidence indicate that activation of the AhR might lead to oxidative stress 
following exposure to DLCs (Reichard et al. 2005, Stohs 1990). It has been shown that ROS, 
such as superoxide and hydrogen peroxide, can be generated by the incomplete reduction of 
O2 by cytochrome P450 enzymes that are regulated by the AhR (Hassoun et al. 2003, Shertzer 
et al. 1998). Another potential mechanism whereby the AhR may regulate the response to 
oxidative stress is via AhR-mediated downregulation of the expression of antioxidant defence 
proteins (Latchoumycandane et al. 2003). The transcription of several genes encoding 
antioxidant proteins was significantly affected in this study (Table 5.6). The abundance of 
transcripts of catalase (cat) was decreased by 8.8-fold in livers from fish exposed to TCDD. 
The abundance of transcripts of extracellular superoxide dismutase (sod) was also 
downregulated by 10.5-, 28.4- and 26.3-fold in livers from fish exposed to TCDD, PCB 156 
or BkF, respectively, and these effects were confirmed by qPCR in the independent validation 
experiment (Figure 5.5A). The abundance of glutathione peroxidase 1b (gpx1b) transcripts 
was reduced by approximately 2.8-fold in all treatment groups. The transcription of 
transferrin variant d (tfd) was reduced by 283-fold in fish exposed to TCDD, although it 
increased by 7.4- and 378.1-fold in fish exposed to PCB 156 and BkF, respectively. 
Transferrins play a crucial role in metal homeostasis, especially that of iron. Apart from their 
role in metal homeostasis, up-regulation of transferrins after exposure to PAHs has been 
demonstrated to cause increased production of nitric oxide in fish macrophages, which results 
in oxidative stress and also immunotoxicity (Reynaud & Deschaux 2006). In summary, our 
data confirms that exposure to DLCs can modulate the expression of several genes that are 
involved in the response to oxidative stress, thereby potentially leading to a functional 
impairment of this important defence mechanism. While changes in the abundance of sod and 
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gpx1b transcripts were common to all DLC treatments, different patterns were observed for 
cat and tfd, which again highlights the importance of elucidating any potential differences in 
the mechanisms of the adverse effects caused by different DLCs. Since multiple chemical 
stressors are present in polluted environments, this observation could indicate that biological 
effects would be modulated in fish co-exposed to metals and DLCs (Sorrentino et al. 2005). 
 
 
Figure 5.5 Fold changes determined by quantitative real-time PCR (A-E), and by analysis of 
7-ethoxyresorufin-O-deethylase (EROD) activity (F). Bars represent the average of 6 fish and error bars 
show the standard error. Asterisks indicate statistically significant differences, as compared to vehicle-
injected control animals (one-way analysis of variance with Fisher’s LSD test, p ≤ 0.05). 
 
5.4.5 Apoptosis 
Exposure to TCDD, PCB 156 or BkF significantly affected the abundances of transcripts 
encoding several proteins that are important for apoptosis (Peter et al. 1997) (Table 5.7). The 
abundance of Janus kinase 2a (jak2a) transcripts, a non-receptor tyrosine kinase that is 
involved in many apoptosis-related signalling pathways (Sandberg & Sayeski 2004), was 
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greater in livers from R. rutilus exposed to PCB 156 (2.7-fold) and BkF (2.0-fold), as 
compared to controls. The transcription of caspase 8 (casp8), an initiator caspase that plays an 
essential role in apoptosis, was reduced by 2.6-fold in animals exposed to TCDD. In contrast, 
Chopra et al. (2009) found no such effect of TCDD on the expression of casp8 in primary rat 
hepatocytes or HuH-7 human hepatoma cells. Furthermore, the abundance of transcripts of 
mitogen-activated protein kinase 12 (mapk12) was 3.8- and 2.8-fold lower following exposure 
to TCDD and PCB 156. The transcription of adenylate cyclase type 8 (adcy8) was reduced by 
5.2-fold in livers of fish exposed to BkF. The abundance of protein kinase c delta type (pkcd) 
transcripts was decreased by 7.3-, 3.8- and 3.3-fold following exposure to TCDD, PCB 156 
and BkF, respectively. qPCR verification experiments did not show the same trend and 
indicated that expression was not differentially regulated (Figure 5.5C). This could either 
indicate a different reaction by the animals included in the verification experiment, or reflect 
the different normalisation strategies employed in the two methods (Tompsett et al. 2013). 
 
Table 5.7 Fold-change in the abundance of transcripts related to apoptosis in livers of roach exposed to 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). 
Transcript 
Fold change 
TCDD PCB 156 BkF 
Janus kinase 2a (jak2a) – 2.7 2.0 
Caspase 8 (casp8) -2.6 – – 
Mitogen-activated protein kinase 12 (mapk12)  -3.8 -2.8 – 
Adenylate cyclase type 8 (adcy8) – – -5.2 
Protein kinase c delta type (pkcd) -7.3 -3.8 -3.3 
 
Given the indications that the oxidative stress response was impaired by exposure to DLCs, 
apoptosis might have been expected to occur (Kannan & Jain 2000). However, the 
relationship between these two effects might be strongly concentration-dependent. Chopra et 
al. (2010) showed that apoptosis was inhibited in primary rat liver hepatocytes exposed to 
TCDD and mentioned that TCDD eventually inhibited expression of pro-apoptotic proteins; 
the results of the RNAseq analysis in the present study indicated that this might have occurred 
in roach exposed to DLCs. Furthermore, inhibitory effects on apoptosis have been 
demonstrated in rat hepatocytes exposed to various PCBs (Bohnenberger et al. 2001). 
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5.4.6 Immunotoxicity 
The expression of a number of genes encoding proteins involved in immune responses was 
significantly altered in livers of roach exposed to TCDD, PCB 156 or BkF (Table 5.8). The 
immune system of teleosts can be divided into two distinct sub-systems: the innate and the 
adaptive, or acquired, immune system. The innate immune system can be activated by 
pathogen-associated molecular patterns or cellular alarm molecules. Among the most 
important of these effectors are cellular (e.g. macrophages and granulocytes) and humoral 
(e.g. lysozyme, transferrins, cytokines, chemokines or the complement system) factors. Most 
immune cells secrete cytokines to communicate with other cells. Examples of cytokines are 
interferons, interleukins, transforming growth factors and tumour necrosis factors (Segner et 
al. 2012). 
 
Table 5.8 Fold-change in the abundance of transcripts related to the immune system in livers of roach exposed to 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), PCB 156 or benzo[k]fluoranthene (BkF). 
Transcript 
Fold change 
TCDD PCB 156 BkF 
Interleukin 8 (cxcl8) – -2.0 -3.7 
Complement C1q (c1q) -3.0 -2.2 – 
Complement C3 (c3) -2.2 2.5 2.1 
Complement C3-h1 (c3h2) -8.9 – – 
Complement C4-1 (c4-1) -4.5 -5.4 – 
Complement C5 (c5) -5.4 – – 
Complement C6 (c6) – – -2.9 
Transferrin variant d (tfd) -283.2 7.4 378.1 
Major histocompatibility complex I UFA (mhc1ufa)  -70.9 – -25.5 
 
 
The abundance of cytokine interleukin 8 (cxcl8) transcripts was reduced significantly by 
2.0- and 3.7-fold following exposure to PCB 156 and BkF, respectively. Expression of 
interferons was not differentially regulated in roach exposed to any of the test chemicals. 
Transferrins are important non-cytokine activators of the macrophage response in goldfish 
(Stafford & Belosevic 2003). These acute phase proteins are produced in the liver and 
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secreted into the plasma in response to tissue damage (Segner et al. 2012). In the present 
study, the transcription of transferrin variant d (tfd) was increased by 7.4- and 378-fold in 
livers from fish exposed to PCB 156 and BkF, respectively, but was reduced by 283.2-fold in 
animals treated with TCDD. No such strong changes in the abundance of transcripts were 
observed in the qPCR verification experiment (Figure 5.5B). As mentioned above, it is 
surprising that such major changes observed using RNAseq were not confirmed by the qPCR 
data. This indicated that the animals may have responded differently during the verification 
experiment, or that differences arose due to the different normalisation strategies employed in 
these methods: RNAseq data was expressed as the reads per kilobase of exon model per 
million mapped reads (RPKM), which reflects the molar concentration of a transcript, while 
qPCR fold-change data were calculated using the mean normalized expression (MNE) method 
after correction for primer efficiency, thus providing the expression of the target gene relative 
to that of a control gene (Tompsett et al. 2013). 
The complement system is another important part of the innate immune system, providing 
a link between the innate and adaptive systems (reviewed in Dunkelberger & Song 2010). In 
the present study, treatment with TCDD resulted in significantly reduced abundance of 
complement transcripts C1q, C3, C3-h1, C4-1, C5 and C6. There was no clear direction of 
change in the levels of complement transcripts in animals treated with PCB 156 or BkF. 
Expression of the major histocompatibility complex I UFA (mhc1ufa), a central protein in the 
immune system, was reduced by 70.9- and 25.5-fold following treatment with TCDD and 
BkF, respectively. In summary, these findings indicate a potential disruption of the innate 
immune system by DLCs, an effect that has previously been shown in fish and other 
vertebrates (Bannister et al. 1987, Ross et al. 1996, Zelikoff 1998). 
 
5.4.7 Commonalities and differences between the transcriptional responses to different 
DLCs 
To our knowledge, this is the first study to describe differences in transcriptional responses 
in a non-model cyprinid fish species exposed to equipotent concentrations of different classes 
of DLCs. It is a common assumption that compounds with a dioxin-like mode of action only 
differ in terms of their potency and can therefore be grouped in a single expression of risk 
using the TEF approach. The results of this study indicate that this should be done with great 
care: although all three compounds were injected at approximately equipotent doses, only a 
limited portion of the affected biological processes and molecular functions was common to 
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the three treatments; this included monooxygenase and transferase activity, organic substance 
transport, proteolysis, programmed cell death and cardiovascular functions (Figure 5.1, grey 
circles). TCDD provoked significant specific changes in the levels of transcripts related to 
immunotoxicity and carbohydrate metabolism (Figure 5.1, red circles), while PCB 156 caused 
virtually no specific effects (Figure 5.1, green circles). Exposure to BkF affected the most 
diverse suite of molecular functions and biological processes, including blood coagulation, 
oxidative stress responses, unspecific responses to organic or inorganic substances/stimuli, 
cellular redox homeostasis and specific receptor pathways. 
 
5.5 Conclusions and outlook 
In summary, this study demonstrated that DLCs have the potential to disrupt the molecular 
regulation of many important physiological processes in roach, including energy metabolism, 
oogenesis, the immune system, apoptosis and oxidative stress defence systems. Many of the 
findings of the RNAseq analyses were verified in independent experiments using qPCR, and 
by biochemical and physiological measurements (EROD activity, plasma glucose). Further 
studies are needed to link the effects observed in the present study with biologically relevant 
outcomes, with the ultimate goal of characterising an adverse outcome pathway for DLCs that 
would facilitate the prediction of toxicity from mechanistic data. Furthermore, although the 
DLCs were injected at approximately equipotent doses, only a small number of responses 
were conserved between the different DLCs. Longer-term laboratory experiments will be 
needed to investigate these effects further, in order to link the observed transcriptional 
changes to robust effect data and adverse outcomes. 
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6.1 Abstract 
As a consequence of global climate change, we will be likely facing an increasing 
frequency and intensity of flood events. Thus, the ecotoxicological relevance of sediment 
re-suspension is of growing concern. It is vital to understand contaminant uptake from 
suspended sediments and relate it to effects in aquatic biota. Here we report on a 
computational study that utilises a physiologically based toxicokinetic model to predict 
uptake, metabolism and excretion of sediment-borne pyrene in rainbow trout (Oncorhynchus 
mykiss). To this end, data from two experimental studies was compared with the model 
predictions: (a) batch re-suspension experiments with constant concentration of suspended 
particulate matter at two different temperatures (12 and 24°C), and (b) simulated flood events 
in an annular flume. The model predicted both the final concentrations and the kinetics of 
1-hydroxypyrene secretion into the gall bladder of exposed rainbow trout well. We were able 
to show that exhaustive exercise during exposure in simulated flood events can lead to 
increased levels of biliary metabolites and identified cardiac output and effective respiratory 
volume as the two most important factors for contaminant uptake. The results of our study 
clearly demonstrate the relevance and the necessity to investigate uptake of contaminants 
from suspended sediments under realistic exposure scenarios. 
 
Keywords: Bioconcentration factor • polycyclic aromatic hydrocarbons • PBPK • PBTK • 
SPM 
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6.2 Introduction 
As a consequence of global climate change, it has been predicted that both frequency and 
intensity of flood events will likely increase in the coming decades (Ikeda et al. 2005, Kay et 
al. 2006, Solomon et al. 2007). Apart from the direct hydrological implications of floods that 
pose a risk to humans and aquatic ecosystems, the re-suspension of historically polluted 
sediment layers is of great concern. Contaminants that are immobilised in the sediment bed 
under regular flow regimes may be re-mobilised during floods and in this way become 
available for uptake by aquatic organisms (Ahlf et al. 2002, Hollert et al. 2007a). In light of 
the multitude of stressors that can act on aquatic biota apart from sediment contamination 
(e.g., temperature, suspended particulate matter (SPM; Pepelnik et al. 2004), hypoxia (BFG 
2008), increased current or changes in oxidation/reduction potential and pH-conditions 
(Calmano et al. 1993)) it is obvious that the reactions will differ significantly from those of 
biota exposed under standardised laboratory conditions (Mesa 1994). In this context, it is of 
prime importance to fully understand the physiological processes and confounding factors 
during exposure to multiple stressors in fish in order to derive robust information on 
contaminant exposure (Forbes et al. 2006, Hallare et al. 2011). Until recently, however, only 
scarce laboratory methods were available that allowed environmental scientists to 
systematically investigate the reaction of exposed fish under flood-like conditions. 
Apart from studies in which fish were exposed in containers with a sediment bed (e.g. 
Fragoso et al. 2006, van Geest et al. 2011), many researchers used electric pumps or 
repeatedly added sediment slurries to generate sediment suspensions (e.g. Ellis et al. 2002, 
Jürgens et al. 2009, Nendza 2002). Both approaches allow only for investigating the effects 
under conditions with no flow or with a defined amount of SPM. Not represented are (a) the 
elevated directional flow velocity and (b) the SPM and flow dynamics, i.e. the temporal 
changes during a flood event (Dong et al. 2013). A first attempt to provide a better 
experimental approach for such studies was made by an interdisciplinary project. In this work, 
an annular flume, i.e. a circular channel that is typically used for erosion and deposition 
studies, was used to expose rainbow trout (Oncorhynchus mykiss) under flood-like conditions. 
Today, the project is completed and a number of experiments and substudies were conducted 
(Brinkmann et al. 2010a, Brinkmann et al. 2013, Cofalla et al. 2012, Schüttrumpf et al. 2011). 
In order to verify our knowledge about the processes during sediment re-suspension and to 
provide a valuable tool for sediment management, i.e. desorption of contaminants from 
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sediment particles and subsequent uptake and metabolism in rainbow trout, a suitable 
modeling approach had to be identified. 
Here we report on a study in which the equilibrium partitioning (EqP) model (Di Toro et 
al. 1991) and an extended multi-compartmental physiologically based toxicokinetic (PBTK) 
model (Nichols et al. 1990) were used to predict uptake, metabolism and excretion of 
sediment-borne pyrene in rainbow trout. For this purpose, we used data from experimental 
studies that focused on re-suspension of contaminated natural sediments and compared the 
results with the model predictions. One study described the uptake and effects of sediment-
borne PAHs in batch re-suspension experiments, where pumps were used to maintain a 
constant suspended particulate matter concentration (Brinkmann et al. 2013). Sediment was 
sampled from the river Rhine (Koblenz-Ehrenbreitstein, Germany) and rainbow trout were 
exposed at 12 (optimum temperature) and 24°C (temperature stress). In the second study, fish 
were exposed under simulated flood conditions in an annular flume (Hudjetz et al. 2013). 
Most relevant environmental parameters, including the increased flow velocity, were 
combined in this exposure scenario. Sediments used in this study comprised the one from 
Ehrenbreitstein, a second from the river Moselle (Stadtbredimus-Palzem, Luxembourg) and 
third a mixture (1:1 dw/dw) of both. Although both studies partly used the same sediment 
from the river Rhine, the resulting biomarker data differed significantly between both 
exposure scenarios. Based on a literature research, a number of factors were identified that 
increase during physical exercise as a result of increased flow velocities and might be the 
reason for the observed differences. We hypothesise that uptake of contaminants from 
sediments can be drastically altered by physical exercise. Furthermore, we wanted to test if 
PBTK models are suitable tools to predict the differences if the following factors were 
implemented: (a) biotransformation rate, (b) cardiac output, and (c) effective respiratory 
volume. Last, a sensitivity analysis was performed in order to determine the most sensitive 
factors influencing biliary metabolite concentrations during physical exercise and their impact 
on bioaccumulation parameters (bioconcentration factor, time to equilibrium) was evaluated. 
 
6.3 Materials and methods 
6.3.1 Background 
In the present study, we attempted to compare experimentally measured 1-hydroxpyrene 
concentrations in the bile of fish following exposure to sediment suspensions with 
concentrations that were modeled by use of a sediment desorption model and a PBTK model. 
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The experimental data used to evaluate the model performance was previously published in 
Brinkmann et al. (2013) and Hudjetz et al. (2013). In order to make the modeling process 
more transparent, the experimental techniques will be briefly described. For the full 
experimental procedures, please refer to the original publications. 
 
6.3.2 Experimental data 
Experimental series A 
These experiments have been conducted and previously published by Brinkmann et al. 
(2013). Briefly, juvenile rainbow trout were exposed to suspensions of sediment from the 
river Rhine. Experiments were conducted at two different final temperatures (approx. 12 and 
24°C) in 750 L glass fibre-reinforced plastic containers. Submersible pumps with a flow-
through of 6000 L h
-1
 were used to constantly suspend the sediments at a nominal 
concentration of 10 g L
-1
. Tanks were aerated at a rate of approx. 25 L min
-1
. In each of the 
two experiments, physicochemical water parameters, concentrations of PAHs in SPM, and 
biliary metabolites in exposed fish (n = 10 per sampling point) were measured after 1, 2, 4, 6, 
8, or 12 days and in untreated control animals. Due to mortality, only n = 4 animals were 
assessed in the 24°C treatment. While the temperature was held constant at 11.9 ±0.3°C in the 
cooled experiment, temperature increased during four days from 20°C to 23.8 ± 0.5°C in the 
uncooled experiment (23.0 ± 1.9°C, average temperature during complete experiment). 
Dissolved oxygen concentration was 10.5 ± 0.2 mg L
-1
 in the 12°C experiment. In contrast, 
concentrations of dissolved oxygen decreased to concentrations as low as 6.5 mg L
-1
 in the 
24°C experiment during the first four days of the experiment and then averaged at 
7.6 ± 0.4 mg L
-1
. The final weight and standard length of experimental fish was 58 ± 23 g and 
161 ± 19 mm, respectively. 
 
Experimental series B 
The experiments have been conducted and previously published by Hudjetz et al. (2013). 
Briefly, juvenile rainbow trout were exposed to suspensions of sediments from the river Rhine 
and the river Moselle under varying bed shear stress regimes. Experiments were conducted in 
an annular flume, i.e. a circular channel (width 0.25 m, inner radius 1.5 m, outer radius 
1.75 m) with a coaxial lid. Channel and lid were rotated in opposite directions to generate an 
endless and stationary flow (Spork et al. 1995). During the 7 d experimental program, bed 
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shear stress was increased up to a maximum of 0.4 N m
-
² in 0.05 N m
-
² increments, which 
corresponded to a maximum flow velocity of 0.38 m s
-1
 (Cofalla et al. 2011). The flume was 
aerated with a membrane pump. Fish were exposed at a constant ambient temperature of 
14.6 ± 0.2°C and a light-dark period of 12 h. 
Three experiments that varied regarding sediment contamination level were conducted: (1) 
with sediment from the river Rhine (Ehrenbreitstein, EBR), (2) a mixture (1:1 dw/dw) of both 
EBR and sediment from the river Moselle (Stadtbredimus-Palzem, Luxembourg, PZ) and (3) 
the undiluted PZ sediment. In each of the experiments, physicochemical water parameters 
(temperature, dissolved oxygen, electric conductivity, pH, turbidity) were logged at an 
interval of 60 s by calibrated instruments and water samples for gravimetric determination of 
suspended particulate matter and pyrene concentrations were collected at specific time 
intervals. At the end of each experiment n=10 fish were sampled and the bile liquid collected 
for determination of biliary 1-hydroxypyrene concentration. The animals used in this 
experimental series had a standard length of 22 ± 3 cm and an average weight of 145 ± 73 g. 
 
Experimental fish 
Immature rainbow trout (15–20 g) were purchased from a commercial hatchery (Mohnen 
Aquaculture, Stolberg, Germany) and allowed to acclimatise to laboratory conditions for at 
least two months prior to use in experiments. Fish were reared in groups of 100–150 
individuals in 1500 L glass fibre-reinforced plastic tanks. In a recirculating system with a 
400 L biofilter and UVC steriliser, water was continuously exchanged at a rate of 0.1–0.2 full 
replacements per day with municipal tap water. Light and dark phases were 12 h each. Fish 
were fed commercial trout pellets (Biomar, Brande, Denmark) at a rate of 1–2% bodyweight 
per day until experimentation. Feed was withheld 24 h prior to exposure. All experiments 
were conducted in accordance with the Animal Welfare Act and with permission of the 
federal authorities (Landesamt für Natur, Umwelt und Verbraucherschutz NRW, Germany), 
registration number 8.87-50.10.35.08.225. 
 
Sediments 
The sediment used in experimental series A was collected in April 2010 from the river 
Rhine (river kilometer 591) at Ehrenbreitstein in Koblenz, Germany (+50°21’12” N, 
+7°36’27” E). This first location was chosen as it is known to be only moderately 
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contaminated and to be representative for a wide range of fluvial sediments (Feiler et al. 2013, 
Heininger et al. 2007). The sediments used in experimental series B were collected at 
Ehrenbreitstein in April 2011 and in June 2012 from the river Moselle near the village 
Stadtbredimus, Luxembourg (+49°33'54" N, +6°22'8" E). This second location was chosen 
since it is mainly contaminated with PAHs and other petroleum-derived hydrocarbons and is 
comparable to the sediment from Ehrenbreitstein in terms of particle size distribution and 
organic carbon content (Heininger et al. 2007). All samples were collected by use of grab 
samplers in cooperation with the German Federal Institute of Hydrology (BfG, Koblenz, 
Germany) and stored at 4°C until used. 
 
Analytical quantification of pyrene in sediment and SPM 
Suspension samples were taken and SPM obtained by centrifugation (30 min, 4500 ×g, 
4°C) and filtration (0.7 µm glass fibre filters, MN-GF 1, Macherey & Nagel, Düren, 
Germany). Retained SPM and sediment samples were lyophilised (Christ Alpha 1-2, Martin 
Christ GmbH, Osterode am Harz, Germany) and either analysed by means of gas 
chromatography coupled with mass spectrometry (GC-MS) following pressurised liquid 
extraction (PLE) in a SpeedExtractor (Büchi Labortechnik GmbH, Essen, Germany) using 
n-hexane as solvent (series A; Brinkmann et al. 2013) or analysed by a contract laboratory 
according to DIN ISO 18287, with slight modifications (series B; Hudjetz et al. 2013). The 
limits of quantification (LOQ) of pyrene were 0.26 and 0.5 mg kg
-1
 in series A and B, 
respectively. 
 
Determination of biliary pyrene metabolites 
Concentration of biliary 1-hydroxypyrene was quantified according to a modification of 
the method published by Kammann (2007). Briefly, 25 µL of bile fluid were mixed with 
95 µL distilled water and 5 µL β-glucuronidase/arylsulfatase solution (30/60 U · mL-1) and 
subsequently incubated for 2 h at 37°C. The reaction was stopped with 125 µL solution of 
5 mg mL
-1 
ascorbic acid in ethanol and the mixture centrifuged (700 × g, 5 min). The 
concentration of 1-hydroxpyrene was determined by means of high-performance liquid 
chromatography (HPLC) with fluorescence detection (Kammann 2007). This method is used 
to simultaneously determine 1-hydroxypyrene and respective conjugates in one measurement. 
The limit of quantification (LOQ) of 1-hydroxypyrene was 4 ng mL
-1
. 
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6.3.3 Modeling approach 
Uptake and metabolism of sediment-borne pyrene during the experimental exposure series 
A and B were modeled by use of a combination of the equilibrium partitioning (EqP) model 
and a modified PBTK model (Figure 6.1). The following paragraphs describe the modeling 
approach in detail and give an overview of the assumptions that were made. A summary of 
model inputs and derived metabolite concentrations is given in Table 5.1. 
 
Sediment-water partitioning of pyrene 
The dispersion of PAHs in the aquatic environment can be described by use of the 
equilibrium partitioning (EqP) model (Di Toro et al. 1991). The partitioning coefficient Kp 
(L kg
-1
) between sediment and water was calculated with Equation 6.1, where Csediment 
(µg kg
-1
) and Cinsp (µg L
-1
), i.e. the inspired chemical concentration, are the equilibrium 
concentrations in the particulate and dissolved phase, respectively. 
 
𝐾𝑝 =
𝐶𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡
𝐶𝑖𝑛𝑠𝑝
   (Eq. 6.1) 
 
PAHs are usually rather associated with the organic matter fraction of sediments than with 
the inorganic particles. Normalising Kp by the particulate organic carbon fraction (foc) thus 
usually reduces the variability of Kp for organic substances between different sediments, 
resulting in Koc (L kg
-1
 organic carbon, Equation 6.2) (Burgess et al. 2003). 
 
𝐾𝑜𝑐 =
𝐾𝑝
𝑓𝑜𝑐
    (Eq. 6.2) 
 
The EqP model was used to calculate the dissolved concentration of pyrene during the 
exposure experiments, since sediments were suspended in the water phase in both 
experimental series. In order to get a robust estimate of the log Koc value of pyrene (final 
value 4.61), it was averaged from the MCI (molecular connectivity index)- and Kow-based 
estimates of KOCWIN (4.74 and 4.24; US EPA 2013) and the average of 27 experimental 
values (4.85; US EPA 1996). The organic carbon fractions of the sediment from 
Ehrenbreitstein and Palzem (0.038 and 0.051, respectively) have been previously published 
(Feiler et al. 2009, Feiler et al. 2013). 
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Figure 6.1 Conceptional representation of the combined sediment desorption (EqP) and PBTK model. 
Factors that are increased during physical exercise in rainbow trout are highlighted in red color. Based 
on Nichols et al. (1990). QW: effective respiratory volume, QC: cardiac output, Cinsp: inspired chemical 
concentration, Cepx: expired chemical concentration, Csediment: chemical concentration in sediment, Koc: 
organic carbon-water partitioning coefficient, foc: organic carbon fraction, Km: Michaelis-Menten 
constant of saturable metabolism, Vmax: maximum velocity of saturable metabolism, PPT: poorly 
perfused tissues, RPT: richly perfused tissues. 
 
PBTK model 
The multi-compartment PBTK model for rainbow trout (Oncorhynchus mykiss) by Nichols 
et al. (1990), with modifications recently published by Stadnicka et al. (2012) was 
re-implemented in CodeGear Delphi 2009 (Embarcadero, Langen, Germany). Five different 
compartments (fat, liver, kidney, richly perfused tissues, and poorly perfused tissues) as well 
as the blood are represented in the model. In a previous study, we were able to show that the 
model precisely estimated the internal concentrations of neutral organic chemicals: out of the 
predicted values for 23 different substances (39 data points total), as much as 95% deviated 
less than 10-fold from measured values, while 82% deviated less than 5-fold (Brinkmann et 
al. 2014a). The previously published implementation of Stadnicka et al. (2012) performed 
equally well. Extensions of the model (saturable hepatic metabolism, bile secretion, and the 
influence of physical exercise) are described in the following sections. 
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Table 6.1 Model inputs and derived pyrene metabolite concentration in bile of rainbow trout exposed in 
experimental series A and B. Experimental data of series A was taken from Brinkmann et al. (2013), data of 
series B from Hudjetz et al. (2013). EBR – Ehrenbreitstein; PZ – Palzem; DO – dissolved oxygen concentration; 
Csediment: pyrene concentration in sediment (dw); Cinsp: inspired pyrene concentration; Vmax: maximum velocity of 
saturable pyrene metabolism. Numbers are mean values ± SD of n=10 animals.
 
S
er
ie
s 
S
ed
im
e
n
t 
T
im
e
 
A
v
g
. 
te
m
p
. 
D
O
 
C
se
d
im
en
t 
lo
g
 K
p
 
C
in
sp
 
W
ei
g
h
t-
sc
a
le
d
 
V
m
a
x
 
O
H
-P
y
r 
(m
ea
s.
) 
O
H
-P
y
r 
(p
re
d
.)
 
h
 
°C
 
m
g
 L
-1
 
m
g
 k
g
-1
 
- 
µ
g
 L
-1
 
m
g
 h
-1
 k
g
-1
 
µ
g
 m
L
-1
 
µ
g
 m
L
-1
 
A
 
E
B
R
 
2
4
 
1
2
 
1
0
.5
 
0
.5
8
 
3
.1
9
 
0
.3
7
8
 
2
.8
2
 ±
 0
.3
0
 
2
.0
3
 ±
 0
.3
4
 
4
.5
2
 ±
 0
.1
7
 
A
 
E
B
R
 
4
8
 
1
2
 
1
0
.5
 
0
.5
8
 
3
.1
9
 
0
.3
7
8
 
2
.7
1
 ±
 1
.0
8
 
3
.1
8
 ±
 0
.4
7
 
5
.3
9
 ±
 0
.5
7
 
A
 
E
B
R
 
7
2
 
1
2
 
1
0
.5
 
0
.5
8
 
3
.1
9
 
0
.3
7
8
 
2
.8
6
 ±
 0
.2
7
 
5
.5
5
 ±
 0
.8
0
 
5
.9
5
 ±
 0
.3
2
 
A
 
E
B
R
 
1
4
4
 
1
2
 
1
0
.5
 
0
.5
8
 
3
.1
9
 
0
.3
7
8
 
3
.0
2
 ±
 0
.6
5
 
5
.5
3
 ±
 0
.9
0
 
6
.0
5
 ±
 0
.6
5
 
A
 
E
B
R
 
1
9
2
 
1
2
 
1
0
.5
 
0
.5
8
 
3
.1
9
 
0
.3
7
8
 
2
.6
3
 ±
 0
.2
8
 
5
.5
7
 ±
 0
.9
8
 
6
.4
6
 ±
 0
.3
4
 
A
 
E
B
R
 
2
8
8
 
1
2
 
1
0
.5
 
0
.5
8
 
3
.1
9
 
0
.3
7
8
 
2
.8
5
 ±
 0
.2
4
 
6
.1
1
 ±
 1
.0
3
 
6
.1
6
 ±
 0
.2
6
 
A
 
E
B
R
 
2
4
 
2
3
 
8
.0
 
0
.5
2
 
3
.1
9
 
0
.3
3
9
 
4
.6
7
 ±
 1
.8
9
 
3
.7
9
 ±
 0
.9
3
 
6
.3
6
 ±
 0
.7
5
 
A
 
E
B
R
 
4
8
 
2
3
 
8
.0
 
0
.5
2
 
3
.1
9
 
0
.3
3
9
 
4
.4
8
 ±
 1
.0
1
 
4
.6
1
 ±
 1
.6
4
 
7
.7
2
 ±
 1
.1
0
 
A
 
E
B
R
 
7
2
 
2
3
 
8
.0
 
0
.5
2
 
3
.1
9
 
0
.3
3
9
 
4
.2
1
 ±
 1
.2
7
 
4
.7
0
 ±
 1
.3
4
 
7
.4
3
 ±
 0
.9
3
 
A
 
E
B
R
 
1
4
4
 
2
3
 
8
.0
 
0
.5
2
 
3
.1
9
 
0
.3
3
9
 
4
.0
6
 ±
 0
.4
6
 
5
.2
0
 ±
 0
.9
7
 
8
.0
4
 ±
 0
.3
3
 
A
 
E
B
R
 
1
9
2
 
2
3
 
8
.0
 
0
.5
2
 
3
.1
9
 
0
.3
3
9
 
4
.1
1
 ±
 0
.7
3
 
5
.6
5
 ±
 1
.6
0
 
8
.1
2
 ±
 0
.6
3
 
A
 
E
B
R
 
2
8
8
 
2
3
 
8
.0
 
0
.5
2
 
3
.1
9
 
0
.3
3
9
 
4
.3
3
 ±
 0
.8
3
 
5
.0
8
 ±
 1
.4
1
 
7
.9
3
 ±
 0
.7
4
 
B
 
E
B
R
 
1
6
8
 
1
5
 
5
.5
 
1
.1
0
 
3
.1
9
 
0
.7
1
6
 
6
.9
3
 ±
 1
.6
9
 
4
6
.5
 ±
 7
.5
9
 
6
4
.5
 ±
 9
.0
1
 
B
 
E
B
R
/P
Z
 
1
6
8
 
1
5
 
4
.4
 
3
.4
0
 
3
.2
5
 
1
.9
0
1
 
8
.4
9
 ±
 2
.6
5
 
1
6
8
.0
 ±
 3
1
.9
 
1
5
9
.2
 ±
 2
4
.1
 
B
 
P
Z
 
1
6
8
 
1
5
 
4
.6
 
1
4
.0
0
 
3
.3
1
 
6
.8
5
7
 
9
.3
5
 ±
 1
.6
1
 
5
0
2
.6
 ±
 1
1
0
.8
 
5
3
4
.1
 ±
 4
2
.1
 
 
Chapter 6 – PBTK model for sediment-bound chemicals 
 
 
129 
Saturable hepatic metabolism of pyrene    A simple algorithm for saturable hepatic 
metabolism of pyrene according to Michaelis-Menten kinetics was implemented (Equation 
6.3, Law et al. 1991). VL is the volume of the liver compartment, CL the concentration of the 
chemical in the liver compartment, PL the partitioning coefficient of pyrene between blood 
and liver compartment, Vmax the maximum velocity of the saturable metabolism, and Km the 
Michaelis-Menten constant. 
 
𝑉𝐿
𝑑𝐶𝐿
𝑑𝑡
= −
𝑉𝑚𝑎𝑥 ∙ 
𝐶𝐿
𝑃𝐿
⁄
𝐾𝑚+ 
𝐶𝐿
𝑃𝐿
⁄
   (Eq. 6.3) 
 
Km and Vmax values for pyrene metabolism in the liver of a 450 g rainbow trout 
(3.05  µg mL
-1
 and 0.255 µg min
-1
 g liver
-1
) were found in the literature (Law et al. 1991). 
Vmax was scaled to the body weight of the fish using Equation 6.4 (Travis 1987), where Vmaxc 
is the scaling factor of Vmax, and bw is the wet body weight of the fish. 
 
𝑉𝑚𝑎𝑥 = 𝑉𝑚𝑎𝑥𝑐 𝑏𝑤
0.7   (Eq. 6.4) 
 
Secretion of bile     The complete mass of metabolised pyrene was assumed to be instantly 
secreted into the gallbladder together with the hepatic bile. Ruddock et al. (2003) have 
previously demonstrated that 1-hydroxypyrene and related conjugates are the main biliary 
metabolites of pyrene in fish. The concentration of 1-hydroxypyrene in bile liquid was 
calculated by division of the chemical mass with the volume of gallbladder bile. The data on 
bile volume was taken from Grosell et al. (2000). To achieve comparable estimates for the 
bile volume, only data from sampling events > 24h after feeding were averaged 
(1.92 mL kg
-1
) to make the value comparable with the present study. Since the gallbladder can 
only retain a certain volume of bile, the bile liquid was assumed to be constantly diluted by a 
temperature-dependent bile flow that was linearly extrapolated using one value 
(74.4 µL h
-1
 kg
-1
) of a study conducted at 12°C (Gingerich et al. 1978) and one value at 15°C 
(180.0 µL h
-1
 kg
-1
) published by Sanz et al. (1993). 
 
Influence of physical exercise on biliary metabolites     A literature research revealed that 
at least three of the central factors represented in the PBTK model were altered by physical 
exercise: biotransformation rate, cardiac output and effective respiratory volume. 
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Biotransformation enzymes in rainbow trout (7-ethoxyresorufin O-deethylase, EROD) were 
shown to be induced 2.1-fold during exercise (Lindström-Seppä et al. 1996). Stevens & 
Randall (1967) have demonstrated that cardiac output was increased 4.5-fold, while the 
effective respiratory volume of rainbow trout increased up to 14.6-fold following physical 
exercise (Wood & Munger 1994). 
 
Sensitivity analysis 
A sensitivity analysis was performed to evaluate the impact of changes in 
biotransformation rate, cardiac output and effective respiratory volume on the model outputs. 
First, the x-fold change of one factor at a time was varied, starting at 1 and ranging to approx. 
two times the changes found in literature (3-, 30- and 10-fold for biotransformation rate, 
effective respiratory volume and cardiac output, respectively). Then, biotransformation rate 
was set constant at 2.1-fold and the two other factors were simultaneously permuted covering 
the same range of values as in the first analysis. 
 
6.3.4 Data analysis and presentation 
Except for the PBTK model, all calculations were performed in spreadsheets (Microsoft 
Excel 2007). All 2D plots were generated by use of GraphPad Prism 5, while the 3D plot was 
rendered using the software Origin Pro 9. Statistical analyses were conducted by use of the 
software Sigma Stat 3.11 (Systat Software, Erkrath, Germany). All datasets that did not pass 
the Kolmogorov-Smirnov test on Gaussian distribution (p<0.05) or Bartlett’s test for equal 
variances (p<0.05) were analysed by use of non-parametric Kruskal-Wallis ANOVA on ranks 
(p≤0.001). Datasets passing both tests were analysed by use of parametric one-way ANOVA 
(p≤0.001). Dunn’s method was used as the multiple range test to identify significant 
differences among treatments. If not stated differently, all values are expressed as mean ± 
standard deviation.  
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6.4 Results and Discussion 
The main aim of the present study was to evaluate the use of PBTK models for predicting 
the uptake and distribution of reversibly sediment-bound contaminants in exposed rainbow 
trout. The main advantange of PBTK models is the explicit dynamic representation of 
different tissues, thus rendering them capable of evaluating a broad range of experimental and 
field studies focusing on this fish species (Abbas & Hayton 1997, Law et al. 1991, Nichols et 
al. 1990). Since the model describes the accumulation of chemicals with their relation to fish 
physiology, it can be used to test different hypotheses, e.g. if physical exercise will influence 
bioaccumulation or the concentration of biliary metabolites (Himmelstein & Lutz 1979). 
Furthermore, the findings of this computational study might also imply practical 
consequences for the risk assessment process – not only concerning sediments but also for the 
regulation of bioaccumulating industrial chemicals associated with that compartment. Since 
PBTK models have been – apart from rainbow trout – parameterised for many fish species 
including dogfish shark (Bungay et al. 1976), brook trout (Nichols et al. 1998), lake trout 
(Lien et al. 2001), channel catfish (Nichols et al. 1993), fathead minnows and Japanese 
medaka (Lien & McKim 1993), as well as tilapia (Liao et al. 2005), the results of the present 
study could easily be extrapolated to another species or environment. 
 
6.4.1 Prediction of contaminant uptake in batch re-suspension experiments 
At 12°C, the model predicts the biliary metabolite concentration following exposure to 
sediment from Ehrenbreitstein fairly well. The sum of originally hydroxylated pyrene and 
pyren derived from deconjugation of phase II conjugates with β-glucuronidase/arylsulfatase 
solution in bile of exposed fish increased with time, in all describing pseudo first-order 
desorption and uptake kinetics (Figure 6.2A). While the pyrene concentration in sediment was 
0.58 mg kg
-1
 (dw), during four days, the biliary 1-hydroxypyrene concentration increased to 
measured and modeled mean final values of 5.7 ± 0.9 and 6.2 ± 0.5 µg mL
-1
, respectively. 
The final concentration in fish bile was accurately described, while the rate of uptake at the 
beginning of the experiments (24 and 48 h) was slightly overestimated. At 24°C, the 
measured values were only slightly different compared to the 12°C treatment: Uptake and 
metabolism of pyrene was somewhat faster so that a stable concentration in bile 
(5.0 ± 1.4  µg mL
-1
) was already reached after two days (Figure 6.2B). The modeled mean 
final value (7.9 ± 0.8 µg mL
-1
), however, deviated notably from the measured value.  
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Figure 6.2 Measured and modeled total 1-hydroxypyrene concentration in bile of rainbow trout exposed to 
suspensions of sediment from Ehrenbreitstein, river Rhine, (EBR) at (A) 12°C and (B) 24°C. Black circles and 
corresponding error bars represent the mean values and 95% confidence intervals of n=10 animals per sampling 
point. Open circles represent modeled value means. The solid lines were fitted to the modeled data using a one-
phase exponential equation; dashed lines represent the 95% prediction band. Experimental data from Brinkmann 
et al. (2013). 
 
This inaccuracy was probably due to the fact that most of the model parameters describing 
the secretion, transport and storage of bile, as well as the saturable metabolism, were only 
available for rainbow trout in a range between 12 and 15°C (Gingerich et al. 1978, Law et al. 
1991, Sanz et al. 1993), and had to be extrapolated to 24°C. Since data from simulated flood 
events was derived at lower temperatures, however, the inaccuracy at 24°C is not relevant for 
this comparison. The performance of the PBTK model used in the present study was 
previously determined by Stadnicka et al. (2012), who found that as much as 95% of the 
model predictions over- or underestimated the internal concentration by less than a factor of 
10 and 77% by less than a factor of 5. In this light, the deviations of 1.1 and 1.6-fold at 12 and 
24°C, respectively, seem fairly reasonable. Furthermore, PBTK models are more flexible 
compared to other modeling approaches used to predict the bioaccumulation of organic 
chemicals from sediments: bioaccumulation factors (Van der Oost et al. 2003), biota-sediment 
accumulation factors (Ankley et al. 1992), food-web bioaccumulation models (Arnot & Gobas 
2004, Gobas & Arnot 2010, Thomann et al. 1992) or simple first-order kinetic models 
(Hendriks et al. 2001, Moermond et al. 2004). To our knowledge, the present study is the first 
using PBTK models to predict bioaccumulation of sediment-borne contaminants in fish. 
To bring PBTK models to their full potential, not only in context of sediment studies but 
also for the risk assessment process of industrial chemicals or pesticides, further studies are 
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needed. On the one hand, there is a lack of data or models accurately describing the rate of 
biotransformation for a large number of chemicals. Different methods for its prediction have 
been proposed (Escher et al. 2011, Han et al. 2007, Nichols et al. 2013). To date, experimental 
values are still preferred over modeled values for their higher accuracy. On the other hand, 
there is still a gap in basic knowledge concerning the physiological data that is needed to 
predict, e.g. biliary excretion, bile transport and storage. While there are several studies 
focusing on these processes at temperatures that are optimal for rainbow trout, there was no 
data available for other temperatures. In order to make the prediction of metabolite 
concentrations in fish bile more accurate, such studies are needed. 
 
6.4.2 Influence of physical exercise on contaminant uptake in the annular flume 
The final measured concentrations of 1-hydroxypyrene in the bile of fish exposed to the 
three sediments (EBR, EBR/PZ and PZ) were 46.5 ± 7.6, 168.0 ± 31.9, and 
502.6 ± 110.8 µg mL
-1
, respectively, while the modeled values were drastically lower ones: 
10.7 ± 1.5, 27.4 ± 4.2, and 91.1 ± 7.4 µg mL
-1
 (Figure 6.3). There were three differences 
between the exposure scenarios of the two experimental series: (a) the erosion pattern was 
dynamic, (b) the temperature was slightly higher (approx. 15°C) and (c) the flow velocity was 
elevated (max. 0.43 m s
-1
) in the annular flume. While the erosion pattern in the annular flume 
yields an average SPM concentration comparable to the values measured in experimental 
series A over the whole experimental period, it is unlikely that this factor would have 
influenced the bioavailability that drastically. Changes in temperature are explicitly 
represented in the PBTK model, so that this factor did also not affect uptake and metabolism 
of pyrene in exposed rainbow trout. Three of the factors represented in the PBTK model are 
likely to be altered during physical exercise due to increased flow velocities: 
biotransformation rate, cardiac output and effective respiratory volume. Biotransformation 
enzymes in rainbow trout (7-ethoxyresorufin O-deethylase, EROD) were shown to be induced 
2.1-fold during exercise (Lindström-Seppä et al. 1996). Stevens & Randall (1967) have 
demonstrated that cardiac output was increased 4.5-fold, while the effective respiratory 
volume of rainbow trout increased up to 14.6-fold following physical exercise (Wood & 
Munger 1994). After inclusion of these physiological responses to physical exercise into the 
model, the modeled values were 64.5 ± 9.0, 159.2 ± 24.1, and 534.1 ± 42.1 µg mL
-1
 for the 
sediments EBR, EBR/PZ and PZ (Figure 6.3), respectively, and did not differ from 
experimental values (Kruskal-Wallis ANOVA, Dunn’s post-hoc test, p ≤ 0.05). 
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Figure 6.3 Measured and modeled 1-hydroxypyrene concentration in bile of rainbow trout exposed to 
different native sediments from Ehrenbreitstein (EBR), Palzem (PZ) and a 1:1 (dw/dw) mixture of both 
(EBR/PZ) during simulated 7 day flood events in an annular flume. Bars represent mean values, error 
bars 95% confidence intervals from n=10 exposed animals. Measured and modeled values without 
implemented exercise differed significantly within each treatment group, while measured and modeled 
values with implemented exercise did not (Kruskal-Wallis one-way ANOVA on ranks, Dunn’s post-
hoc test, p ≤ 0.05). Experimental data: Hudjetz et al. (2013). 
 
6.4.3 Sensitivity analysis 
In order to assess the relative influence of physical exercise, we performed a sensitivity 
analysis. First, one factor was changed at a time, comprising biotransformation rate, cardiac 
output, and effective respiratory volume of the exposed fish (Figure 6.4). Model variables 
were chosen to represent the EBR sediment treatment in the annular flume. Simulation time 
was 168 h, body weight 0.15 kg, Vmax: 7.1 mg h
-1
 kg
-1
, temperature 15°C, dissolved oxygen 
concentration 5.5 mg L
-1
, aqueous pyrene concentration: 0.72 µg L
-1
. 
Most interestingly, the biotransformation rate was the factor with the least influence on the 
biliary 1-hydroxypyrene concentration: a 2.1-fold change as reported in the literature did only 
change the metabolite concentration by 0.4%. A 14.6-fold increase in effective respiratory 
volume and a 4.5-fold increase in cardiac output changed the concentration 1.4 and 2.2-fold, 
respectively. Although being able to accurately predict the in vivo biotransformation rate is 
the key to precise predictions of the bioconcentration factor (BCF) of readily metabolised 
substances in fish (de Wolf et al. 1992, Nichols et al. 2013, Oliver & Niimi 1985, Southworth 
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et al. 1980), our data suggest that pyhsiological factors may have even greater influence, at 
least under simulated field conditions. 
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Figure 6.4 Sensitivity analysis of changes in biotransformation, ventilation volume and cardiac output. The solid 
grey line marks literature values for exhaustive exercise in rainbow trout. Model runs were performed while 
varying one factor at a time, while the model variables were chosen to represent the Ehrenbreitstein (EBR) 
sediment treatment in the annular flume. Simulation time: 168 h, body weight: 0.15 kg (mean body weight), 
Vmax: 7.1 mg h
-1
 kg
-1
, temperature: 15°C, dissolved oxygen concentration: 5.5 mg L
-1
, aqueous pyrene 
concentration: 0.72 µg L
-1
. Note that the scale of the biotransformation graph is different than in the other two 
graphs. 
 
 
Since the latter two parameters are largely interrelated, a second sensitivity analysis with 
simultaneous changes of effective respiratory volume and cardiac output was performed 
(Figure 6.5). The biotransformation rate was assumed to be 2.13-fold different from baseline 
values under physical stress (Lindström-Seppä et al. 1996), while the other factors were 
chosen to match those used in the previous sensitivity analysis. We were able to demonstrate 
that both factors showed a synergistic effect on the biliary 1-hydroxypyrene concentration, i.e. 
the changes in concentration were over-additive. The change was not 3.0-fold (changes 
multiplied with each other) as expected, but 6.1-fold. In this light, it becomes clear that only 
physiologically-based models are able to adequately represent such interactions of 
physiological factors. Simple steady-state or first-order kinetic models would not be able to 
predict these changes. Furthermore, it is of vital importance to fully understand the 
physiology of the species of interest, since only then a holistic understanding becomes 
possible.  
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Figure 6.5 Sensitivity analysis of simultaneous changes in the two most sensitive parameters 
(ventilation volume and cardiac output). Biotransformation rate was assumed to be 2.13-fold different 
from baseline values during physical exercise (Lindström-Seppä et al. 1996). Other factors were 
chosen to match those used in Figure 6.4. 
 
 
6.4.4 Physical exercise during contaminant exposure – implications for the risk 
assessment process 
One of the most important descriptors for the assessment of bioaccumulation in fish is the 
bioconcentration factor (BCF), which is typically assessed under flow-through or semi-static 
conditions (OECD 305 2012, Schlechtriem et al. 2012). The BCF itself should not be affected 
by physical exercise when modeled using the PBTK model, since changes of the blood flows 
from one compartment to another do not affect the chemical concentration in the 
compartments under equilibrium conditions. We tested this assumption by use of the PBTK 
model with the following model inputs: body weight 0.15 kg, temperature 12°C, dissolved 
oxygen 10.75 mg L
-1 
(100% saturation), Cinsp 1 µg L
-1
, log Kow ranging from 2 to 7. While the 
BCF was indeed not affected by physical exercise (data not shown), the time to equilibrium, 
i.e. rate towards steady state, was significantly decreased (Figure 6.6).  
As with the biliary metabolites implying excretion, these findings imply, that the total 
chemical amount being transported through the compartments of the fish body, and eventually 
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being transported to the site of action will also change. We can conclude that, although the 
final BCF might not be affected, the flux of chemicals through the fish body, their kinetics of 
distribution between different compartments and ultimately also the level of certain 
biomarkers of exposure, e.g. biliary metabolites, can be altered during physical exercise. This 
circumstance should be taken into account when planning and conducting bioaccumulation 
experiments, especially since the OECD 305 guideline does not require or recommend any 
flow velocity regime. 
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Figure 6.6 Time to equilibrium, i.e. time it takes until a stable BCF is reached, during bioaccumulation 
of neutral organic chemicals with different log Kow at rest and exercise. Physical exercise: 14.6-fold 
increased ventilation volume, 4.5-fold increased cardiac output. Model inputs: body weight 0.15 kg, 
temperature 12°C, dissolved oxygen 10.75 mg L
-1 
(100% saturation), Cinsp 1 µg L
-1
, log Kow ranging 
from 1 to 7. Values above open circles represent the fold difference between rest and exercise. 
 
 
6.5 Conclusions 
In conclusion, we were able to demonstrate that a combination of a sediment desorption 
(EqP) and PBTK model is of great potential for predicting the uptake of sediment-borne 
contaminants in fish. Further routes of uptake into fish (dermal exposure, dietary exposure) 
can be easily implemented into the model and will increase our understanding of the relevant 
exposure scenarios, especially since ingestion of sediment particles is typically underrated 
(Hudjetz et al. 2013, Moermond et al. 2004). Furthermore, a kinetic sediment desorption 
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model might increase the precision of the model under the varying environmental conditions 
of real flood events. Beyond these improvements of the modeling approach for rainbow trout, 
the modeling framework could be applied using other fish species for which PBTK models 
exist and that are represented in the biota-sediment accumulation factor (BSAF) database of 
the US-EPA: lake trout (Lien et al. 2001) and channel catfish (Nichols et al. 1993). In this 
way, it would become possible to evaluate which portions of the accumulated chemicals can 
be attributed to bioconcentration and biomagnification, respectively. There is no doubt that 
this approach will be useful for the management of sediments with regard to bioaccumulation 
or for prioritisation of remediation measures (Kwok et al. 2013). 
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7.1 Abstract 
Sediments can act as long-term sinks for environmental pollutants. Within the past 
decades, dioxin-like compounds (DLCs) such as polychlorinated dibenzo-p-dioxins (PCDDs), 
polychlorinated dibenzofurans (PCDFs), polychlorinated biphenyls (PCBs) and polycyclic 
aromatic hydrocarbons (PAHs) have attracted significant attention in the scientific 
community. DLCs are known to accumulate in aquatic organisms, particularly in fish, mostly 
via dietary exposure routes. They cause a number of acute and chronic toxic effects that are 
mainly mediated via the cytosolic aryl hydrocarbon receptor (AhR), and can pose a 
considerable risk to wildlife and human health. 
To investigate the time- and concentration-dependent uptake of DLCs in rainbow trout 
(Oncorhynchus mykiss) and their associated toxicological effects, we conducted exposure 
experiments using suspensions of three field-collected sediments from the rivers Rhine and 
Elbe, which were chosen to represent different contamination levels. Five serial dilutions of 
contaminated sediments were tested; these originated from the Prossen and Zollelbe sampling 
sites (both in the river Elbe, Germany) and from Ehrenbreitstein (Rhine, Germany), with 
lower levels of contamination. Fish were exposed to suspensions of these dilutions under 
semi-static conditions for 90 days. Analysis of muscle tissue by high resolution gas 
chromatography and mass spectrometry and of bile liquid by high-performance liquid 
chromatography showed that particle-bound PCDD/Fs, PCBs and PAHs were readily 
bioavailable from re-suspended sediments. Uptake of these contaminants and the associated 
toxicological effects in fish were largely proportional to their sediment concentrations. The 
changes in the investigated biomarkers closely reflected the different sediment contamination 
levels: cytochrome P450 1A mRNA expression and 7-ethoxyresorufin-O-deethylase activity 
in fish livers responded immediately and with high sensitivity, while increased frequencies of 
micronuclei and other nuclear aberrations, as well as histopathological and gross pathological 
lesions, were strong indicators of the potential long-term effects of re-suspension events. 
Our study clearly demonstrates that sediment re-suspension can lead to accumulation of 
PCDD/Fs and PCBs in biota, resulting in potentially adverse toxicological effects. For a 
sound risk assessment within the implementation of the European Water Framework Directive 
and related legislation, we propose a strong emphasis on sediment-bound contaminants in the 
context of integrated river basin management plans. 
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7.2 Introduction 
Within the past decades, persistent organic pollutants (POPs) have attracted particularly 
high levels of interest in the scientific community. POPs are characterised by low 
environmental degradation rates through physical, chemical or biological processes, which 
result in high environmental half-lives ranging from months to several years (Sinkkonen & 
Paasivirta 2000). In the water column, they strongly adsorb to suspended particles, which 
might subsequently be deposited as sediments in stagnant areas (Brack 2003, Weber et al. 
2008). Sediments can also act as secondary sources of pollution via bioturbation (Power & 
Chapman 1992), dredging (Koethe 2003) or during flood events (Haag et al. 2001, Hollert et 
al. 2005, Westrich & Förstner 2005). Accordingly, there is general agreement that sediment 
contamination is a major concern with regard to environmental quality (Hollert et al. 2014, 
Hollert et al. 2007a). Although emissions of POPs have decreased substantially as a result of 
national legislation and international treaties, e.g. the Stockholm POPs Convention, the 
processes controlling their re-distribution in the environment are poorly understood (Weber et 
al. 2008). 
Scientific research has focused on polychlorinated dibenzo-p-dioxins (PCDDs), 
polychlorinated dibenzofurans (PCDFs) and dioxin-like polychlorinated biphenyls (dl-PCBs), 
which are commonly referred to as dioxins and dioxin-like compounds (DLCs), because they 
have been demonstrated to cause a plethora of acute and chronic toxic effects (Mandal 2005). 
These include neurotoxic, immunotoxic and hepatotoxic effects, as well as effects on 
reproduction and even on the risk for specific types of cancer (Brouwer et al. 1995, Denison 
& Heath-Pagliuso 1998, Denison & Nagy 2003, Giesy et al. 1994, Poland & Knutson 1982, 
Van den Berg et al. 1998). DLCs are known to accumulate in aquatic organisms, particularly 
fish, due to their high lipophilicity and their low rates of biotransformation; this mainly occurs 
via dietary routes of exposure (La Rocca & Mantovani 2006, Spagnoli & Skinner 1977). 
These compounds share common structural properties and have high binding affinities to the 
cytosolic aryl hydrocarbon receptor (AhR). The AhR is a ligand-activated transcription factor 
that regulates the expression of a number of genes, which are collectively known as the AhR 
gene battery. It is believed that the transcriptional responses to AhR activation trigger a major 
fraction of the documented adverse effects of DLCs (Kawajiri & Fujii-Kuriyama 2007, Okey 
et al. 1994). These toxicological properties warrant a special scientific focus on DLC-
contaminated sediments, which can become bioavailable following re-suspension and thereby 
pose a considerable risk to wildlife and to human health.  
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In order to manage and reduce such risks, the European Water Framework Directive 
(WFD; EC 2001), as well as the subsequent directives 2008/105/EC and 2013/39/EU (EC 
2008, EU 2013), defined a total of 45 priority substances, including PCDD/Fs, dl-PCBs and 
polycyclic aromatic hydrocarbons (PAHs) (which cause some of the toxicological effects of 
DLCs). Furthermore, environmental quality standards (EQSs) for the concentrations of these 
priority substances in the water phase and biota were defined. According to the World Health 
Organization (Van den Berg et al. 2006), the total toxic equivalency concentrations  of 
PCDD/Fs and dl-PCBs in fish, i.e. chemical concentrations that have been normalised to the 
potency of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) by multiplication with their toxic 
equivalency factors (TEFs), should not exceed 6.5 ng WHO 2005-toxicity equivalents 
(TEQ) kg
-1
 fresh weight (fw). Although this represents an important step towards a better 
level of protection in retrospective risk assessment, it remains unclear how these EQSs for 
biota translate to EQSs for environmental media. Aqueous concentrations of PCDD/Fs and 
PCBs are expected to be very low due to their physicochemical properties, and sediment-
based EQSs cannot currently be determined due to the lack of experimental data (EQS dossier 
2011). 
Dedicated scientific research is thus urgently required to facilitate translation of sediment 
DLC concentrations to the concentrations in fish, and the associated toxicological impacts. 
Such research questions generally require a sophisticated approach, because fish uptake of 
sediment-borne DLCs is highly site-specific due to its dependence on the sediment 
characteristics, the investigated compounds, the fish species and the structure of the food web 
(Burkhard et al. 2004). As a first approach to overcoming this limitation, fish can be exposed 
to sediment suspensions under conditions resembling those present during flood events or 
dredging activities. This approach represents a worst-case scenario with regard to exposure 
via the aqueous phase, while excluding any contribution of dietary exposure (Brinkmann et al. 
2014b, Brinkmann et al. 2013). 
Interdisciplinary research employing methods at the intersection of hydraulic engineering 
and ecotoxicology has been shown to be particularly useful in this context (Cofalla et al. 
2012, Schüttrumpf et al. 2011). Here, we report on experiments that were conducted to 
investigate the time- and concentration-dependent uptake of DLCs from sediment suspensions 
and their effects in juvenile rainbow trout (Oncorhynchus mykiss). Sediments were collected 
from the rivers Rhine and Elbe, which were chosen to represent different contamination 
levels; these were lowest in Ehrenbreitstein (Rhine, Koblenz, Germany), higher in Prossen 
(Elbe, Germany) and highest in Zollelbe (Elbe, Magdeburg, Germany). The concentrations of 
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DLCs, as well as indicator-PCBs (i-PCBs), PAHs and a range of other contaminants were 
measured in these sediment samples. Five serial dilutions of sediments from Prossen and 
Zollelbe with sediment from Ehrenbreitstein were tested. Fish were exposed to these diluted 
suspensions under semi-static conditions for 90 days. Concentrations of DLCs in muscle 
tissue, as well as the uptake and biotransformation of PAHs (as biliary PAH metabolites), 
were determined by high resolution gas chromatography-high resolution mass spectrometry 
(HRGC-HRMS) and high-performance liquid chromatography (HPLC). Functional responses 
of rainbow trout during exposure to the sediment suspensions were measured. These included 
the liver expression of cytochrome P450 1A (cyp1a) mRNA, as an indirect measure of AhR 
activation. The mixed function monooxygenase 7-ethoxyresorufin-O-deethylase (EROD) 
activity was investigated as a measure of the catalytic activity of CYP1A. Furthermore, 
genotoxic effects were assessed by counting micronuclei and other nuclear aberrations in 
peripheral erythrocytes, and the effects on apoptosis were investigated by quantification of the 
expression of caspase 3β mRNA. Potential immunological effects were assessed by 
determination of the white blood cell count in peripheral blood samples. Gross pathological 
analyses, as well as histopathological analyses of the liver were conducted to detect manifest 
toxicological effects at the organ level. 
The main aims of this study were to: (a) describe the time- and concentration-dependent 
uptake of DLCs and PAHs from sediment suspensions in rainbow trout; (b) determine the 
relevance of the chosen exposure scenario for the situation in the field; and (c) establish the 
relationship between contaminant uptake and the associated toxicological effects. 
 
 
7.3 Materials and methods 
7.3.1 Experimental design 
Juvenile rainbow trout (Oncorhynchus mykiss) were exposed to suspensions of two 
different sediments collected from the river Elbe at Prossen (PR; Germany, close to the Czech 
border) and Zollelbe (ZE; Magdeburg, Germany), over a period of 90 days. Both sediments 
were investigated undiluted and diluted 2-, 4-, 8- and 16-fold., with less contaminated 
sediment from the Rhine harbour, Ehrenbreitstein (EBR), in the vicinity of Koblenz, 
Germany. Pure EBR sediment was additionally tested undiluted, resulting in a total of eleven 
treatment groups. Experiments were conducted in 550-750-L glass fibre-reinforced plastic 
containers purchased from AGK Kronawitter (Wallersdorf, Germany), as previously 
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described in Brinkmann et al. (2013). Submersible pumps with a maximum flow-through of 
6000 L h
-1
 were used to constantly suspend the sediments at a nominal concentration of 
5.0 g L
-1
 and the tanks were also aerated. Pumps were separated from the main volume of the 
tanks by perforated stainless steel sheets. Water was tempered through stainless steel heat 
exchangers. Sediment suspensions were replaced semi-statically with fresh suspensions at 
10-day intervals. 
Physicochemical water parameters (temperature, dissolved oxygen, pH, and electric 
conductivity) were measured every 2 days. Suspended particulate matter (SPM) 
concentrations and total hardness were measured after 7, 14, 30, 60 and 90 days. The 
temperature was held constant at 17.9 ± 1.3°C and the dissolved oxygen concentration was 
8.9 ± 0.5 mg L
-1
. Total hardness was 66 ± 9 mg L
-1
, the pH was 8.1 ± 0.3, and the electrical 
conductivity was 236.8 ± 44.9 µS cm
-1
. SPM concentrations decreased in the periods between 
sediment exchanges and thus deviated substantially from the nominal concentration of 
5.0 g L
-1
, ranging on average between 0.7 and 6.0 g L
-1
. 
Concentrations of PAH metabolites in bile fluid, concentrations of PCDD/Fs, i-PCBs and 
dioxin-like PCBs (dl-PCBs) in muscle tissue, and a suite of different biomarkers were 
measured in untreated control animals (n = 6), and in animals exposed to sediment 
suspensions for 7, 14, 30, 60 and 90 days (n = 30, with n = 6 fish at each sampling point); this 
study therefore sampled 336 individuals in total. To compensate for potential mortality, 43 
animals were exposed to each of the treatments. Due to a technical malfunction of one of the 
pumps in the undiluted PR treatment vessel between days 60 and 90, no animals were 
available for analysis on day 90 of this treatment. 
 
7.3.2 Experimental fish 
Rainbow trout (weight: 18.5 ± 3.4 g; standard length: 104.5 ± 7.3 mm) were purchased 
from a commercial hatchery (Mohnen Aquaculture, Stolberg, Germany) and allowed to 
acclimatise to laboratory conditions for one month prior to use in the experiments. Fish were 
reared in groups of 100-150 individuals in 1,500-L glass fibre-reinforced plastic tanks. In a 
recirculating system with a 400-L biofilter and UVC-steriliser, water was continuously 
exchanged at a rate of approx. 0.5 full replacements per day, using municipal tap water. Light 
and dark phases were 12 h each. Fish were fed commercial trout pellets (Ecolife 20, 3 mm, 
Biomar, Brande, Denmark) at a rate of 1% bodyweight per day during acclimatisation. All 
experiments were conducted in accordance with the Animal Welfare Act and with the 
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permission of the federal authorities (Landesamt für Natur, Umwelt und Verbraucherschutz 
NRW, Germany), registration number 84-02.04.2011.A368. 
 
7.3.3 Sediment sampling and preparation 
EBR sediment was collected in November 2013 from the Rhine (river kilometre 591; +50° 
21' 12" N, +7° 36' 27" E). This location was chosen because it is known to be only moderately 
contaminated with PCDD/Fs, PCBs and PAHs, and represents a wide range of fluvial systems 
with respect to the sediment particle size and organic carbon content (Feiler et al. 2013, 
Heininger et al. 2007). Sediment from this area had also been successfully used previously as 
a source material for experiments with spiked sediments and in simulated flood events 
(Brinkmann et al. 2013, Hudjetz et al. 2014). PR sediment was sampled in October 2013 from 
the river Elbe at a harbour entrance near Prossen, 13 km downstream from the Czech border 
(+50° 55' 40" N, +14° 6' 55" E). This location was known to show contamination with 
PCDD/Fs, PCBs and PAHs (Marth et al. 1999). ZE sediment was sampled from a cut-off 
meander of the river Elbe (+52° 7' 47" N, +11° 38' 57" E) in Magdeburg in October 2013. The 
industrial history of this port has produced sediments that are among the most heavily 
contaminated with PCDD/Fs and PCBs within Germany (Heininger et al. 2007). 
At all three locations, sediments were collected in cooperation with the German Federal 
Institute of Hydrology (BfG, Koblenz, Germany) and the German Federal Waterways and 
Shipping Administration (WSV, Koblenz, Germany). Surface-near samples were taken using 
either a 20-L Van Veen grab sampler or a swimming dredge. Sediments (approx. 1,500 kg 
from each location) were stored at 4°C until further processing. 
Sediments were subjected to a number physicochemical and chemical analyses, as recently 
reviewed in Schubert et al. (2012). Concentrations of the following constituents were 
determined in accordance with the indicated guidelines: PCDD/Fs and dl-PCBs, DIN 38414-
24:2000-10 (DIN 2000); mineral oil hydrocarbons (MOH), DIN EN ISO 16703 (DIN 2011); 
heavy metals (excluding mercury), DIN EN ISO 11885: 2009-09 (DIN 2009) and DIN EN 
ISO 17294-2: 2005-02 (DIN 2004); mercury, DIN EN ISO 17852: 2008-04 (DIN 2008); and 
total organic carbon (TOC) and total carbon (TC), DIN EN 15936:2012-11 (DIN 2012). Grain 
size distributions were determined in the categories of >2000 µm, 2000-630 µm, 630-200 µm, 
200-63 µm, 63-20 µm, and <20 µm using dry screening (>630 µm) and wet screening with 
ultrasonication (<630 µm). Concentrations of the 16 EPA-PAHs were determined using gas 
chromatography coupled with tandem mass spectrometry (GC-MS/MS) following pressurised 
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liquid extraction (PLE) and a combined column and gel permeation chromatography (GPC) 
clean-up step. Internal standardisation was achieved using 15 mass-labelled internal 
standards. 
 
7.3.4 Sediment handling, re-suspension and exposure conditions 
Prior to the experiments, sediments were homogenised using an electric stirrer and stored 
in 60-L aliquots at 4°C. Sediments were thoroughly mixed prior to each sediment exchange. 
The dry residue of each aliquot was determined gravimetrically. Native fresh ZE and PR 
sediments were diluted with EBR sediment (1:2, 1:4, 1:8, and 1:16, on the basis of the 
previously determined dry weight equivalents) or weighed in undiluted for the pure sediment 
treatments. The total amounts of sediment were adjusted to result in a final nominal SPM 
concentration of 5.0 g L
-1
. A separate study was conducted to verify that the concentrations of 
DLCs in the mixtures changed proportionally with the corresponding dilution factor 
(unpublished data). Subsequently, the sediments were directly mixed with municipal tap water 
within the exposure tanks. 
With the exception of the sediment addition on day 0, when the experimental fish were 
already present in the tanks, the fish and used sediments were removed and the tanks were 
thoroughly cleaned prior to the addition of the fresh suspensions. Fish were maintained in 
separate aerated plastic tanks using water from the exposure tanks during this procedure, and 
were relocated to the exposure tanks as soon as the dissolved oxygen concentration was 
above 7.0 mg L
-1
. 
Fish were fed with commercial trout pellets (Ecolife 20, 3 mm, Biomar) at a rate of 1% 
bodyweight per day during the experiments. Feed was withheld for 24 h before and after each 
sediment exchange to reduce stress, and for 48 h before sampling of fish for biomarker 
analysis. 
 
7.3.5 Determination of SPM concentrations and physicochemical parameters 
Sediment suspension samples were collected as 1-L duplicates per sampling event and 
filtered through pre-weighed 0.7-µm glass fibre filters (MN-GF 1, Macherey & Nagel, Düren, 
Germany) using a Büchner funnel. Retained SPM and filters were dried at 105°C overnight, 
weighed and used to calculate SPM concentrations, expressed as g L
-1
. Total hardness was 
measured in the filtrate using the titrimetric Titriplex B method (Merck, Darmstadt, 
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Germany). Temperature, pH, conductivity and dissolved oxygen concentrations were 
determined using calibrated handheld instruments (Hanna, Ann Arbor, USA; WTW, 
Weilheim, Germany; VWR, Darmstadt, Germany). 
 
7.3.6 Sampling of fish and biomarker analysis 
After 7, 14, 30, 60 and 90 days exposure to the 11 treatments (or no treatment, for the 
control animals) six fish per group were randomly removed from the tanks and individually 
anaesthetised in a solution of benzocaine in tap water (>250 mg L
-1
; Sigma-Aldrich, 
Deisenhofen, Germany). Fish length and mass were determined for calculation of Fulton’s 
condition index (K) and liver somatic index (LSI). Subsequently, fish were rapidly killed by 
exsanguination and inspected for externally visible gross pathological alterations. 
Peripheral blood samples were taken from the caudal vein using heparinised syringes. 
Blood glucose concentration was determined using a handheld blood glucose meter 
(AccuChek Aviva; Roche Diognostics, Mannheim, Germany). The suitability of such devices 
for measurements of fish blood was recently reviewed by Stoot et al. (2014). For each fish, 
two separate blood smears were prepared on glass slides that had been cleaned with 99% 
ethanol (Merck, Darmstadt, Germany). The smears were air-dried, fixed in methanol (Merck) 
for at least 1 min and then stored at room temperature prior to determination of micronucleus 
frequencies. A gallbladder bile sample was taken using a syringe, transferred to 1.5-mL 
polypropylene vials (Carl Roth, Karlsruhe, Germany) and subsequently stored at -20°C until 
determination of PAH metabolite concentrations. The liver was carefully isolated, weighed 
and cut into four pieces of approximately the same size. Two of these were transferred into 
sterile 2-mL cryogenic vials (Greiner Bio-One, Frickenhausen, Germany), rapidly frozen in 
liquid nitrogen and stored at -80°C prior to determination of EROD activity. One piece was 
fixed in Davidson’s solution (AppliChem, Darmstadt, Germany) overnight and subsequently 
stored at 4°C in 10% buffered formalin (VWR) for histopathological analysis; the other piece 
was stored at -20°C in RNAlater solution (Sigma-Aldrich) for analysis of mRNA expression. 
Muscle tissue was sampled and stored at -20°C for determination of PCDD/Fs and PCBs. 
Muscle and bile samples from the individual animals in each treatment group and time-
point (n = 6) were pooled prior to chemical analyses. Bile concentrations of the PAH 
metabolites, 1-hydroxypyrene (1-OH-Pyr), 1-hydroxyphenathrene (1-OH-Phen) and 
3-hydroxybenzo[a]pyrene (3-OH-B[a]P) were measured by HPLC with fluorescence 
detection (Brinkmann et al. 2013, Kammann 2007) and the muscle tissue concentrations of 17 
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PCDD/Fs, 6 i-PCBs, and 12 dl-PCBs were determined using HRGC-HRMS, in accordance 
with previously published protocols (Schmid et al. 2007, Zennegg et al. 2002). The methods 
used to count micronuclei and the relative abundance of white blood cells in peripheral blood 
samples, to quantify hepatic CYP1A and caspase 3β mRNA expression using quantitative 
real-time reverse transcription PCR (qPCR), to measure EROD activity and to conduct the 
histopathological analyses have been published elsewhere (Bernet et al. 1999, Brinkmann et 
al. 2010a, Brinkmann et al. 2013, Dick & Dixon 1985, Johnson et al. 2009, Wolf & Wolfe 
2005). The primer pairs used for qPCR are given in Table 7.1. 
Details regarding the individual protocols and the equations used for calculation of 
morphometric indices can be found in Annex III. 
 
7.3.7 Data analysis and physiologically based toxicokinetic (PBTK) modelling 
All calculations were performed in Microsoft Excel™ 2013 spread sheets. Graphs were 
plotted and analysed statistically by GraphPad Prism 5 (GraphPad, San Diego, USA). All 
datasets that included the influence of two factors (i.e. time and sediment, or concentration 
and sediment) were analysed by two-way analysis of variance (ANOVA; p ≤ 0.05) with 
Dunnett’s post-hoc test (p ≤ 0.05), as applied by Li et al. (2011). Since two-way ANOVA 
does not allow for empty datasets, the day 60 values were used instead of the missing values 
for PR on day 90. Ordinal values for histopathological data on day 90 were analysed using a 
non-parametric Kruskal-Wallis one-way ANOVA on ranks, with Dunn’s post-hoc test (cf. 
Weber et al. 2003). The probability of Type I error (α) was set to p ≤ 0.05. Unless indicated, 
all data are expressed as the mean value ± standard deviation. 
Furthermore, concentrations of PCDD/Fs and PCBs in the muscle tissue of exposed fish 
were modelled using the PBTK approach described in Chapter 6, and compared with the 
measured concentrations. 
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Table 7.1 Primer pair sequences, amplicon sizes, and accession numbers of the investigated genes used in real-
time PCR reactions. Modified from Brinkmann et al. (2013). 
Gene Primer sequence (5ʹ–3ʹ) Amplicon size (bp)  GeneBank accession no. 
CYP1A
a
 
F:GATGTCAGTGGCAGCTTTGA 
R:TCCTGGTCATCATGGCTGTA 
104 U62796 
EL-1α 
F:GAGAACCATTGAAAAGTTCGAGAAG 
R:GCACCCAGGCATACTTGAAAG 
71 NM_001124339 
Casp 3βb 
F: GGAGAACAGGAATGAGTTCT 
R: TCACGTTGTACCCCAAACGT 
87 FR751081 
a
This primer pair was previously published by Wiseman and Vijayan (2007) 
b
This primer pair was previously published by Bobe et al. (2004) 
CYP1A, cytochrome P450 1A; EL-1α, elongation factor 1α; Casp 3β, caspase 3β 
 
7.4. Results 
7.4.1 Physicochemical and analytical characterisation of sediments 
An extensive analysis of the elemental composition and particle size distribution of the 
three sediments from EBR, PR and ZE was performed (Annex III, Table III.1) in order to 
check that they were comparable. These sediments generally showed similar characteristics. 
Total organic carbon was approximately 10% lower in the EBR sediment, while the calcium 
content was 3- to 5-fold lower in the PR sediment, as compared with the others. The particle 
size distribution was similar in all three sediments. Compared with the other two sediments, 
the EBR sediment only showed a slightly higher content of fine sand (63 to 200 µm) and 
correspondingly a slightly lower proportion of fine silt and clay (< 20 µm; Annex III, Table 
III.1). 
The concentrations of 17 PCDD/Fs and 12 dl-PCBs were determined according to the DIN 
38414-24 (DIN 2000) guideline and are provided in Annex III, Table III.2. The 
concentrations of all measured PCDD/Fs and dl-PCBs were multiplied by their individual 
WHO 2005-TEFs, as described by Van den Berg et al. (2006), to calculate their WHO 2005-
TEQs. The combined WHO 2005-TEQs for PCDD/Fs and dl-PCB were 8.4, 13.1 and 
218 ng TEQ kg
-1
 dry weight (dw) for the EBR, PR and ZE sediments, respectively. 
Furthermore, the concentrations of i-PCBs, 16 EPA-PAHs, mineral oil hydrocarbons and 
10 heavy metals were determined in the sediment samples; these generally reflected the 
relative contamination levels (Annex III, Table III.3). The summed concentrations of the 
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i-PCBs were 23.8, 54.7 and 108.0 µg kg
-1
 dw for EBR, PR and ZE sediments, respectively, 
while the summed concentrations of the 16 EPA-PAHs were 2.4, 6.5 and 9.8 mg kg
-1
 dw, 
respectively. 
 
7.4.2 Mortality of experimental animals 
Fish mortality due to the treatments was generally low and ranged between 0.0 and 8.1% in 
individual tanks (data not shown). Due to the technical malfunction of one of the pumps in the 
undiluted PR treatment between days 60 and 90, no animals were available for analysis on 
day 90 in this treatment. 
 
7.4.3 Uptake of PCDD/Fs, PCBs and PAHs, and PAH metabolism 
The total concentration of the six i-PCBs in the untreated control fish was 2.85 µg kg
-1
 fw. 
In fish exposed to EBR and PR sediments, these concentrations increased to 9.13 and 
6.13 µg kg
-1
 fw, respectively (Figure 7.1A). Uptake of i-PCBs after 90 days was notably 
higher in ZE-exposed fish (23.22 µg kg
-1
 fw) than in those exposed to the other sediments, 
and this effect was clearly concentration-dependent; this was not the case for the PR sediment 
(Figure 7.1C). The concentrations of all measured PCDD/Fs and dl-PCBs in fish were 
multiplied by their individual WHO 2005-TEFs, as described by Van den Berg et al. (2006), 
to calculate the WHO 2005-TEQs. The total concentration of PCDD/Fs in the untreated 
control fish was 0.28 ng TEQ kg
-1
 fw, while that of the 12 dl-PCBs was 0.10 ng TEQ kg
-1
 fw. 
These concentrations did not change in fish exposed to the PR sediment, although an elevated 
concentration was observed on day 7. In contrast, they increased with time up to 
0.41  ng PCDD/F TEQ kg
-1
 fw and 0.32 ng dl-PCB TEQ kg
-1
 fw in EBR-exposed fish, and up 
to 0.73 ng PCDD/F TEQ kg
-1
 fw and 0.27 ng dl-PCB TEQ kg
-1
 fw in ZE-exposed fish, 
respectively (Figure 7.1B). No relationship was observed between the sediment dilution factor 
and the resulting TEQ in fish on day 90 (Figure 7.1D). 
PAH uptake and metabolism was investigated by HPLC with fluorescence detection. Bile 
liquids were treated with β-glucuronidase/arylsulfatase prior to HPLC analysis of 1-OH-Pyr, 
1-OH-Phen, and 3-OH-B[a]P. The method thus determines the sum of hydroxylated and 
conjugated PAHs (after phase II metabolism), and therefore provides a good approximation of 
the total PAH uptake. 
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Figure 7.1 Concentrations of indicator polychlorinated biphenyls (i-PCBs), polychlorinated 
dibenzo-p-dioxins (PCDDs), polychlorinated dibenzofurans (PCDFs) and dioxin-like PCBs (dl-PCBs) 
in muscle tissue of rainbow trout exposed to suspended sediments over time (A, B), and at different 
dilutions on day 90 (C, D). Bars represent individual measurements in one pool (n = 6 fish in each) per 
treatment and time-point. 
 
Concentrations of the three metabolites increased rapidly over time and remained relatively 
constant after 7 days (data not shown). Thus, all five time points were jointly analysed and 
plotted against the dilution factor (Figure 7.2). Compared with untreated control animals, the 
concentration of 1-OH-Pyr in the bile of fish exposed to suspended EBR sediment was 
increased by about 4-fold, to 1,930 ± 950 ng mL
-1
 (Figure 7.2A). This increased 
proportionally with an increasing concentration of ZE sediment and was statistically 
significant for dilutions of up to 4-fold, as compared with EBR sediment (two-way ANOVA 
with Dunnett’s post-hoc test, p ≤ 0.05), with a maximum concentration of 
6,820 ± 910 ng mL
-1
. The limits of detection (LOD) and quantification (LOQ) for 1-OH-Pyr 
were 6.8 and 45.0 ng mL
-1
, respectively. Biliary concentrations of the phenanthrene 
metabolite, 1-OH-Phen, in EBR-exposed fish (36.1 ± 7.3 ng mL
-1
) were comparable with 
those observed in untreated control animals (27.0 ng mL
-1
). They increased proportionally 
with an increasing proportion of ZE sediment, up to 271 ± 135 ng mL
-1
 (Figure 7.2B), and 
were significantly higher in animals exposed to pure ZE sediment and the 2-fold ZE dilution 
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(two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05), as compared with the EBR-
exposed fish. The LOD and LOQ of 1-OH-Phen were 1.0 and 3.3 ng mL
-1
, respectively. 
Concentrations of 3-OH-B[a]P were generally low and were mostly close to the LOQ (Figure 
7.2C). The LOD and LOQ of 3-OH-B[a]P were 4.1 and 12.9 ng mL
-1
, respectively. Exposure 
to either PR or ZE sediments at any concentration did not significantly increase the bile 
3-OH-B[a]P concentrations, although a slight trend was observed in fish exposed to the ZE 
sediment. There was no significant relationship between the uptake and metabolism of any of 
these three PAHs and the concentration of the PR sediment. 
 
7.4.4 Morphometric indices and blood glucose 
K, LSI and blood glucose concentrations were measured as indicators of general fitness. K 
generally decreased over time (Annex III, Table III.4) and was significantly lower in all fish 
exposed to ZE treatments on day 60 (two-way ANOVA with Dunnett’s post-hoc test, 
p ≤ 0.05), as compared with EBR-exposed fish. The same trend was observed for LSI (Annex 
III, Table III.5), with most treatments reducing the LSI, as compared with untreated control 
animals, after 90 days (two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). Blood 
glucose concentrations were generally stable (Annex III, Table III.6) and were only decreased 
after 90 days of exposure to the 8-fold dilution of PR, as compared with untreated control 
animals (two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). 
 
7.4.5 Molecular and biochemical biomarkers 
The level of cyp1a mRNA in rainbow trout liver was assessed as a measure of AhR 
activation using qPCR (data not shown). Cyp1a mRNA was significantly induced (up to 
900-fold) following exposure to all three sediments on days 60 and 90, as compared with 
unexposed control animals and EBR sediment-exposed animals (two-way ANOVA with 
Dunnett’s post-hoc test, p ≤ 0.05). No statistically significant concentration-dependence was 
observed on day 7 or on day 60 (data not shown; two-way ANOVA with Dunnett’s post-hoc 
test, p > 0.05). No statistically significant time- or concentration-dependent effects were 
observed on hepatic caspase 3β mRNA expression (data not shown, two-way ANOVA with 
Dunnett’s post-hoc test, p > 0.05). 
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Figure 7.2 Concentrations of the polycyclic aromatic hydrocarbon (PAH) metabolites, 
1-hydroxypyrene (A, 1-OH-Pyr), 1-hydroxyphenanthrene (B, 1-OH-Phen) and 
3-hydroxybenzo[a]pyrene (C, 3-OH-B[a]P) in bile from rainbow trout exposed to suspended 
sediments. Bars represent mean values, error bars represent standard deviations of all pools (n = 6 fish 
each) exposed to the respective treatments for five different time-periods. Asterisks indicate 
statistically significant differences for the comparison with Ehrenbreitstein (EBR) sediment-exposed 
fish (two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). The limits of detection (LOD) and 
quantification (LOQ) for 3-OH-B[a]P in C are shown as dashed and solid horizontal lines, 
respectively. 
 
Hepatic EROD activity was investigated as a measure of the catalytic activity of CYP1A 
(Figure 7.3). It was significantly induced (two-way ANOVA with Dunnett’s post-hoc test, 
p ≤ 0.05) by day 30 (and by up to 29-fold on day 90) in ZE-exposed fish, as compared with 
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untreated control animals (Figure 7.3A; 2.5 ± 1.3 pmol mg
-1
 min
-1
). Moreover, there was a 
strong correlation between the concentration of ZE sediment and the resulting EROD activity 
in exposed fish (Figure 7.3B), whereby undiluted and 2-fold diluted sediment caused 
significant induction of EROD (two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). In 
contrast, EBR and PR sediments did not significantly induce EROD activity. 
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Figure 7.3 Hepatic 7-ethoxyresorufin-O-deethylase (EROD) activity in rainbow trout exposed to suspended 
sediments over time (A), and at different dilutions on day 90 (B). Bars represent mean values, error bars 
represent standard deviations for 6 individual fish per treatment and time-point. Asterisks indicate statistically 
significant differences, for the comparison with untreated control animals (A) or with Ehrenbreitstein (EBR) 
sediment-exposed fish (B; two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). 
 
 
7.4.6 Haematological, gross pathological and histological analyses 
The abundance of white blood cells in peripheral blood samples was assessed as a marker 
of effects on the immune system and for general stress (Figure 7.4). Blood from unexposed 
control animals contained 95.0 ± 1.3% erythrocytes, 0.8 ± 0.7% thrombocytes and 4.3 ± 0.8% 
white blood cells. The fraction of white blood cells decreased significantly over time in all 
treatments (two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05); this effect was first 
visible in ZE-treated fish on day 30 (Figure 7.4A). Although there was a slight concentration-
dependent decrease in the number of white blood cells in ZE-treated fish on day 60, this was 
not statistically significant (Figure 7.4B) and no such trend was observed on day 90 
(Figure 7.4C). 
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The occurrence of micronuclei and other nuclear lesions (binuclei, segmented nuclei, 
notched and blebbed/lobed nuclei) in peripheral erythrocytes was assessed as a marker for 
genotoxicity (Figure 7.5). Such lesions were rare in unexposed control fish (0.7 ± 1.2‰) and 
increased significantly over time in fish exposed to any of the test sediments (Figure 7.5A, 
two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). Animals exposed to ZE sediment 
showed the highest frequency of these lesions (9.9 ± 3.4‰) and this was the only statistically 
significant difference for the comparison with EBR-treated fish (Figure 7.5B, two-way 
ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). 
Externally visible gross pathological lesions of the caudal peduncle or the jaws, fin 
erosion, and alterations of the urogenital opening were recorded during exposure to sediment 
suspensions (Annex III, Table III.7). The cumulative percentage of such lesions was 
significantly increased in fish exposed to undiluted ZE sediment for 90 days (8.1%), as 
compared with untreated control animals, and in fish exposed to 4-fold diluted ZE sediment 
for 60 and 90 days (10.8 and 13.5%, respectively), as compared with both untreated controls 
and EBR-treated fish (two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). 
Histopathological analyses of the liver were conducted to investigate biological effects at 
the organ level (Figures 7.6 and 7.7). Figure 7.6A shows a photomicrograph from a 
haematoxylin and eosin-stained 3-µm thin section of an untreated control liver; this showed a 
homogeneous structure, with no anomalies. A comparable section of the liver of a ZE-
exposed fish on day 90 is shown in Figure 7.6B; this had a heterogeneous structure and 
contained necrotic and vacuolated areas, as well as large melanomacrophage aggregates 
(MAs). The results of a semi-quantitative analysis of these histological anomalies are shown 
in Figure 7.7.  
While the controls did not show any necrotic tissue areas, such lesions occurred 
significantly more frequently in fish exposed to undiluted ZE sediment, 8-fold diluted ZE 
sediment, or 2-fold diluted PR sediment, as compared with EBR-treated animals 
(Figure 7.7A, one-way ANOVA with Dunn’s post-hoc test, p ≤ 0.05). MAs did not occur in 
control fish and were more frequent in all groups of sediment-exposed fish (Figure 7.7B). The 
greatest and most statistically significant difference was found for animals exposed to ZE 
sediment, as compared with EBR-treated fish (one-way ANOVA with Dunn’s post-hoc test, 
p ≤ 0.05). 
  
Chapter 7 – Bioavailability of sediment-bound DLCs in fish 
 
 
158 
C 1 4 3 0 6 0 9 0
0
1
2
3
4
5
6
7
W
h
it
e
 b
lo
o
d
 c
e
ll
s
 (
%
)
n
.d
.
E B R P R Z EA
*
*
*
*
*
C E B R 1 6 8 4 2 1
0
1
2
3
4
5
6
7
W
h
it
e
 b
lo
o
d
 c
e
ll
s
 (
%
)
P R Z EB
*
C E B R 1 6 8 4 2 1
0
1
2
3
4
5
6
7
W
h
it
e
 b
lo
o
d
 c
e
ll
s
 (
%
)
P R Z EC
n
.d
.
*
 
Figure 7.4 Relative abundance of white blood cells (%) in peripheral blood samples from rainbow 
trout exposed to suspended sediments for the indicated times (A), and at different dilutions on days 60 
and 90, respectively (B, C). Bars represent mean values and error bars show the standard deviations, n 
= 6 individual fish per treatment and time-point. Asterisks indicate statistically significant differences 
for the comparison with untreated control animals (A) or with Ehrenbreitstein (EBR) sediment-exposed 
fish (B, C; two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05). 
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Figure 7.5 Micronuclei, binuclei, segmented nuclei and notched and blebbed/lobed nuclei (‰) in 
peripheral blood samples of rainbow trout exposed to suspended sediments for the indicated times (A), 
and at the indicated dilutions for 90 days (B). Bars represent mean values and error bars represent the 
standard deviations, n = 6 individual fish per treatment and time-point. Asterisks indicate statistically 
significant differences for the comparison with untreated control animals (A) or Ehrenbreitstein (EBR) 
sediment-exposed fish (B; two-way ANOVA with Dunnett’s post-hoc test, p ≤ 0.05).  
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Figure 7.6 Histological analysis of 3-µm liver sections from control animals (A) and from rainbow 
trout exposed to suspended Zollelbe (ZE) sediment for 90 days (B). Sections were stained with 
haematoxylin and eosin and photomicrographs were recorded at 20 × magnification. Scale bars 
correspond to a distance of 300 µm. Arrows indicate melanomacrophage aggregates. 
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Figure 7.7 Semi-quantitative analysis of the frequency of necrotic lesions (A) and melanomacrophage 
aggregates (B) in livers of rainbow trout exposed to suspended sediments for 90 days. Bars represent 
mean values and error bars show the standard deviations of ordinal data (0: no alteration; 1: mild; 2: 
medium; 3: severe), n = 6 individual fish per treatment and time-point. Asterisks indicate statistically 
significant differences for the comparison with untreated control animals (Kruskal-Wallis one-way 
ANOVA on ranks with Dunn’s post-hoc test, p ≤ 0.05). 
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7.4.7 PBTK-modelling of internal concentrations in muscle tissue 
Concentrations of PCDD/Fs, dl- and i-PCBs in the muscle tissue of rainbow trout exposed 
to contaminated sediment suspensions were predicted using the PBTK modelling approach 
described in Chapter 6 and compared with the experimentally determined concentrations of 
each compound in muscle tissue (resulting in a total of 770 data points). The fraction of 
PCDD/F and PCBs available for equilibrium partitioning between the sediment and water 
phase was assumed to be equal to the rapidly desorbing fraction of PAHs, as determined using 
the infinite sink method, with TENAX TA as the adsorbent (Zimmer 2014). Predictions for 
PCBs were generally accurate, with a root mean squared error (RMSE) of 0.34 log units, 
while the availability of PCDD/Fs was overestimated by the model, resulting in an RMSE of 
0.95 log units (Figure 7.8). 
 
Figure 7.8 Correlation of measured concentrations of polychlorinated dibenzo-p-dioxins (PCDDs), 
polychlorinated dibenzofurans (PCDFs) and dioxin-like and indicator polychlorinated biphenyls 
(dl- and i-PCBs) in muscle tissue of rainbow trout exposed to contaminated sediment suspensions, as 
well as the predicted concentrations in muscle tissue calculated using the physiologically based 
toxicokinetic (PBTK) modelling approach described in Chapter 6. The fraction of PCDD/F and PCBs 
available for equilibrium partitioning was assumed to be equal to the rapidly desorbing fraction of 
polycyclic aromatic hydrocarbons (PAHs), determined using the infinite sink method, with TENAX 
TA as the adsorbent (Zimmer 2014). 
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7.5 Discussion 
7.5.1 Suitability of the exposure conditions for experiments with sediment suspensions 
These rainbow trout experiments aimed to achieve an environmentally realistic exposure 
scenario resembling the conditions created by flood events or dredging activities. Care was 
taken to maintain the physicochemical parameters within a range that was acceptable for 
rainbow trout. The temperature was held constant at 17.9 ± 1.3°C, which is close to the 
growth optimum for juvenile rainbow trout (17.2°C; Hokanson et al. 1977). Furthermore, the 
dissolved oxygen concentration averaged an optimal value (8.9 ± 0.5 mg L
-1
) during the 
present study, which corresponded to 94% saturation (Weiss 1970).  
Flood events in the field would be associated with lower dissolved oxygen concentrations 
and greater physical stress to fish; this would evidently lead to greater accumulation of 
bioavailable contaminants (Brinkmann et al. 2014b). Total water hardness, pH, and electrical 
conductivity were also within the optimal ranges during these experiments using rainbow 
trout. SPM concentrations decreased in the periods between sediment exchanges and thus 
deviated substantially from the nominal concentration of 5.0 g L
-1
, ranging on average from 
between 6.0 g L
-1
 immediately after a sediment exchange, to 0.7 g L
-1
 after a period of 10 
days. Maximum SPM concentrations as high as 28 g L
-1
 have been reported in the Yellow 
River, China, which is one of the most turbid rivers in the world (Xia et al., 2006). In typical 
European rivers, the maximum SPM concentrations are considerably lower, even during flood 
events. Eyrolle and co-workers (2012) found SPM concentrations of 3.7 g L
-1
 during a flood 
event in the river Rhone, France, while concentrations during flood events in the rivers Elbe 
in 2002 and Rhine in 1995 were 0.3 g L
-1
 (Pepelnik et al., 2004) and 0.4 g L
-1
 (Engel, 1999), 
respectively. The SPM concentrations used within the present study therefore covered the 
upper range of SPM concentrations measured SPM concentrations during flood events in 
European rivers and streams, and can be considered to represent a worst-case scenario that 
would only be expected during extreme flood events. 
The duration of fish exposure to suspended sediments also represented a worst-case 
scenario. Past extreme flood events in Europe have typically lasted from several days to 
weeks (Barredo 2007). It has been predicted that the maximum duration of flood events in the 
Rhine basin could vary between 5 and 118 days for the lowest flood plains in the upcoming 
decades as a result of global climate change (Kwadijk & Middelkoop 1994). The chosen 
duration of 90 days thus corresponds to the upper limit of possible flood durations. 
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7.5.2 Representativity of the tested sediment samples for fluvial systems 
The sediment samples investigated within the present study were chosen to represent 
different contamination levels, ranging from the moderate ‘background contamination’ of 
central European rivers, to high contamination levels. The total concentrations of PCDD/Fs 
measured in ZE sediment certainly represented the upper level of dioxin contamination found 
in German rivers, while the values observed in the EBR and PR sediments represented a 
contamination level that is typical for rivers with some industrial influence (Brack et al. 2008, 
Joas & Müller 2007, Umlauf et al. 2005). The total concentrations of dl-PCBs measured in 
EBR and PR sediments represented an average value that is typically found in the rivers 
Rhine and Elbe, while the comparably high concentration in ZE sediment was more typical of 
the more heavily contaminated Czech part of the river Elbe (Stachel et al. 2011). The 
concentrations of i-PCBs in EBR sediment were approximately equal to the median of 
measured values from the river Rhine between 1989 and 1996, while values measured in PR 
sediment were within the range previously reported for a typical contamination background of 
the river Elbe, although much higher values have been reported by other researchers for this 
location (Stachel et al. 2011). ZE sediment again showed a contamination level that was 
clearly greater than the average concentrations (Joas & Müller 2007).  
The total concentrations of the 16 EPA-PAHs in EBR sediment were in good agreement 
with previously reported values for the river Rhine, which ranged from 1.92-3.80 mg kg
-1
 
(Feiler et al. 2013, Heimann et al. 2011, Wölz et al. 2010). Concentrations of these 16 EPA-
PAHs in the PR and ZE sediments were within the range typically found in the river Elbe. 
Reported values from the literature ranged from below 1.00, to a maximum of 509.40 mg kg
-1
 
dw (Feiler et al. 2013, Otte et al. 2013). 
It should be emphasised that the concentrations of other pollutants generally showed the 
same relative contamination levels as the DLCs. Thus, any link between DLC levels and the 
effects in fish should be established with caution (Annex III, Table III.3). A potential 
alternative would be to conduct studies using spiked sediments; however, this approach has 
been shown to result in an overestimation of desorption rates and of the bioavailable 
compound fractions (Brinkmann et al. 2013).  
In summary, the sediment samples chosen for the present study were representative of the 
range of different contamination levels found in German rivers, ranging from typical 
‘background contamination’ to a relatively high level of contamination with DLCs, i-PCBs 
and PAHs. 
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7.5.3 Uptake of PCDD/Fs, PCBs and PAHs from sediment suspensions 
Exposure of rainbow trout to suspended contaminated sediments led to significant uptake 
of DLCs, i-PCBs and PAHs. The time- and concentration-dependence of this uptake was, as 
expected, more evident for compounds with lower n-octanol-water partitioning coefficient 
(log Kow) values, i.e. PAHs and some less-chlorinated i-PCBs (Figures 7.1 and 7.2). Similar 
evidence was presented by Ruus et al. (2012), who exposed Atlantic cod (Gadus morhua) to 
i-PCBs either through continuous suspension of sediments or by feeding them with 
polychaetes that had been previously exposed to the same sediment. The authors found that 
sediment-bound i-PCBs were readily bioavailable from re-suspended sediments, although the 
feeding experiment resulted in higher overall concentrations. PCDD/Fs, particularly those 
with four or more chlorine atoms, are known to accumulate to a lesser extent than other 
compounds with comparable structural properties during aqueous exposure (Opperhuizen & 
Sijm 1990). This fact may explain the present study’s observation that there was: (a) only a 
limited increase (up to approximately 2-fold) of WHO 2005-TEQs in sediment-exposed fish, 
as compared to the control group; and (b) no relationship between the sediment dilution factor 
and the uptake of dl-PCBs and PCDD/Fs. Considering the limited water solubility of these 
compounds, their aqueous concentrations will most probably have shown little variation, 
regardless of the dilution factor, thus leading to the absence of a clear relationship between 
the sediment dilution factor and the uptake of dl-PCBs and PCDD/Fs. It should be noted, 
however, that much greater time- and concentration-dependent increases (as compared to the 
control group) were observed in ZE-exposed fish for some congeners, particularly 
1,2,3,4,6,7,8-HpCDF (up to 23-fold), 1,2,3,6,7,8-HxCDF (up to 24-fold), 
1,2,3,4,6,7,8-HpCDD (up to 90-fold) and OCDD (up to 251-fold). These congeners were 
present at only low concentrations in muscle tissue and thus produced a limited influence on 
the resulting WHO 2005-TEQs. All measured total TEQs, i.e. the sum of WHO 2005-TEQs 
for PCDD/Fs and dl-PCBs, were well below the EQSbiota value of 6.5 ng TEQ kg
-1
 fw (EU 
2013), but it should be emphasised that their concentrations did not reach equilibrium 
conditions. Nonetheless, exposure of fish to elevated concentrations of DLCs in rivers and 
streams via the aqueous phase for periods exceeding 90 days is unlikely and can be seen as a 
worst-case scenario. 
Previous research has clearly established that the uptake and metabolism of PAHs, as 
assessed by biliary metabolites in fish exposed in the field or under laboratory conditions, can 
often be clearly related to PAH contamination of water and sediments (Beyer et al. 2010, 
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Brinkmann et al. 2013, Kammann et al. 2013). The major PAH metabolite in fish bile is 
1-hydroxypyrene (1-OH-Pyr) and its conjugated forms, which renders this metabolite a 
particularly suitable biomarker of exposure to PAHs (Ruddock et al. 2003). In the present 
study, significantly greater and concentration-dependent uptake of 1-OH-Pyr (up to 
6.8 µg mL
-1
) was detected in fish exposed to ZE sediment, as compared to the other sediments 
(Figure 7.2A). The same trend was observed for 1-OH-Phen, although this compound was 
present at much lower concentrations and only showed a statistically significant difference in 
fish exposed to the two highest concentrations of ZE sediment. 3-OH-B[a]P was the only 
metabolite that did not show statistically significant differences in sediment-exposed fish. It 
should be noted, however, that the levels of this metabolite were well below the LOD in bile 
of unexposed control fish, while its concentrations in all sediment-exposed fish were above 
the LOD, and mostly even above the LOQ. It is important to relate these differences to the 
levels of contamination and the ratio of concentrations measured in EBR, PR and ZE 
sediments was 1 : 3.2 : 4.8 for 1-OH-Pyr, 1 : 4.2 : 7.6 for 1-OH-Phen and 1 : 2.2 : 2.5 for 
3-OH-B[a]P, respectively, thereby explaining the differences in the uptake and metabolism of 
these three compounds. The most important route of uptake for water-borne PAHs is via the 
gills and this route has also been demonstrated to apply in fish exposed to sediment 
suspensions (Brinkmann et al. 2014b, De Voogt et al. 1991, Kennedy & Law 1990, Lee et al. 
1972, Yang et al. 2000). Compared to similar experiments conducted by our own group, 
concentrations of 1-OH-Pyr and 1-OH-Phen in EBR-treated fish from the present study were 
considerably lower (by approximately 2- to 6-fold), most probably due to the fact that, in 
contrast to the previous experiments, the fish were fed (Brinkmann et al. 2013). It is well 
established that bile liquid is released into the gastrointestinal tract of fish at much higher 
rates when they are fed and this influences the concentrations of biliary PAH metabolites 
(McCormick & Podoliak 1984). 
In order to systematically use such experimental evidence for the derivation of EQSs for 
sediment DLC concentrations, quantitative computational methods are required to facilitate 
description of the concentration-dependent bioavailability of DLCs from native sediments, 
without conducting additional animal experiments. Such computational methods could 
include PBTK models, which can be used to predict internal chemical concentrations in the 
whole fish and in various tissues at any time during exposure, and have been used previously 
to predict the uptake of sediment-bound PAHs (Brinkmann et al. 2014b). 
Application of the PBTK modelling approach described in Chapter 6 to the exposure 
conditions employed in this chapter generally resulted in accurate predictions of the levels of 
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PCBs, but overestimated the bioavailability of PCDD/Fs. This may be because the fraction of 
chemical available for equilibrium partitioning between sediment and water (prior to uptake 
by the fish) was estimated from the rapidly desorbing fraction of PAHs from the same 
sediments. It is likely that such values fit relatively well for PCBs, but not for PCDD/Fs. 
Nonetheless, this modelling exercise clearly demonstrated that the availability of sediment-
bound PCBs to fish can be conveniently modelled by PBTK models using the 
physicochemical properties of the sediments and of the chemicals of interest, thereby 
providing a valuable tool for the derivation of sediment EQS values. 
 
7.5.4 Biomarker response in exposed rainbow trout 
K was significantly decreased in fish exposed to ZE sediment, in comparison with those 
exposed to EBR sediment, with the same trend being observed for the LSI. Both of these 
indices suggested reduced fitness and increased general stress levels in fish exposed to DLCs. 
Additional evidence for this hypothesis was provided by the marked leucopoenia observed in 
exposed fish (Figure 7.4), i.e. the reduced abundance of leucocytes, which has been shown to 
associate with general stress in rainbow trout, as well as pollution-induced stress (Angelidis et 
al. 1987, Dunier & Siwicki 1993). Nonetheless, blood glucose concentrations were still 
maintained within a narrow range and did not differ significantly between the study groups, 
indicating that exposed fish were able to adapt to the increased stress (Jentoft et al. 2005). 
Hepatic activities of the mixed function monooxygenase enzyme, EROD, closely followed 
the same trend as the observed uptake of DLCs and the biliary PAH metabolites in rainbow 
trout exposed to ZE sediment, with induction factors of up to 29-fold (Figure 7.3). Exposure 
time was an important determinant of EROD activity. In most fish species, the maximum 
induction during exposure to single DLCs under laboratory conditions is reached after less 
than seven days (Whyte et al. 2000). Induction factors observed in this study were in line with 
those observed by other researchers but EROD activity did not reach a maximum, due to the 
constantly increasing concentration of EROD inducers in fish under these semi-static 
exposure conditions (Munkittrick et al. 1995, Vigano et al. 1993). In summary, EROD 
activity closely reflected the contamination levels of the investigated sediments and was a 
reliable biomarker of exposure to DLCs, as had been previously demonstrated (Addison et al. 
1994, Van Veld et al. 1990). 
With the exception of some PR-exposed fish, hepatic expression of cyp1a mRNA was 
significantly induced by up to 900-fold (data not shown), probably corresponding to the 
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maximum possible induction (Rees & Li 2004). The induction of mRNA abundance prior to 
the induction of enzymatic activity is typical for transcriptionally controlled genes, and the 
resulting differences in EROD activities might be explained by differences in post-
transcriptional processing of mRNA (Levine & Oris 1999). 
The frequencies of micronuclei and other nuclear aberrations were already significantly 
increased following 14-day exposure to PR or ZE sediments and remained elevated until the 
end of the experiment (Figure 7.5). Furthermore, these frequencies were concentration-
dependent in ZE-exposed fish. Nuclear aberrations are strong indicators of genetic damage 
and have been shown to be predictive of potential population-level effects in fish (Diekmann 
et al. 2004, Heddle et al. 1991). In particular, metabolites of some PAHs that were found at 
elevated concentrations in PR and ZE sediments are known to cause pronounced genotoxic 
effects (Al-Sabti & Metcalfe 1995). The formation of micronuclei is directly dependent on the 
duration of exposure (Das and Nanda 1986). The maximum induction is reached after 
approximately seven days, which might be the reason for the lack of time-dependence 
observed for the induction of nuclear aberrations in the present study (De Flora et al. 1993). 
However, the expression of caspase 3β mRNA in the livers of exposed rainbow trout (data not 
shown), which is considered to be an early sign of apoptosis, was not significantly altered 
during exposure to these contaminated sediments, indicating that there was no direct causal 
link between these processes in the present study (Takle & Andersen 2007). 
Gross pathological lesions were significantly increased in fish exposed to undiluted and 
4-fold diluted ZE sediment (Annex III, Table III.4); these included lesions of the caudal 
peduncle or the jaws, erosion of the fins and haemorrhagic alterations of the urogenital 
opening. These observations might indicate a potential pathogen-induced furunculosis, 
although this was not explicitly verified (Řehulka 2002). These data might provide further 
evidence for a general reduction in the fitness of ZE-exposed fish, leading to an increased 
susceptibility to infection. Other authors have previously demonstrated that pollution can 
increase the susceptibility to certain pathogens, including the furunculosis-inducing 
bacterium, Aeromonas salmonicida (Schmidt-Posthaus et al. 2001). 
Histopathological analyses of the livers of exposed fish were conducted on day 90 to 
investigate biological effects on the organ level (Figures 7.6 and 7.7). The most marked 
alterations were the elevated frequencies of necrotic lesions and MAs, respectively. Necrotic 
lesions were more frequently observed in fish exposed to undiluted and 8-fold diluted ZE 
sediment, as well as 2-fold diluted PR sediment. Necrotic lesions are considered to be clearly 
pathological responses to toxicant exposure. DLCs and other pollutants have been 
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demonstrated to increase the frequency of necrotic lesions in liver tissue (Walter et al. 2000, 
Wolf & Wolfe 2005). MAs are spatially discrete groups of pigmented phagocytes, which 
primarily occur in haematopoietic organs of fish, but also in the liver. It is well accepted that 
MAs sequester cellular degradation products, trap and retain antigens, and detoxify 
endogenous and exogenous materials (Agius & Roberts 2003, Wolke 1992). The size and 
abundance of MAs are directly proportional to the intensity of environmental stress, including 
exposure to pollutants (Blazer et al. 1987, Passantino et al. 2014). Furthermore, MAs occur 
more frequently in starved fish due to their increased catabolic activity (Agius & Roberts 
1981). The liver MA levels were increased in fish exposed to any of the sediments used 
within the present study, but the greatest effects were observed in fish exposed to undiluted 
ZE sediment; MA levels in these fish differed significantly from those observed in EBR-
exposed fish (Figure 7.7B).  
 
7.5.5 Synopsis and implications for the management of contaminated sediments 
In summary, we have presented analytical evidence indicating that sediment-borne DLCs, 
i-PCBs and PAHs were readily available for uptake and (in the case of PAHs) metabolism, in 
rainbow trout exposed to suspensions of contaminated sediments. Uptake of these compounds 
was associated with functional responses that can be considered either as biomarkers of 
exposure (increased cyp1a mRNA levels and EROD activity), or as biomarkers of effects 
(haematological changes, nuclear aberrations and gross pathological and histopathological 
alterations). In this way, we were able to document the effects of exposure to DLCs, ranging 
from reversible functional responses that could be considered to reflect adaptation, to 
pathological effects. Our results clearly show that (1) re-suspended DLC-contaminated 
sediments can have significant toxicological impacts on exposed fish; (2) the associated 
effects in fish are concentration-dependent; and (3) the effects included marked pathological 
changes at the tissue level. Thus, the investigated exposure scenario can be considered highly 
relevant to the situation in the field, as previously reported by other researchers (Goossens & 
Zwolsman 1996, Latimer et al. 1999, Roberts 2012), and is of great relevance to wild fish 
populations. 
The question of how to apply such experimental information to the establishment of EQS 
values for DLCs in sediment is of particular interest in this context, because the lack of 
experimental data has prevented the derivation of these values (EQS dossier 2011). The 
median sediment dilution that caused no statistically significant responses in the chemical or 
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biological markers investigated in the present study (i.e. biliary 1-OH-Pyr and 1-OH-Phen, 
EROD activity, nuclear aberrations, necrotic lesions and hepatic MAs) was 1 (i.e. undiluted 
sediment) for PR sediment and 4 for ZE sediment. The calculated concentrations of PCDD/Fs, 
dl-PCBs, i-PCBs and 16 EPA-PAHs in 4-fold diluted ZE sediment were 
57.09 ng WHO 2005-TEQ kg
-1
 dw, 3.74 ng WHO 2005-TEQ kg
-1
 dw, 44.87 µg kg
-1
 dw, and 
4.24 mg kg
-1
 dw, respectively; these were comparable to the measured concentrations in 
undiluted PR sediment (with the exception of PCDD/Fs). This indicated that the data derived 
from these sediments were consistent and might therefore provide a preliminary evidence 
base for the establishment of sediment EQS values based on the risk of re-suspension to 
exposed fish. 
 
7.6 Conclusion 
The results of this study clearly show that (1) particle-bound DLCs and PAHs are readily 
bioavailable to fish from re-suspended sediments; (2) uptake and bioaccumulation of these 
contaminants in exposed fish are proportional to their concentration in sediments; and (3) the 
associated toxicological effects in fish are proportional to the contamination level of the 
sediments, at least with regard to fish exposed to ZE sediment. The changes in the 
investigated biomarkers closely reflected the different contamination levels of the diluted 
sediments. Cyp1a mRNA expression and EROD activities indicated immediate functional 
responses to DLC exposure, while increased frequencies of micronuclei and other nuclear 
aberrations, as well as histopathological and gross pathological lesions in exposed rainbow 
trout, were strong indicators of the potential long-term effects of re-suspension events. The 
chosen exposure scenario and sediments can be considered representative of a wide range of 
environmental conditions and this approach provided a step towards the derivation of sound 
sediment quality standards for sediment-bound DLCs. Such standards might be less 
conservative than the guidelines based on food web bioaccumulation, human consumption or 
secondary poisoning, but will account for processes that occur during flood events or 
dredging activities. EQSs for DLCs in biota have been implemented (EC 2008), but none 
have yet been developed for sediments (EQS dossier 2011). Our study clearly demonstrates 
that sediment re-suspension can lead to the bioaccumulation of DLCs, resulting in potentially 
adverse effects in fish. For a sound risk assessment within the implementation of the 
European WFD and related legislation, we propose a strong emphasis on sediment-bound 
contaminants in the context of integrated river basin management plans. This should be the 
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subject of future dedicated research, with the aim of providing robust scientific evidence and 
models to improve description of the concentration-dependent bioavailability of DLCs from 
native sediments. 
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8.1 General discussion 
The preceding chapters have highlighted the utility of physiologically based toxicokinetic 
(PBTK) models as powerful computational tools to gain deep mechanistic insights in the 
context of dioxin-like compound (DLC) risk assessment. In total, this study developed three 
new PBTK models for the roach (Rutilus rutilus), zebrafish (Danio rerio) and European eel 
(Anguilla anguilla) fish species and applied these to published data. Furthermore, PBTK 
models were used: (a) for in vitro-in vivo extrapolation of mechanism-specific effects in fish; 
(b) for cross-species extrapolation of the bioconcentration potential of chemicals; (c) to gain 
insights into the physiological processes that determine bioconcentration potential during 
flood events; and (d) to predict the uptake of chemicals from sediments by fish. Furthermore, 
these studies provided experimental evidence indicating that the transcriptional responses of 
fish exposed to different classes of DLCs showed marked substance-specific differences, as 
well as showing a few responses in common. Last, the bioavailability of sediment-bound 
DLCs during the re-suspension of sediments was experimentally confirmed and the results 
were verified by PBTK modelling. 
Within the present chapter, the relevance of these results and their potential applications 
will be critically evaluated and discussed. 
 
8.1.1 Relationship between in vitro bioassay data and the associated effects in vivo 
Since the introduction of Russell and Burch’s ‘principles of humane experimental 
technique’ also referred to as the ‘3R concept’ (Russell & Burch 1959), the development of 
in vitro alternatives to animal experiments has been an active and rapidly progressing field in 
toxicological research. In particular, in vitro bioassay data relating to mechanism-specific 
endpoints have been demonstrated to be highly correlated with the results of in vivo injection 
studies in rats and mice (Dahan & Hoffman 2006, Fricker et al. 1996, Mason et al. 1987, Safe 
et al. 1985). In contrast to conventional toxicology experiments in rodents, chemicals are most 
often administered through the aqueous phase in ecotoxicological research studies of fish. 
Due to differences in the physicochemical properties of different chemicals, they can be 
absorbed at different rates and accumulate to a varying extent in different tissues and organs 
(Mackay & Fraser 2000). For many studies of this type, no correlation was observed between 
in vitro and in vivo data (Legler et al. 2002, Segner et al. 2003, Van den Belt et al. 2004). The 
critical body residue (CBR) concept in the early 1990s acknowledged that the internal 
chemical concentration in the organism was a central determinant of acute toxicity (Barron et 
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al. 1997, McCarty & Mackay 1993). Later, this methodology was extended to relate the 
effects of a chemical to its corresponding concentration in the target tissue; this concept is 
commonly referred to as the ‘tissue residue approach for toxicity assessment’ (TRA; Meador 
et al. 2011). Both CBR and TRA are important advances in our mechanistic understanding of 
toxicity differences between chemicals and the sensitivity of different species. Nonetheless, a 
major disadvantage of these approaches is that they are either based on whole-body (CBR) or 
tissue-specific (TRA) bioconcentration factors (BCFs), and can therefore only be applied 
under equilibrium conditions (Mackay & Fraser 2000). 
Thus, multi-compartment toxicokinetic models, such as the PBTK model for rainbow trout 
applied in the present thesis, provide particularly useful alternatives. As described in Chapter 
2, PBTK models were applied as a tool for ‘retrospective’ or ‘reverse’ toxicokinetics, i.e. the 
prediction of toxicokinetics if no such information was provided with the originally published 
toxicity data (Takacs 1995, Wetmore et al. 2012). Using this approach, it was possible to 
demonstrate that the predicted fish liver DLC concentrations at the aqueous in vivo EC50 
showed an excellent correlation with the in vitro EC50 values. This observation was 
established using robust data for hepatic 7-ethoxyresorufin-O-deethylase (EROD) activity, 
and confirmed with a smaller (and thus weaker) dataset for vitellogenin induction. 
Only one month after publication of the research presented in Chapter 2 (Brinkmann et al. 
2014a), a paper by Stadnicka-Michalak et al. (2014) demonstrated that the same methodology 
was also applicable for the prediction of acute chemical toxicity in fish using data from 
cytotoxicity experiments on fish cells. Taken together with the results of the present thesis, 
this ability of in vitro studies to predict fish in vivo effects can be considered an important step 
towards a broader acceptance of acute and mechanism-specific cell-based bioassays for 
aquatic risk assessment, and has the potential to result in a major reduction in the number of 
animals used for fish toxicity tests. 
In the context of both regulators and industry facing the challenge of assessing the 
environmental and human health risks associated with an ever-increasing number of 
chemicals, while simultaneously reducing the costs, animal numbers and the time required for 
chemical testing, there has been an increasing effort to use mechanistic data (in vivo and 
in vitro) to support chemical risk assessments because this can be generated more rapidly and 
cost-effectively (Villeneuve & Garcia-Reyero 2011). The recent adverse outcome pathway 
(AOP) approach was proposed to integrate such information in the chemical risk assessment 
process. AOPs are conceptual frameworks that establish biologically plausible links between 
molecular-level perturbation of a biological system and an adverse outcome of regulatory 
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relevance at the organism level (Ankley et al. 2010). AOPs are applicable across species and 
are not chemical-specific, but rather describe the progression from a molecular initiating event 
(MIE; the first interaction between a chemical and a molecular target) that groups of 
chemicals have in common (e.g. binding to hormone receptors), to an apical outcome (e.g. 
disruption of reproduction or development). Thus, AOPs allow the assessment of toxicity 
across groups of chemicals and species, without the need to test each chemical in each species 
(Kramer et al. 2011). The enormous potential of PBTK models to link toxicokinetic 
information with the mechanistic knowledge represented by AOPs has recently been 
emphasised by Groh et al. (2015) and will surely result in the development of quantitative 
models for predictive toxicology with a broad applicability in chemical risk assessment. 
 
8.1.2 Inter-species differences in toxicokinetics 
In the context of most regulatory frameworks, bioaccumulation is considered an inherent 
substance property that is independent of its actual chemical concentration in the environment 
(Gobas et al. 2009). Nonetheless, bioaccumulation should sometimes be viewed with a special 
emphasis on the environmental exposure of biota, particularly because bioaccumulation 
represents the link between the environmental concentration of a chemical and its internal 
concentration in exposed wildlife (Schafer et al. 2015, Swackhamer et al. 2009). The internal 
concentration in the target tissue is a key determinant of inter-species differences in sensitivity 
because it represents the compound fraction that provokes the biological effects (cf. chapters 
1.4 and 8.1.1; Escher & Hermens 2004, McCarty & Mackay 1993). 
Several approaches have been proposed to account for the differences in chemical 
bioconcentration and toxicokinetics in different fish species. The equilibrium partitioning 
model, introduced in Chapter 1.3.1 for the partitioning between sediments and water, is 
probably the method that is used most frequently to predict concentrations in biota (Van der 
Oost et al. 2003). This model assumes that the internal concentration of a chemical in an 
organism solely depends on its concentration in the water phase and on the total lipid content 
of the organism (Van der Kooij et al. 1991). There are several factors that are not taken into 
account by this simple model; these include active transport, diffusion behaviour through cell 
membranes, different rates of metabolism in various organisms and the accumulation 
behaviour of the metabolites, accumulation in specific organs and tissues, special chemical 
properties (such as amphiphilic or ionogenic substances, leading to multiple equilibrium 
processes), uptake and depuration kinetics, as well as the remaining parent compound or 
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metabolite levels after depuration (Franke 1996, Van der Oost et al. 2003). Many different 
models have been developed to overcome these limitations, including those based on 
bioenergetics and food web accumulation, as well as the life-cycle of different organisms 
(Gobas 1993, Morrison et al. 1997, Sijm et al. 1992, Thomann & Connolly 1984). 
The PBTK modelling approaches presented within this thesis attempt to overcome the 
limitations of the equilibrium partitioning model by specifically considering a number of 
physiological processes that represent the mechanistic foundation for inter-species differences 
in toxicokinetics. In this way, such models based on the lipid partitioning of chemicals within 
an organism provide fairly exact estimates of accumulation and elimination rates, in addition 
to BCFs. Furthermore, since organs and tissues are explicitly represented within PBTK 
models, these provide powerful tools to predict the distribution of a chemical within an 
exposed organism.  
Within the present thesis, new PBTK models were developed for zebrafish (Danio rerio) 
and roach (Rutilus rutilus), and later combined with existing models for rainbow trout 
(Onchorhynchus mykiss), lake trout (Salvelinus namaycush) and fathead minnow (Pimephales 
promelas) to create a multi-species PBTK modelling framework. Species sensitivity 
distributions derived from this model framework for whole-body BCFs were accurate for 
neutral organic compounds (Chapter 3). In combination with toxicodynamic (TD) models, the 
proposed methodology shows great potential to provide multi-species PBTK/TD models that 
could lead to truly mechanistic solutions for predictive toxicology. Furthermore, this work 
verified on a probabilistic basis that the current screening level criteria of an n-octanol-water 
partitioning coefficient (log Kow) of 4.5 (bioaccumulative) and 5 (very bioaccumulative) can 
be considered appropriate for approximately 95% of all fish species. 
Nonetheless, additional efforts will be necessary to realise the full potential of this 
approach. In particular, inter-species differences in chemical biotransformation and the 
behaviours of amphiphilic and ionogenic compounds need to be addressed in order to achieve 
a multi-species PBTK model that does not produce false positives or false negatives (Gobas et 
al. 2009). The implementation of methods for in vitro-in vivo extrapolation of hepatic 
biotransformation rates is an especially active area of research (Fay et al. 2014, Nichols et al. 
2007, Nichols et al. 2013). 
In addition, the present study developed a PBTK model for the European eel (Anguilla 
anguilla), a facultatively catadromous fish species with a complex life cycle and a currently 
alarming population status. European eels show some less common physiological 
characteristics, as compared with other fish; they have a high total lipid content, leading to 
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high BCFs, although they exhibit low accumulation rates, due to their irregular branchial 
respiration and their ability to respire cutaneously. The present thesis demonstrated that the 
PBTK modelling approach was also applicable to this exceptional fish species (Chapter 4). 
Only limited experimental data for six chemicals, with log Kow values ranging from 2.13-4.29, 
were available to test the predictive power of this model. However, the model performance 
was excellent within this narrow range, with a root mean squared error (RMSE) of 0.28 log 
units. For future applications of the model, it will be important to amend it using a 
scientifically sound sub-model for growth, which must include changes in the volume, lipid 
content and perfusion rate of growing individuals. Such data is not currently available. Studies 
comprising depuration periods of several years (e.g. de Boer et al. 1994) could be confidently 
modelled with such extensions. Moreover, re-parameterisation of the present model to silver 
eels and their oceanic migration would be expected to show great potential for understanding 
the re-distribution of accumulated pollutants during gonadal development, and its potential 
toxicological consequences. 
 
8.1.3 Differences and similarities in the response of fish to different DLCs 
In the toxicity equivalents (TEQ) concept introduced by van den Berg et al. (1998), several 
DLCs are subsumed under a single TEQ value, assuming that one DLC can be substituted for 
another by taking their relative potency, i.e. their toxic equivalency factor (TEF), into 
account. Although this approach provides a convenient means to simplify environmental risk 
assessments of complex mixtures (Compton & Sigal 1999, Tillitt 1999), it does not imply that 
different classes of DLCs produce identical effects in fish. Furthermore, the effects of non-
dioxin-like polychlorinated biphenyls (n-dl-PCBs) in compound mixtures are not always 
additive. A growing body of evidence suggests that the TEQ concept might be an 
oversimplification of the toxicology of DLCs. Safe (1997) highlighted that n-dl-PCBs, such as 
PCB 153, and naturally occurring aryl hydrocarbon receptor (AhR) agonists, may inhibit toxic 
and biochemical responses to 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) and related 
compounds, thus leading to underestimations of the true TEQ value (Safe 1998). Moreover, 
Woelfle (1997) observed species- and tissue-specific responses to exposure to dl- and n-dl-
PCBs that could not readily be explained by differences in AhR levels, but may reflect events 
subsequent to ligand-receptor binding. Giesy and Kannan (1998) reviewed a large number of 
‘non-dioxin-like’ effects of PCBs, which may or may not be mediated via the AhR; in such 
situations, it might be more appropriate to assess the risks associated with environmental 
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samples on the basis of their total PCB concentrations, rather than using TEQs. Furthermore, 
Beijer et al. (Beijer et al. 2010) recently demonstrated that a number of chemicals frequently 
found in the environment (e.g. azoles) have the potential to inhibit the EROD activity induced 
by TCDD in fish gills ex vivo. 
Recent developments in next-generation RNA sequencing (RNAseq) and microarray 
technologies have made it possible to analyse changes in global gene expression patterns 
across the entire transcriptomes of model and non-model species exposed to environmental 
pollutants (Douglas 2006, Ekblom & Galindo 2011, Marioni et al. 2008, Von Schalburg et al. 
2005). With respect to (eco)toxicology, the use of transcriptomics has provided a powerful 
tool that can facilitate the discovery of novel biological effects, i.e. toxicity pathways or 
mechanisms of adaptation (Ankley et al. 2010, Garcia-Reyero & Perkins 2011). Numerous 
studies have confirmed that the patterns of global gene expression differ in organisms exposed 
to dl- and n-dl-PCBs (Wens et al. 2011), commercial PCB mixtures (Bluhm et al. 2014, 
Kosmehl et al. 2012), other ligands (Adachi et al. 2004) and also in those exposed to TCDD 
and dl-PCBs (Kopec et al. 2008). 
Consistent with the aforementioned studies, the RNAseq study in this thesis (Chapter 5) 
identified markedly different transcriptional responses in roach exposed to different DLCs 
(TCDD, PCB 156, and benzo[k]fluoranthene [BkF]), although some minor commonalities 
were identified. These three compounds were injected at equipotent doses, but only a limited 
portion of the affected biological processes and molecular functions were common to all 
three; these included monooxygenase and transferase activity, organic substance transport, 
proteolysis, programmed cell death and cardiovascular functions. TCDD provoked significant 
and specific changes in the levels of transcripts related to immunotoxicity and carbohydrate 
metabolism, while PCB 156 caused virtually no specific effects, as compared to the other two 
compounds. BkF exposure affected the most diverse suite of molecular functions and 
biological processes, which included blood coagulation, oxidative stress responses, unspecific 
responses to organic or inorganic substances/stimuli, cellular redox homeostasis and specific 
receptor pathways. It was possible to confirm many of the RNAseq-identified effects by 
independent experiments using quantitative real-time reverse-transcription PCR, and by 
biochemical and physiological measurements (e.g. EROD activity, plasma glucose). 
It can be concluded that the central assumption of the TEQ concept, i.e. that compounds 
with a dioxin-like mode of action can be grouped to produce a single risk assessment using 
TEFs, might be an oversimplification in some cases and should thus be applied with great 
care. 
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8.1.4 Influence of physiological processes on the uptake of chemicals during flood events 
During flood events, fish are exposed to a multitude of stressors in addition to suspended 
sediment, including changes in temperature, oxidation/reduction potential and pH conditions, 
hypoxia, and increased currents (BFG 2008, Calmano et al. 1993, Pepelnik et al. 2004). It is 
obvious that their reactions will differ significantly from those of fish exposed under 
standardised laboratory conditions (Mesa 1994). To address the question of how these 
laboratory-generated data can be transposed to the field situation, it is vital to fully understand 
the physiological processes in fish and the confounding factors during exposure to multiple 
stressors (Forbes et al. 2006, Hallare et al. 2011). 
Within the present thesis (Chapter 6), three physiological factors that are explicitly 
represented in the PBTK model were identified as being likely to alter during flood events, as 
a result of the physical exercise required due to increased water flow velocities: 
biotransformation rate, cardiac output and effective respiratory volume (Lindström-Seppä et 
al. 1996, Stevens & Randall 1967, Wood & Munger 1994). After inclusion of these 
physiological responses into the model, the measured and modelled values for the biliary 
concentrations of 1-hydroxypyrene (a metabolite of pyrene, a polycyclic aromatic 
hydrocarbon (PAH) that was present in the test sediment) did not differ significantly. These 
processes, all of which are related to the overall metabolic activity of an animal, have 
previously been demonstrated to influence the uptake and depuration kinetics of organic 
chemicals in fish (Yang et al. 2000), but had not been verified under flood-like conditions 
prior to the present study. 
 
8.1.5 Bioavailability and effects of sediment-borne DLCs 
Until now, it was not fully understood whether, or to what extent, sediment-bound DLCs 
were readily bioavailable to exposed fish during flood events. Most information on the 
bioaccumulation of DLCs from sediments in aquatic systems has relied on a comparison of 
chemical concentrations in different organisms within the food chain with their concentrations 
in sediments. Due to the methods employed in such studies, bioaccumulation cannot be 
subdivided into bioconcentration, i.e. accumulation resulting from non-dietary routes of 
exposure, and biomagnification, i.e. exposure via the diet (Burkhard 2003, La Rocca & 
Mantovani 2006, Moermond et al. 2005, Spagnoli & Skinner 1977). The resulting biota-
sediment accumulation factors (BSAFs) are highly specific to the geographical context of the 
study, the individual sampling location and the investigated fish species (Maruya & Lee 1998, 
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Tracey & Hansen 1996). Few experimental studies have explicitly differentiated between the 
uptake of sediment-borne PCBs via contaminated feed or via suspended sediments. In a study 
by Ruus et al. (2012), Atlantic cod (Gadus morhua) were exposed to indicator PCBs (i-PCBs) 
either through constant sediment suspension or through feeding with polychaetes that had 
been previously exposed to the same sediment. The authors found that sediment-bound 
i-PCBs were readily bioavailable during re-suspension, although the feeding experiment 
resulted in higher overall concentrations.  
In line with these results, the present thesis demonstrated that in addition to particle-bound 
i-PCBs (and PAHs), dl-PCBs, polychlorinated dibenzo-p-dioxins (PCDDs) and 
polychlorinated dibenzofurans (PCDFs) were readily bioavailable from re-suspended 
sediments. Furthermore, the uptake and bioaccumulation of these contaminants, as well as the 
associated toxicological effects in exposed fish, were found to be proportional to their 
concentration in the sediments. The exposure scenario and the sediments employed were 
representative of a wide range of environmental conditions and this work can be considered to 
represent a major step towards the derivation of scientifically sound remobilised sediment 
quality standards. Such standards might be less conservative than the guidelines based on 
bioaccumulation via dietary routes of exposure (cf. Ruus et al. 2012), human consumption, or 
secondary poisoning, but will provide protection during flood events or dredging activities. 
Environmental quality standards (EQSs) for DLCs have been implemented for biota (EC 
2008), but not yet for sediments (EQS dossier 2011). This study clearly demonstrates that 
sediment re-suspension can lead to the accumulation of DLCs in biota, resulting in potentially 
adverse effects in fish. For a sound risk assessment within the implementation of the Water 
Framework Directive (WFD) and related legislation, we propose a strong emphasis on 
sediment-bound contaminants in the context of integrated river basin management plans. 
Lastly, PBTK modelling verified that the rapidly desorbing PCB fraction was available for 
equilibrium partitioning and consequently, this fraction was also available for uptake into 
exposed fish. 
 
8.2 Conclusions and outlook 
The present thesis demonstrated that PBTK models provide powerful tools to address 
diverse research questions in the context of DLC risk assessment. Three new PBTK models 
for roach, zebrafish and European eel were developed in the present study and applied to 
published data. For the first time, PBTK models were used for: (a) in vitro-in vivo 
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extrapolation of mechanism-specific effects in fish; (b) cross-species extrapolation of the 
bioconcentration potential of chemicals; and (c) prediction of fish uptake of chemicals from 
sediments. Furthermore, experimental evidence was provided indicating that: (a) distinct 
differences exist between the transcriptome responses of fish exposed to three different DLCs 
administered at equipotent doses; and (b) the uptake and effects of sediment-bound DLCs 
from re-suspended sediments are time- and concentration dependent. 
The experimental data and modelling approaches presented within this thesis provide a 
powerful framework for the future derivation of sediment EQS values for DLCs. Thus, this 
study represents an important contribution to achieving the goals of the WFD and the 
environmental quality standards directive, which aim to protect wildlife from the effects of 
DLCs and ultimately to maintain the safety of the fish resource for human consumption. 
Furthermore, these studies highlighted that the combination of PBTK models with 
mechanistic toxicity data, and ultimately even complete AOPs, will provide a powerful 
approach to quantitative predictive toxicology. 
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I. Annex I – In vitro-in vivo extrapolation 
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Figure I.1 Correlation between measured and modelled internal concentrations in rainbow trout 
following exposure to organic chemicals. Data for measured internal concentrations (23 different 
substances, 39 data points total) were taken from the literature (Stadnicka et al. 2012). Modelled 
internal concentrations were calculated by use of the PBTK model. The solid line represents the 
equality line, dashed lines indicate the 10-fold deviation interval from equality that comprised most of 
the predictions. As much as 95% of all model predictions deviated less than 10-fold from the measured 
concentrations, 82% less than 5-fold. 
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Table I.1 Experimental data used for modelling internal chemical concentrations in rainbow trout using the PBTK model. 
# Chemical 
log KOW 
Dosing method 
Temp DO Weight 
Exp. 
time 
Dep. 
time 
In vivo 
EC50 
Reference 
In vitro 
EC50 
Reference 
(-) (°C) (mg L-1) (g) (h) (d) 
(nmol L-1/ 
nmol kg-1) 
(nmol L-1) 
EROD induction 
1 2,3,7,8-TCDD 6.80a Injection i.p. 12.0 10.75 75 168  - 2.40 ∙ 100 (Newsted et al. 1995) 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
2 2,3,7,8-TCDD 6.80a Injection i.p. 12.0 10.75 40 504 - 3.50 ∙ 100 (van der Weiden et al. 1989) 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
3 2,3,7,8-TCDD 6.80a Injection i.p. 12.0 10.75 40 1,008 - 3.90 ∙ 100 (van der Weiden et al. 1989) 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
4 2,3,7,8-TCDD 6.80a Injection i.p. 11.0 11.00 46 504 - 1.90 ∙ 100 (van der Weiden et al. 1992) 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
5 2,3,7,8-TCDD 6.80a Injection i.p. 11.0 11.00 46 1,008 - 2.30 ∙ 100 (van der Weiden et al. 1992) 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
6 2,3,7,8-TCDD 6.80a Injection i.p. 11.0 11.00 46 2,016 - 3.90 ∙ 100 (van der Weiden et al. 1992) 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
7 PCB 77 6.63a Injection i.p. 12.0 10.75 75 168 - 4.32 ∙ 102 (Newsted et al. 1995) 1.10 ∙ 101 (Hahn et al. 1993) 
8 PCB 77 6.63a Injection i.p. 11.0 11.00 50 120 - 2.73 ∙ 102 (Melancon & Lech 1983) 1.10 ∙ 101 (Hahn et al. 1993) 
9 PCB 77 6.63a Injection i.p. 6.0 12.42 338 144 - 4.70 ∙ 102 (Huuskonen et al. 1996) 1.10 ∙ 101 (Hahn et al. 1993) 
10 PCB 77 6.63a Injection i.p. 6.0 12.42 57 144 - 4.48 ∙ 102 (Huuskonen et al. 1996) 1.10 ∙ 101 (Hahn et al. 1993) 
11 PCB 118 7.12a Injection i.p. 12.0 10.75 75 168 - 5.85 ∙ 103 (Newsted et al. 1995) 1.41 ∙ 103 (Clemons et al. 1998) 
12 PCB 126 6.98b Injection i.p. 12.0 10.75 75 168 - 3.20 ∙ 101 (Newsted et al. 1995) 1.00 ∙ 100 (Smeets et al. 2002) 
13 PCB 126 6.98b Injection i.p. 6.0 12.42 338 144 - 4.41 ∙ 102 (Huuskonen et al. 1996) 1.00 ∙ 100 (Smeets et al. 2002) 
14 PCB 126 6.98b Injection i.p. 4.0 13.08 57 144 - 4.37 ∙ 102 (Huuskonen et al. 1996) 1.00 ∙ 100 (Smeets et al. 2002) 
15 PCB 169 7.41a Injection i.p. 12.0 10.75 75 168 - 8.24 ∙ 102 (Newsted et al. 1995) 1.50 ∙ 102 (Clemons et al. 1998) 
16 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 24 - 8.90 ∙ 100 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
17 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 72 - 2.01 ∙ 101 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
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18 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 168 - 2.12 ∙ 101 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
19 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 336 - 2.06 ∙ 101 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
20 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 504 - 1.97 ∙ 101 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
21 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 504 24 1.94 ∙ 101 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
22 β-naphthoflavone 4.68b Flow-through 12.5 10.63 300 504 72 2.13 ∙ 101 (Haasch et al. 1993) 1.64 ∙ 102 (Scholz & Segner 1999) 
23 3,5-Dimethoxystilbene 4.69a Semi-static 14.5 10.17 3 96 - 1.08 ∙ 106 (Parrott et al. 2011) 2.14 ∙ 103 (Parrott et al. 2011) 
24 Benzo[k]fluoranthene 6.60a Semi-static 15.0 10.06 2 96 - 5.30 ∙ 100 (Billiard et al. 2004) 1.73 ∙ 102 (Bols et al. 1999) 
25 Benzo[b]fluoranthene 6.60a Semi-static 15.0 10.06 2 96 - 4.42 ∙ 101 (Basu et al. 2001) 2.83 ∙ 102 (Behrens et al. 2001) 
26 2,3-Benzo[b]fluorene 5.20a Semi-static 15.0 10.06 2 96 - 9.87 ∙ 101 (Basu et al. 2001) 1.92 ∙ 103 (Billiard et al. 2004) 
27 Dibenzo[a,h]anthracene 6.80a Semi-static 15.0 10.06 2 96 - 1.91 ∙ 102 (Basu et al. 2001) 6.86 ∙ 101 (Bols et al. 1999) 
28 Retene 6.40b Semi-static 15.0 10.06 2 96 - 2.07 ∙ 102 (Basu et al. 2001) 8.63 ∙ 103 (Billiard et al. 2004) 
             
Vtg induction 
1 17β-Estradiol 4.01a Flow-through 15.0 10.06 15 168 - 1.03 ∙ 102 (Thorpe et al. 2000) 2.60 ∙ 101 (Segner et al. 2003) 
2 17β-Estradiol 4.01a Flow-through 15.0 10.06 15 336 - 5.51 ∙ 101 (Thorpe et al. 2000) 2.60 ∙ 101 (Segner et al. 2003) 
3 17β-Estradiol 4.01a Flow-through 15.0 10.06 249 504 - 6.22 ∙ 101 (Routledge et al. 1998) 2.60 ∙ 101 (Segner et al. 2003) 
4 4-tert-Octylphenol 5.28b Flow-through 15.0 10.06 249 504 - 8.06 ∙ 104 (Routledge et al. 1998) 4.14 ∙ 104 (Jobling & Sumpter 1993) 
5 Estrone 3.13a Flow-through 15.0 10.06 249 504 - 2.19 ∙ 102 (Routledge et al. 1998) 1.36 ∙ 101 (Petersen & Tollefsen 2011) 
6 Bisphenol A  3.32a Flow-through 15.0 10.06 110 144 - 8.43 ∙ 105 (Lindholst et al. 2000) 3.25 ∙ 104 (Segner et al. 2003) 
7 Bisphenol A  3.32a Flow-through 15.0 10.06 110 288 - 8.22 ∙ 105 (Lindholst et al. 2000) 3.25 ∙ 104 (Segner et al. 2003) 
8 4-n-Nonylphenol 4.78a Flow-through 12.5 10.63 125 504 - 6.42 ∙ 104 (Lech et al. 1996) 1.62 ∙ 104 (Jobling & Sumpter 1993) 
DO – dissolved oxygen, TCDD: tetrachlorodibenzo-p-dioxin, PCB: polychlorinated biphenyl; aValues for log KOW from the US-EPA EPI Suite experimental database; 
bValues for log KOW were calculated by use of US-EPA 
EPI Suite 
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Table I.2 Experimental in vivo and in vitro data, as well as modelled internal concentrations in the liver compartment (Chep) and the whole body (Cint) at the EC50 level. 
# Chemical 
log KOW 
Dosing method 
In vivo 
EC50 
Reference 
Modelled Cint at in 
vivo EC50 level 
Modelled Chep at in 
vivo EC50 level 
In vitro EC50 
Reference 
(-) 
(nmol L-1/ 
nmol kg-1) 
(nmol kg-1) (nmol kg-1) (nmol L-1) 
EROD induction 
1 2,3,7,8-TCDD 6.80a Injection i.p. 2.40 ∙ 100 (Newsted et al. 1995) 1.93 ∙ 100 9.13 ∙ 10-1 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
2 2,3,7,8-TCDD 6.80a Injection i.p. 3.50 ∙ 100 (van der Weiden et al. 1989) 1.58 ∙ 100 7.49 ∙ 10-1 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
3 2,3,7,8-TCDD 6.80a Injection i.p. 3.90 ∙ 100 (van der Weiden et al. 1989) 8.06 ∙ 10-1 3.82 ∙ 10-1 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
4 2,3,7,8-TCDD 6.80a Injection i.p. 1.90 ∙ 100 (van der Weiden et al. 1992) 9.75 ∙ 10-1 4.62 ∙ 10-1 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
5 2,3,7,8-TCDD 6.80a Injection i.p. 2.30 ∙ 100 (van der Weiden et al. 1992) 5.77 ∙ 10-1 2.73 ∙ 10-1 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
6 2,3,7,8-TCDD 6.80a Injection i.p. 3.90 ∙ 100 (van der Weiden et al. 1992) 2.52 ∙ 10-1 1.19 ∙ 10-1 2.40 ∙ 10-2 (Pesonen & Andersson 1991) 
7 PCB 77 6.63a Injection i.p. 4.32 ∙ 102 (Newsted et al. 1995) 3.24 ∙ 102 1.53 ∙ 102 1.10 ∙ 101 (Hahn et al. 1993) 
8 PCB 77 6.63a Injection i.p. 2.73 ∙ 102 (Melancon & Lech 1983) 2.18 ∙ 102 1.03 ∙ 102 1.10 ∙ 101 (Hahn et al. 1993) 
9 PCB 77 6.63a Injection i.p. 4.70 ∙ 102 (Huuskonen et al. 1996) 4.26 ∙ 102 2.00 ∙ 102 1.10 ∙ 101 (Hahn et al. 1993) 
10 PCB 77 6.63a Injection i.p. 4.48 ∙ 102 (Huuskonen et al. 1996) 3.77 ∙ 102 1.76 ∙ 102 1.10 ∙ 101 (Hahn et al. 1993) 
11 PCB 118 7.12a Injection i.p. 5.85 ∙ 103 (Newsted et al. 1995) 5.14 ∙ 103 2.44 ∙ 103 1.41 ∙ 103 (Clemons et al. 1998) 
12 PCB 126 6.98b Injection i.p. 3.20 ∙ 101 (Newsted et al. 1995) 2.72 ∙ 101 1.29 ∙ 101 1.00 ∙ 100 (Smeets et al. 2002) 
13 PCB 126 6.98b Injection i.p. 4.41 ∙ 102 (Huuskonen et al. 1996) 4.17 ∙ 102 1.98 ∙ 102 1.00 ∙ 100 (Smeets et al. 2002) 
14 PCB 126 6.98b Injection i.p. 4.37 ∙ 102 (Huuskonen et al. 1996) 3.90 ∙ 102 2.06 ∙ 102 1.00 ∙ 100 (Smeets et al. 2002) 
15 PCB 169 7.41a Injection i.p. 8.24 ∙ 102 (Newsted et al. 1995) 7.60 ∙ 102 3.62 ∙ 102 1.50 ∙ 102 (Clemons et al. 1998) 
16 β-naphthoflavone 4.68b Flow-through 8.90 ∙ 100 (Haasch et al. 1993) 5.15 ∙ 103 3.44 ∙ 103 1.64 ∙ 102 (Scholz & Segner 1999) 
17 β-naphthoflavone 4.68b Flow-through 2.01 ∙ 101 (Haasch et al. 1993) 2.18 ∙ 104 1.13 ∙ 104 1.64 ∙ 102 (Scholz & Segner 1999) 
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18 β-naphthoflavone 4.68b Flow-through 2.12 ∙ 101 (Haasch et al. 1993) 2.89 ∙ 104 1.40 ∙ 104 1.64 ∙ 102 (Scholz & Segner 1999) 
19 β-naphthoflavone 4.68b Flow-through 2.06 ∙ 101 (Haasch et al. 1993) 2.90 ∙ 104 1.39 ∙ 104 1.64 ∙ 102 (Scholz & Segner 1999) 
20 β-naphthoflavone 4.68b Flow-through 1.97 ∙ 101 (Haasch et al. 1993) 2.77 ∙ 104 1.33 ∙ 104 1.64 ∙ 102 (Scholz & Segner 1999) 
21 β-naphthoflavone 4.68b Flow-through 1.94 ∙ 101 (Haasch et al. 1993) 2.73 ∙ 104 1.31 ∙ 104 1.64 ∙ 102 (Scholz & Segner 1999) 
22 β-naphthoflavone 4.68b Flow-through 2.13 ∙ 101 (Haasch et al. 1993) 7.13 ∙ 103 2.47 ∙ 103 1.64 ∙ 102 (Scholz & Segner 1999) 
23 3,5-Dimethoxystilbene 4.69a Semi-static 1.08 ∙ 106 (Parrott et al. 2011) 1.40 ∙ 104 7.14 ∙ 103 2.14 ∙ 103 (Parrott et al. 2011) 
24 Benzo[k]fluoranthenec 6.60a Semi-static 5.30 ∙ 100 (Billiard et al. 2004) 1.63 ∙ 104 8.76 ∙ 101 1.73 ∙ 102 (Bols et al. 1999) 
25 Benzo[b]fluoranthenec 6.60a Semi-static 4.42 ∙ 101 (Basu et al. 2001) 1.36 ∙ 105 7.42 ∙ 102 2.83 ∙ 102 (Behrens et al. 2001) 
26 2,3-Benzo[b]fluorenec 5.20a Semi-static 9.87 ∙ 101 (Basu et al. 2001) 1.68 ∙ 105 9.14 ∙ 102 1.92 ∙ 103 (Billiard et al. 2004) 
27 Dibenzo[a,h]anthracenec 6.80a Semi-static 1.91 ∙ 102 (Basu et al. 2001) 6.04 ∙ 105 3.53 ∙ 103 6.86 ∙ 101 (Bols et al. 1999) 
28 Retenec 6.40b Semi-static 2.07 ∙ 102 (Basu et al. 2001) 6.18 ∙ 105 3.57 ∙ 103 8.63 ∙ 103 (Billiard et al. 2004) 
Vtg induction 
1 17β-Estradiol 4.01a Flow-through 1.03 ∙ 102 (Thorpe et al. 2000) 3.24 ∙ 103 1.56 ∙ 103 2.60 ∙ 101 (Segner et al. 2003) 
2 17β-Estradiol 4.01a Flow-through 5.51 ∙ 101 (Thorpe et al. 2000) 1.74 ∙ 103 8.34 ∙ 102 2.60 ∙ 101 (Segner et al. 2003) 
3 17β-Estradiol 4.01a Flow-through 6.22 ∙ 101 (Routledge et al. 1998) 1.96 ∙ 103 9.41 ∙ 102 2.60 ∙ 101 (Segner et al. 2003) 
4 4-tert-Octylphenol 5.28b Flow-through 8.06 ∙ 104 (Routledge et al. 1998) 1.20 ∙ 107 5.72 ∙ 106 4.14 ∙ 104 (Jobling & Sumpter 1993) 
5 Estrone 3.13a Flow-through 2.19 ∙ 102 (Routledge et al. 1998) 2.05 ∙ 103 9.91 ∙ 102 1.36 ∙ 101 (Petersen & Tollefsen 2011) 
6 Bisphenol A  3.32a Flow-through 8.43 ∙ 105 (Lindholst et al. 2000) 8.61 ∙ 106 4.14 ∙ 106 3.25 ∙ 104 (Segner et al. 2003) 
7 Bisphenol A  3.32a Flow-through 8.22 ∙ 105 (Lindholst et al. 2000) 8.40 ∙ 106 4.04 ∙ 106 3.25 ∙ 104 (Segner et al. 2003) 
8 4-n-Nonylphenol 4.78a Flow-through 6.42 ∙ 104 (Lech et al. 1996) 4.92 ∙ 106 2.36 ∙ 106 1.62 ∙ 104 (Jobling & Sumpter 1993) 
TCDD: tetrachlorodibenzo-p-dioxin, PCB: polychlorinated biphenyl; aValues for log KOW from the US-EPA EPI Suite experimental database; 
bValues for log KOW were calculated by use of US-EPA EPI Suite; 
cSaturable 
metabolism was simulated for these substances, where Vmax was 345.27 µg h
-1 kg-1 and Km 3050 µg L
-1, respectively. Numbers were derived by scaling Km and Vmax values from Law et al.(1991) according to Travis (1987). 
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Calculation of hepatocyte EC50s from cell line-derived EC50s 
If no in vitro dataset for primary hepatocytes was available, relative potency (REP) values 
for EROD induction measured in permanent cell lines were used to derive the respective 
hepatocyte EC50s. REP values describe the potency of a compound in relation to the reference 
substance 2,3,7,8-TCDD. For example, a compound with a REP of 0.01 would have a 
100-fold lower potency, i.e. a 100-fold higher EC50 value compared to TCDD. Experimentally 
derived REPs were recalculated to hepatocyte EC50 values by division of the hepatocyte EC50 
for 2,3,7,8-TCDD by the respective REP value (Equation I.1). Individual REPs and resulting 
EC50 values are given in Table I.3. 
 
𝐻𝑒𝑝. 𝐸𝐶50𝑐ℎ𝑒𝑚𝑖𝑐𝑎𝑙 =
𝐻𝑒𝑝. 𝐸𝐶50𝑇𝐶𝐷𝐷
𝑅𝐸𝑃 𝑣𝑎𝑙𝑢𝑒𝑐ℎ𝑒𝑚𝑖𝑐𝑎𝑙
⁄  Equation S1 
 
Table I.3 Relative potency (REP) values for EROD induction based on permanent cell lines and derivation of in 
vitro EC50 values for primary hepatocytes. 
Chemical REP cell line EC50 prim. hepatocytes (nM) Reference 
2,3,7,8-TCDD 1.00 ∙ 100  2.40 ∙ 10-2 (experimental) (Pesonen & Andersson 1991) 
PCB 118 1.70 ∙ 10-5 1.41 ∙ 103 (calculated) (Clemons et al. 1998) 
PCB 169 1.60 ∙ 10-3 1.50 ∙ 102 (calculated) (Clemons et al. 1998) 
3,5-Dimethoxystilbene 1.12 ∙ 10-5 2.14 ∙ 103 (calculated) (Parrott et al. 2011) 
Benzo[k]fluoranthene 1.39 ∙ 10-4 1.73 ∙ 102 (calculated) (Bols et al. 1999) 
2,3-Benzo[b]fluorene 
1.25 ∙ 10-5 
1.92 ∙ 103 (calculated) 
(Billiard et al. 2004) 
Dibenzo[a,h]anthracene 
3.50 ∙ 10-4 
6.86 ∙ 101 (calculated) 
(Bols et al. 1999) 
Retene 
2.78 ∙ 10-6 
8.63 ∙ 103 (calculated) 
(Billiard et al. 2004) 
 
TCDD: Tetrachlorodibenzo-p-dioxin, PCB: polychlorinated biphenyl 
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II. Annex II – Cross-species extrapolation 
 
Table II.1 Model inputs and parameters of the PBTK models for roach (Rutilus rutilus) [this study], fathead minnow (Pimephales promelas) (Stadnicka et al. 2012), zebrafish 
(Danio rerio) [this study], rainbow trout (Oncorhynchus mykiss) (Nichols et al. 1990) and lake trout (Salvelinus namaycush) (Lien et al. 2001). The table is based on Stadnicka et 
al. (2012). 
Symbol Units Description 
Value 
Roach 
Fathead 
minnow
1
 
Zebrafish 
Rainbow 
trout
1
 
Lake trout
2
 
w_w kg Body wet weight – Model input – 
log Kow - Octanol-water partitioning coefficient – Model input – 
Cw µg L
-1
 Chemical concentration in inspired water – Model input – 
T °C Water temperature – Model input – 
Cox mg L
-1
 Dissolved oxygen concentration in inspired water – Model input – 
lipid - Total lipid content (fraction of body weight) – Model input – 
K - Constant in equation II.5, for T>10°C – 3.05 10-4 – 
n - Constant in equation II.5, for T>10°C – 1.855 – 
m - Constant in equation II.5, for T>10°C – -0.138 – 
αb - Lipid content of blood tissue (fraction of wet weight) 0.019
3 
0.019 0.019
3
 0.014 0.009 
αf - Lipid content of fat tissue (fraction of wet weight) 1.010
3
 1.010 1.010
3
 0.942 0.790 
αk - Lipid content of kidney tissue (fraction of wet weight) – – – 0.052 0.145 
αl - Lipid content of liver tissue (fraction of wet weight) 0.025 0.074 0.078 0.045 0.103 
αm - Lipid content of muscle tissue (fraction of wet weight) 0.011 0.025 0.065 0.030 0.027 
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γb - Water content of blood tissue (fraction of wet weight) 0.876
3
 0.876 0.876
3
 0.839 0.862 
γf - Water content of fat tissue (fraction of wet weight) 0.016
3
 0.016 0.016
3
 0.050 0.118 
γk - Water content of kidney tissue (fraction of wet weight) – – – 0.789 0.722 
γl - Water content of liver tissue (fraction of wet weight) 0.718 0.766 0.584 0.746 0.696 
γm - Water content of muscle tissue (fraction of wet weight) 0.795 0.806 0.690 0.769 0.762 
lipidl - Lipid content of lean tissue (fraction of wet weight) Eq. II.1 Eq. II.1 Eq. II.1 Eq. II.2 Eq. II.2 
Vf L Volume of the fat compartment – Equation   II.3 – 
Vk L Volume of the kidney compartment  – – – 0.009 w_w 0.006 w_w 
Vl L Volume of the liver compartment 0.008 w_w 0.018 w_w 0.021 w_w 0.012 w_w 0.008 w_w 
Vm L Volume of the poorly perfused compartment Eq. II.4 Eq. II.4 Eq. II.4 Eq. II.5 Eq. II.5 
Vr L Volume of the richly perfused compartment 0.065 w_w 0.072 w_w 0.178 w_w 0.063 w_w 0.051 w_w 
Qc L h
-1
 Cardiac output – Equation   II.6 – 
Qf L h
-1
 Blood flow to the fat compartment 0.010 Qc
3
 0.010 Qc 0.010 Qc
3
 0.085 Qc 0.085 Qc 
Qk L h
-1
 Blood flow to the kidney compartment – – – 0.056 Qc 0.056 Qc 
Ql L h
-1
 Blood flow to the liver compartment 0.024 Qc
3
 0.024 Qc 0.024 Qc
3
 0.029 Qc 0.029 Qc 
Qm L h
-1
 Blood flow to the poorly perfused compartment 0.440 Qc
3
 0.440 Qc 0.440 Qc
3
 0.600 Qc 0.600 Qc 
Qr L h
-1
 Blood flow to the richly perfused compartment 0.526 Qc
3
 0.526 Qc 0.526 Qc
3
 0.230 Qc 0.230 Qc 
VO2 mg h
-1
 Oxygen consumption rate normalized to 1 kg body weight – Equation   II.7 – 
Qw L h
-1
 Effective respiratory volume – Equation   II.8 – 
Pbw - Blood:water partitioning coefficient – Equation   II.9 – 
Pl,Pf,Pm - Liver/fat/muscle:blood partitioning coefficient – Equation   II.10 – 
Pk - Kidney:blood partitioning coefficient – – – Eq. II.11 Eq. II.11 
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Pr - Richly perfused tissue:blood partitioning coefficient – Pl – 
Ai µg Chemical amount in fat, poorly and richly perfused tissues – Equation II.12 – 
Al µg Chemical amount in the liver compartment – Equation II.13 – 
Ak µg Chemical amount in the kidney compartment - - - Eq. II.14 Eq. II.14 
Cint µg g
-1
 Internal concentration in the whole fish Eq. II.15 Eq. II.15 Eq. II.15 Eq. II.16 Eq. II.16 
Cart µg L
-1
 Chemical concentration in arterial blood – Equation II.17 – 
Cven µg L
-1
 Chemical concentration in venous blood Eq. II.18 Eq. II.18 Eq. II.18 Eq. II.19 Eq. II.19 
 
1
Data taken from Stadnicka et al.(2012) 
2
Data taken from Lien et al.(2001) 
3
No experimental data available; thus, values from fathead minnow were used. 
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Model equations (based on Stadnicka et al.Stadnicka et al. (2012)) 
Lipid content of the lean tissue compartment - cyprinids 
𝑙𝑖𝑝𝑖𝑑𝑙 =
𝑉𝑙∙𝑎𝑙+𝑉𝑟∙𝑎𝑟+𝑉𝑚∙𝑎𝑚
𝑉𝑙+𝑉𝑟+𝑉𝑚
         (Eq. II.1) 
 
Lipid content of the lean tissue compartment - salmonids 
𝑙𝑖𝑝𝑖𝑑𝑙 =
𝑉𝑙∙𝑎𝑙+𝑉𝑟∙𝑎𝑟+𝑉𝑚∙𝑎𝑚+𝑉𝑘∙𝑎𝑘
𝑉𝑙+𝑉𝑟+𝑉𝑚+𝑉𝑘
       (Eq. II.2) 
 
Volume of the fat compartment 
𝑉𝑓 = 𝑤_𝑤 ∙
𝑙𝑖𝑝𝑖𝑑−𝑙𝑖𝑝𝑖𝑑𝑙
𝛼𝑓−𝑙𝑖𝑝𝑖𝑑𝑙
         (Eq. II.3) 
 
Volume of the poorly perfused compartment - cyprinids 
𝑉𝑚 = 𝑤_𝑤 − (𝑉𝑙 + 𝑉𝑟 + 𝑉𝑓)        (Eq. II.4) 
 
Volume of the poorly perfused compartment - salmonids 
𝑉𝑚 = 𝑤_𝑤 − (𝑉𝑙 + 𝑉𝑟 + 𝑉𝑓 + 𝑉𝑘 )       (Eq. II.5) 
 
Cardiac output 
𝑄𝑐 = (0.23 ∙ 𝑇 − 0.78) ∙ (
1000∙𝑤_𝑤
500
)
−0.1
∙ 𝑤_𝑤0.75    (Eq. II.6) 
 
Oxygen consumption rate 
𝑉𝑂2 = 𝐾 ∙ (32 + 𝑇 ∙
9
5
)𝑛 ∙ (
𝑤_𝑤
0.4536
)
𝑚
∙
10000
24
      (Eq. II.7) 
 
Effective respiratory volume 
𝑄𝑤 =
𝑉𝑂2
0.8∙𝐶𝑜𝑥
∙ 𝑤_𝑤0.75         (Eq. II.8) 
 
Blood:water partitioning coefficient 
𝑃𝑏𝑤 = 10
0.72∙log 𝐾𝑜𝑤+1.04∙𝑙𝑜𝑔(𝛼𝑏)+0.86 + 𝛾𝑏      (Eq. II.9) 
 
Liver/fat/muscle:blood partitioning coefficient 
𝑃𝑙,𝑓,𝑚 =
10
0.72∙log 𝐾𝑜𝑤+1.04∙𝑙𝑜𝑔(𝛼𝑙,𝑓,𝑚)+0.86+𝛾𝑙,𝑓,𝑚
𝑃𝑏𝑤
      (Eq. II.10) 
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Kidney:blood partitioning coefficient 
𝑃𝑘 =
100.72∙log 𝐾𝑜𝑤+1.04∙𝑙𝑜𝑔(𝛼𝑘)+0.86+𝛾𝑘
𝑃𝑏𝑤
       (Eq. II.11) 
 
Chemical amount in fat, poorly and richly perfused tissues 
𝑑𝐴𝑖(𝑡)
𝑑𝑡
= 𝑄𝑖 ∙ (𝐶𝑎𝑟𝑡(𝑡) −
𝐴𝑖(𝑡)
𝑉𝑖∙𝑃𝑖
)        (Eq. II.12) 
 
Chemical amount in the liver compartment 
𝑑𝐴𝑙(𝑡)
𝑑𝑡
= 𝑄𝑟 ∙
𝐴𝑟(𝑡)
𝑉𝑟∙𝑃𝑟
+ 𝑄𝑙 ∙ 𝐶𝑎𝑟𝑡(𝑡) − (𝑄𝑟 + 𝑄𝑙) ∙
𝐴𝑙(𝑡)
𝑉𝑙∙𝑃𝑙
     (Eq. II.13) 
 
Chemical amount in the kidney compartment 
𝑑𝐴𝑘(𝑡)
𝑑𝑡
= 0.6 ∙ 𝑄𝑚 ∙
𝐴𝑚(𝑡)
𝑉𝑚∙𝑃𝑚
+ 𝑄𝑘 ∙ 𝐶𝑎𝑟𝑡(𝑡) − (0.6 ∙ 𝑄𝑚 + 𝑄𝑘) ∙
𝐴𝑘(𝑡)
𝑉𝑘∙𝑃𝑘
   (Eq. II.14) 
 
Internal chemical concentration in the whole fish - cyprinids 
𝐶𝑖𝑛𝑡(𝑡) =
𝐴𝑓(𝑡)+𝐴𝑚(𝑡)+𝐴𝑟(𝑡)+𝐴𝑙(𝑡)
1000∙𝑤_𝑤
       (Eq. II.15) 
 
Internal chemical concentration in the whole fish - salmonids 
𝐶𝑖𝑛𝑡(𝑡) =
𝐴𝑓(𝑡)+𝐴𝑚(𝑡)+𝐴𝑟(𝑡)+𝐴𝑙(𝑡)+𝐴𝑘(𝑡)
1000∙𝑤_𝑤
      (Eq. II.16) 
 
Chemical concentration in arterial blood 
𝐶𝑎𝑟𝑡(𝑡) = min (𝑄𝑤, 𝑄𝑐 ∙ 𝑃𝑏𝑤) ∙ 𝐶𝑤 −
𝐶𝑣𝑒𝑛(𝑡)
𝑃𝑏𝑤
∙
1
𝑄𝑐
+ 𝐶𝑣𝑒𝑛(𝑡)   (Eq. II.17) 
 
Chemical concentration in venous blood - cyprinids 
𝐶𝑣𝑒𝑛(𝑡) = (𝑄𝑓 ∙
𝐴𝑓(𝑡)
𝑉𝑓∙𝑃𝑓
+ 𝑄𝑚 ∙
𝐴𝑚(𝑡)
𝑉𝑚∙𝑃𝑚
+ (𝑄𝑟 + 𝑄𝑙) ∙
𝐴𝑙(𝑡)
𝑉𝑙∙𝑃𝑙
) ∙
1
𝑄𝑐
   (Eq. II.18) 
 
Chemical concentration in venous blood - salmonids 
𝐶𝑣𝑒𝑛(𝑡) = (𝑄𝑓 ∙
𝐴𝑓(𝑡)
𝑉𝑓∙𝑃𝑓
+ 0.4 ∙ 𝑄𝑚 ∙
𝐴𝑚(𝑡)
𝑉𝑚∙𝑃𝑚
+ (0.6 ∙ 𝑄𝑚 + 𝑄𝑘) ∙
𝐴𝑘(𝑡)
𝑉𝑘∙𝑃𝑘
+ (𝑄𝑟 + 𝑄𝑙) ∙
𝐴𝑙(𝑡)
𝑉𝑙∙𝑃𝑙
) ∙
1
𝑄𝑐
           (Eq. II.19) 
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Table II.2 Experimental data used for modeling internal chemical concentrations in zebrafish using the PBTK model. 
 
Chemical CAS 
log KOW
a
 
Dissolved 
oxygen 
Temp 
 
Fish 
weight 
Exposure 
time 
Exposure 
conc. 
Measured 
Cint 
Reference 
 
(-) (mg L
-1
) (°C) (mg) (h) (µg L
-1
) (µg kg
-1
) 
1 gamma-HCH 319-86-8 4.14 8.08 26 50 48 17.00 3,700.00 (Görge & Nagel 1990) 
2 Atrazine 1912-24-9 2.61 8.08 26 50 48 135.00 800.00 (Görge & Nagel 1990) 
3 Aniline 62-53-3 0.90 8.08 26 300 24 14.90 38.74 (Kalsch et al. 1991) 
4 2-Chloroaniline 95-51-2 1.90 8.08 26 300 24 24.24 370.85 (Kalsch et al. 1991) 
5 3-Chloroaniline 108-42-9 1.88 8.08 26 300 100 21.69 249.40 (Kalsch et al. 1991) 
6 4-Chloroaniline 106-47-8 1.83 8.08 26 300 24 25.51 206.66 (Kalsch et al. 1991) 
7 2,4-Dichloroaniline 554-00-7 2.78 8.08 26 300 70 21.06 1,994.63 (Kalsch et al. 1991) 
8 3,4-Dichloroaniline 95-76-1 2.68 8.08 26 300 9 30.78 929.67 (Kalsch et al. 1991) 
9 2-Nitroaniline 88-74-4 1.85 8.08 26 300 23 27.63 223.77 (Kalsch et al. 1991) 
10 3-Nitroaniline 99-09-2 1.43 8.08 26 300 25 26.24 217.83 (Kalsch et al. 1991) 
11 4-Nitroaniline 100-01-6 1.35 8.08 26 300 23 29.01 127.63 (Kalsch et al. 1991) 
12 2,4-Dinitroaniline 97-02-9 1.90 8.08 26 300 23 38.46 496.10 (Kalsch et al. 1991) 
13 Diazinon 333-41-5 3.81 8.89 21 400 48 90.00 16,110.00 (Keizer et al. 1991) 
14 Diazinon 333-41-5 3.81 8.89 21 400 48 380.00 46,740.00 (Keizer et al. 1991) 
15 Phenol 108-95-2 1.50 8.08 26 360 24 2.26 40.66 (Ensenbach & Nagel 1991) 
16 4-Nitrophenol 100-02-7 1.91 8.08 26 360 24 84.86 933.43 (Ensenbach & Nagel 1991) 
17 alpha-HCH 319-84-6 3.80 8.71 22 213 220 9.40 10,340.00 (Butte et al. 1991) 
18 beta-HCH 319-85-7 3.81 8.71 22 213 220 10.40 15184.00 (Butte et al. 1991) 
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19 gamma-HCH 58-89-9 3.55 8.71 22 213 220 9.70 8245.00 (Butte et al. 1991) 
20 delta-HCH 319-86-8 4.14 8.71 22 213 220 10.00 17,700.00 (Butte et al. 1991) 
21 Simetryne 1014-70-6 2.54 8.23 25 300 24 50.00 1,250.00 (Ying et al. 1989) 
22 Simetryne 1014-70-6 2.54 8.23 25 300 48 50.00 3,500.00 (Ying et al. 1989) 
23 Simetryne 1014-70-6 2.54 8.23 25 300 72 50.00 3,400.00 (Ying et al. 1989) 
24 alpha-Endosulfan 959-98-8 3.83 8.71 22 270 504 0.20 401.20 (Toledo & Jonsson 1992) 
25 beta-Endosulfan 33213-65-9 3.84 8.71 22 270 504 0.10 139.80 (Toledo & Jonsson 1992) 
26 Triclosan 3380-34-5 4.53 8.71 22 330 840 3.00 12,471.00 (Orvos et al. 2002) 
27 Triclosan 3380-34-5 4.53 8.71 22 330 840 30.00 75,960.00 (Orvos et al. 2002) 
28 
Hexahydro-1,3,5-
trinitro-1,3,5-triazine 
121-82-4 0.90 7.94 27 200 672 9,600.00 9,696.00 (Mukhi & Patiño 2008) 
29 
Hexahydro-1,3,5-
trinitro-1,3,5-triazine 
121-82-4 0.90 7.94 27 200 1344 9,600.00 8,736.00 (Mukhi & Patiño 2008) 
30 
Hexahydro-1,3,5-
trinitro-1,3,5-triazine 
121-82-4 0.90 7.94 27 200 2016 9,600.00 21,408.00 (Mukhi & Patiño 2008) 
31 Tebuconazole 107534-96-3 3.70 8.71 22 750 200 200.00 7,760.00 (Andreu-Sánchez et al. 2012) 
a
Preferably, we used quality evaluated octanol-water partitioning coefficients (log Kow) that were obtained from the Sangster Research Laboratories LOGKOW® database. If no 
such data was available, we used the values provided by the US-EPA EPI Suite.  
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Table II.3 Experimental data used for modeling internal chemical concentrations in roach using the PBTK model.  
 
Chemical CAS 
log KOW
a
 
Dissolved 
oxygen 
Temp 
 
Fish 
weight 
Exposure 
time 
Exposure 
conc. 
Measured 
Cint 
Reference 
 
(-) (mg L
-1
) (°C) (g) (h) (µg L
-1
) (µg kg
-1
) 
1 17α-Ethinylestradiol 57-63-6 3.67 10.28 14 20 120 0.03 2.7 (Flores & Hill 2008) 
2 Pentachlorophenol 87-86-5 5.12 10.51 13 0.85 24 15.60 8,112 (Oikari & Kukkonen 1988) 
3 Nonylphenol, techn. mixture 84852-15-3 3.28 10.28 14 20 96 4.90 190.0 (Smith & Hill 2004) 
a
Preferably, we used quality evaluated octanol-water partitioning coefficients (log Kow) that were obtained from the Sangster Research Laboratories LOGKOW® database. If no 
such data was available, we used the values provided by the US-EPA EPI Suite. 
 
 
Table II.4 Experimental data used for modeling internal chemical concentrations in rainbow trout using the PBTK model (Stadnicka et al. 2012). 
 
Chemical CAS 
log KOW
a
 
Dissolved 
oxygen 
Temp 
 
Fish weight 
Exposure 
time 
Exposure 
concentration 
Measured 
Cint 
 
(-) (mg L
-1
) (°C) (g) (h) (µg L
-1
) (mg kg
-1
) 
1 1,2,3,4-Tetrachlorobenzene 634-66-2 4.54 8.87 15 250 2,520 0.026 0.32 
2 1,2,3-Trichlorobenzene 87-61-6 4.05 8.87 15 250 2,520 0.071 0.21 
3 1,2,4,5-Tetrachlorobenzene 95-94-3 4.63 8.87 15 250 2,520 0.021 0.32 
4 1,2,4-Trichlorobenzene 120-82-1 4.02 8.87 15 250 2,520 0.052 0.18 
5 1,2-Dichlorobenzene 95-50-1 3.38 8.87 15 250 2,520 0.94 0.67 
6 1,3,5-Trichlorobenzene 108-70-3 4.15 8.87 15 250 2,520 0.045 0.20 
7 1,3,5-Trichlorobenzene 108-70-3 4.15 8.87 15 250 2,520 0.69 0.64 
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8 1,4-Dichlorobenzene 106-46-7 3.45 8.87 15 250 2,520 0.67 0.54 
9 Hexachloro-1,3-butadiene 87-68-3 4.78 8.87 15 250 2,520 0.0034 0.063 
10 Hexachlorobenzene 118-74-1 5.31 8.87 15 250 2,520 0.008 0.16 
11 Hexachloroethane 67-72-1 4.14 8.87 15 250 2,520 0.0071 0.0071 
12 Pentachlorobenzene 608-93-5 5.17 8.87 15 250 2,520 0.009 0.22 
13 1,2-Dibromobenzene 583-53-9 3.64 9.70 12 56 1.68 26,184.9 424.6 
14 1,2-Dibromobenzene 583-53-9 3.64 9.70 12 56 3.6 13,446.3 448.2 
15 1,2-Dibromobenzene 583-53-9 3.64 9.70 12 56 0.6 25,241.3 134.5 
16 1,2-Dibromobenzene 583-53-9 3.64 9.70 12 56 5.52 17,574.55 566.2 
17 1,2-Dichlorobenzene 95-50-1 3.38 9.70 12 56 4.704 6,012.3 138.2 
18 1,2-Dichlorobenzene 95-50-1 3.38 9.70 12 56 8.208 2,381.4 147.0 
19 1,2-Difluorobenzene 367-11-3 2.37 9.70 12 56 21.12 21,564.9 111.8 
20 1,2-Difluorobenzene 367-11-3 2.37 9.70 12 56 21.12 15,061.2 74.2 
21 1,4-Dibromobenzene 106-37-6 3.79 9.70 12 56 1.392 12,832.96 205.2 
22 1,4-Dibromobenzene 106-37-6 3.79 9.70 12 56 4.8 4,765.18 184.0 
23 1,4-Dichlorobenzene 106-46-7 3.45 9.70 12 56 1.2 3,748.5 47.0 
24 1,4-Dichlorobenzene 106-46-7 3.45 9.70 12 56 19.92 933.45 69.1 
25 1,4-Difluorobenzene 540-36-3 2.26 9.70 12 56 1.68 15,517.6 43.4 
26 1,4-Difluorobenzene 540-36-3 2.26 9.70 12 56 4.08 7,302.4 33.1 
27 2,2',5,5'-Tetrachlorobiphenyl 35693-99-3 5.79 10.75 11 767 48 10 25.34 
28 2,3,7,8-Tetrachlorodibenzofuran 51207-31-9 6.53 8.55 11 0.38 672 0.00393 0.0106 
29 2,3,7,8-Tetrachlorodibenzofuran 51207-31-9 6.53 8.55 11 0.38 672 0.00041 0.0025 
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30 2,3,7,8-Tetrachlorodibenzo-p-dioxin 1746-01-6 6.42 8.55 11 0.38 672 0.000176 0.00452 
31 2,3,7,8-Tetrachlorodibenzo-p-dioxin 1746-01-6 6.42 8.55 11 0.38 672 0.000038 0.00098 
32 2,4-Dinitrophenol 51-28-5 1.54 6.00 12 0.80 96 1,800 16.7 
33 4-Nitrophenol 100-02-7 1.91 6.00 12 0.80 96 6,600 270.6 
34 Dieldrin 60-57-1 4.90 9.60 13 2.80 96 0.99 5.65 
35 Dieldrin 60-57-1 4.90 9.60 13 2.80 96 0.15 0.548 
36 Fenvalerate 51630-58-1 6.20 9.60 12 0.36 1,680 0.135 1.6 
37 Fenvalerate 51630-58-1 6.20 9.60 12 0.36 1,680 0.08 0.24 
38 Fenvalerate 51630-58-1 6.20 9.60 12 0.36 1,680 0.018 0.07 
39 Pentachlorophenol 87-86-5 5.18 10.75 12 735 48 1.00 0.11 
a
Preferably, we used quality evaluated octanol-water partitioning coefficients (log Kow) that were obtained from the Sangster Research Laboratories LOGKOW® database. If no 
such data was available, we used the values provided by the US-EPA EPI Suite.  
Annex II – Cross-species extrapolation 
 
 
235 
Table II.5 Experimental data used for modeling internal chemical concentrations in fathead minnow using the PBTK model (Stadnicka et al. 2012). 
 
Chemical CAS 
log KOW
a
 
Dissolved 
oxygen 
Temp 
 
Fish 
weight 
Exposure 
time 
Exposure 
concentration 
Measured 
Cint 
 
(-) (mg L
-1
) (°C) (mg) (h) (µg L
-1
) (mg kg
-1
) 
1 1,2,3,4-Tetrachlorobenzene 634-66-2 4.60 7.40 25 57 792 410.00 1,100.00 
2 1,2,3,4-Tetrachlorobenzene 634-66-2 4.60 7.40 25 98 792 250.00 640.00 
3 1,2,3,4-Tetrachlorobenzene 634-66-2 4.60 7.40 25 102 792 110.00 200.00 
4 1,2,3,4-Tetrachlorobenzene 634-66-2 4.60 7.40 25 114 792 39.00 94.00 
5 1,2,3,4-Tetrachlorobenzene 634-66-2 4.60 7.40 25 114 792 19.00 46.00 
6 1,2,3,4-Tetrachlorobenzene 634-66-2 4.60 7.40 25 112 792 3.00 7.00 
7 1,2,4-Trichlorobenzene 120-82-1 4.02 8.10 25 67 768 920.00 477.50 
8 1,2,4-Trichlorobenzene 120-82-1 4.02 8.10 26 85 768 500.00 160.00 
9 1,2,4-Trichlorobenzene 120-82-1 4.02 8.10 26 85 768 280.00 127.50 
10 1,2,4-Trichlorobenzene 120-82-1 4.02 8.10 26 89 768 140.00 67.50 
11 1,2,4-Trichlorobenzene 120-82-1 4.02 8.10 26 92 768 75.00 31.00 
12 1,2,4-Trichlorobenzene 120-82-1 4.02 8.10 26 95 768 15.00 5.00 
13 1,3-Dichlorobenzene 541-73-1 3.53 6.90 25 102 768 1,000.00 120.00 
14 1,3-Dichlorobenzene 541-73-1 3.53 6.90 25 98 768 560.00 57.00 
15 1,3-Dichlorobenzene 541-73-1 3.53 6.90 25 99 768 300.00 29.00 
16 1,3-Dichlorobenzene 541-73-1 3.53 6.90 25 100 768 20.00 1.30 
17 1,4-Dichlorobenzene 106-46-7 3.44 7.30 25 87 768 1,000.00 103.00 
18 1,4-Dichlorobenzene 106-46-7 3.44 7.30 25 101 768 570.00 69.50 
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19 1,4-Dichlorobenzene 106-46-7 3.44 7.30 25 101 768 19.00 6.80 
20 2,4,5-Trichlorophenol 95-95-4 3.72 8.22 22 115 672 49.30 100.00 
21 4-Nitrophenold 100-02-7 1.91 8.22 22 115 672 44.10 25.10 
22 Alachlor 15972-60-8 3.52 7.72 25 316 1,536 1,100.00 50.40 
23 Alachlor 15972-60-8 3.52 7.72 25 423 1,536 520.00 23.80 
24 Bromacil 314-40-9 2.11 7.72 25 479 408 1000.00 3.00 
25 Chlordecone 143-50-0 5.41 7.00 22 277 1,440 3.10 3.80 
26 Chlordecone 143-50-0 5.41 7.00 22 277 1,440 1.20 2.60 
27 Chlordecone 143-50-0 5.41 7.00 22 277 1,440 0.31 0.38 
28 Chlordecone 143-50-0 5.41 7.00 22 277 1,440 0.17 0.17 
29 Chlorpyrifos 2921-88-2 4.96 7.50 25 191 4,800 2.68 5.11 
30 Chlorpyrifos 2921-88-2 4.96 7.50 25 191 4,800 1.21 3.03 
31 Chlorpyrifos 2921-88-2 4.96 7.50 25 191 4,800 0.63 0.95 
32 Chlorpyrifos 2921-88-2 4.96 7.50 25 191 4,800 0.27 0.47 
33 Dicofol 115-32-2 6.06 7.15 25 137 672 8.90 28.00 
34 Dicofol 115-32-2 6.06 7.5 25 137 672 19.00 81.00 
35 Dinoseb 88-85-7 3.56 7.69 25 517 1,536 48.50 3.05 
36 Dinoseb 88-85-7 3.56 7.69 25 679 1,536 14.50 0.91 
37 Diuron 330-54-1 2.68 7.51 24 563 576 33.40 4.80 
38 Endrin 72-20-8 5.40 6.95 25 300 7,200 0.25 1.80 
39 Endrin 72-20-8 5.40 6.95 25 300 7,200 0.14 1.00 
40 Fenvalerate 51630-58-1 6.20 7.15 25 200 720 0.14 0.23 
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41 Fenvalerate 51630-58-1 6.20 7.15 25 200 720 0.17 0.45 
42 Fenvalerate 51630-58-1 6.20 7.15 25 200 720 0.19 0.88 
43 Flucythrinate 70124-77-5 6.20 6.55 25 129 768 0.07 0.17 
44 Flucythrinate 70124-77-5 6.20 6.55 25 128 768 0.03 0.16 
45 Hexachlorobenzene 118-74-1 5.73 7.00 25 165 768 4.80 97.00 
46 Hexachlorobenzene 118-74-1 5.73 7.00 25 150 768 2.60 46.00 
47 Hexachlorobenzene 118-74-1 5.73 7.00 25 164 768 1.20 27.00 
48 Hexachlorobenzene 118-74-1 5.73 7.00 25 172 768 0.70 15.00 
49 Hexachlorobenzene 118-74-1 5.73 7.00 25 159 768 0.30 8.00 
50 Hexachlorobenzene 118-74-1 5.73 7.00 25 170 768 0.00 0.30 
51 Hexachlorobenzene 118-74-1 5.73 9.06 20 68 672 5.00 46.50 
52 Hexachlorocyclopentadiene 77-47-4 5.04 7.90 25 130 720 7.30 0.08 
53 Hexachlorocyclopentadiene 77-47-4 5.04 7.90 25 110 720 3.70 0.04 
54 Octamethylcyclotetrasiloxane 556-67-2 5.10 7.06 22 480 672 0.26 2.83 
55 Pentachlorobenzene 608-93-5 5.17 7.20 25 99 744 55.00 380.00 
56 Pentachlorobenzene 608-93-5 5.17 7.20 25 107 744 28.00 270.00 
57 Pentachlorobenzene 608-93-5 5.17 7.20 25 104 744 0.60 1.10 
58 Pentachlorophenol 87-86-5 5.12 7.65 25 81 768 58.20 25.10 
59 Pentachlorophenol 87-86-5 5.12 7.65 25 90 768 27.60 12.30 
60 Pentachlorophenol 87-86-5 5.12 7.65 25 102 768 12.70 5.20 
61 Pentachlorophenol 87-86-5 5.12 7.65 25 103 768 5.60 2.50 
62 Permethrin 52645-53-1 6.50 6.55 25 110 768 1.40 4.51 
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63 Permethrin 52645-53-1 6.50 6.55 25 93 768 0.66 2.16 
64 Phenol 108-95-2 1.46 8.22 22 115 672 32.70 1,584.00 
65 Dodecylbenzene 25155-30-0 1.96 8.10 24 190 192 300.00 0.02 
66 Dodecylbenzene 25155-30-0 1.96 8.10 24 190 768 126.00 0.01 
67 Dodecylbenzene 25155-30-0 1.96 8.10 24 190 768 293.00 0.02 
68 Dodecylbenzene 25155-30-0 1.96 8.10 24 190 768 927.00 0.06 
a
Preferably, we used quality evaluated octanol-water partitioning coefficients (log Kow) that were obtained from the Sangster Research Laboratories LOGKOW® database. If no 
such data was available, we used the values provided by the US-EPA EPI Suite. 
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III. Annex III – Bioavailability of sediment-bound DLCs in fish 
 
III.1 Materials and Methods 
III.1.1 Treatment of bile samples and HPLC analysis 
PAH metabolite and biliverdin concentrations in bile were quantified to a modification of 
the method published by Kammann (2007). Briefly, 25 µL bile fluid was mixed with 95 µL 
distilled water and 5 µL β-glucuronidase/arylsulfatase solution (30/60 U · mL-1) and 
subsequently incubated for 2 h at 37°C. After stopping the reaction with 125 µL solution of 
5 mg mL
-1 
ascorbic acid in ethanol, the mixture was centrifuged (700 × g, 5 min) and the 
concentrations of 1-hydroxpyrene, 1-hydroxyphenanthrene and 3-hydroxybenzo[a]pyrene 
were determined by means of HPLC with fluorescence detection (cf. Kammann 2007). 
 
III.1.2 Treatment and extraction of fish muscle tissue 
Fish muscle tissue samples of all animals from each treatment and sampling time were 
pooled on the basis of equal fresh weight portions and thoroughly homogenized. 
Homogenates were lyophilized (Christ Alpha 1-2, Martin Christ GmbH, Osterode am Harz, 
Germany) and subsequently extracted with dichloromethane/n-hexane (50:50; v/v) by means 
of pressurized liquid extraction (PLE) using a SpeedExtractor® (SpeedExtractor E-916, 
Büchi, Essen, Germany). The device was operated under the following conditions (Hartmann 
2013): three extraction cycles, extraction temperature: 100°C, extraction pressure: 100 bar, 
heat up: 1 min, hold time: 10 min, discharge: 4 min, flush with solvent: 1 min, flush with gas: 
10 min. Extracts were rotary-evaporated until constant weight of the lipid residue was reached 
(WB 2001; Heidolph, Kehlheim, Germany). Individual residues were re-dissolved in 
dichloromethane/n-hexane (50:50; v/v), transferred into glass vials and reduced under a gentle 
stream of nitrogen. Extracts were stored at -20°C until further analysis.  
The extracts were spiked with 
13
C12 isotope labelled PCB and PCDD/F standard solutions 
(EC-4058, WHO ‘non-dioxin-like’ marker PCBs; EC-4937 WHO ‘dioxin-like’ PCBs; EDF- 
4067 Tetra-OctaCDD and CDF; all standard solutions from Cambridge Isotope Laboratories, 
Andover, MA, USA) and diluted with 1 – 2 mL n-hexane (purity for dioxins, furans and 
PCBs analysis, Biosolve BV, Valkenswaard, the Netherlands). Afterwards, the n-hexane 
solutions were treated with 1 – 2 mL of a solution of 7% SO3 in concentrated sulfuric acid 
(sulfuric acid p.a., Merck, Darmstadt). Subsequently, the acidic suspension was extracted 
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three times with 2 - 3 mL n-hexane. For a better phase separation, the suspension was spun 
down at 5,000 rpm for 2 min. 
The clear n-hexane phases were pooled together and further purified by adsorption 
chromatography on three pre-packed Teflon columns: multilayer silica, basic alumina super 
B1 and activated carbon PX-21 (FMS Inc., Boston, USA). Cleaned fractions were 
concentrated in GC vials under a gentle stream of nitrogen to a final volume of 20 µL and 
finally the recovery standards (
13
C12 PCB-70 and 
13
C12 1,2,7,8-TCDF, Cambridge Isotope 
Laboratories) were added. An aliquot of 3 µL was injected for the quantitative determination 
by GC/HRMS. All glass ware used for sample clean-up was thoroughly cleaned with strongly 
alkaline detergents (RBS-50 and RBS-35, Fluka, Buchs, Switzerland) and heated overnight 
before use at a temperature of 450°C in a muffle furnace.  
 
III.1.3 Determination of polychlorinated dibenzo-p-dioxins (PCDD), dibenzofurans 
(PCDF) and biphenyls (PCB) in fish extracts 
Quantitative determination of PCBs and PCDD/Fs in the purified fish extracts was 
achieved by electron ionization high resolution mass spectrometry (GC/EI–HRMS), carried 
out on a MAT 95 mass spectrometer (Thermo Finnigan MAT, Bremen, Germany), coupled to 
a gas chromatograph Trace GC ultra 2000 (Thermo Fisher Scientific, Waltham, MA, USA) 
equipped with an Triplus AS autosampler (Thermo Fisher Scientific). Samples were injected 
in splitless mode (split valve closed for 30 s) at an injector temperature of 260°C. For GC 
separation of PCBs, a SGE HT8 capillary column 30 m × 0.22 mm and 0.25 μm film 
thickness was used. Helium at a pressure of 100 kPa was used as carrier gas.  
The temperature program was started at 100°C, held for 1 min, increased at 20°C min
-1
 to 
200°C and at 5°C min
-1
 to 300°C. For GC separation of PCDD/Fs, a brand new Rxi 5Sil MS 
capillary column 30 m × 0.25 mm and 0.10 μm film thickness was used. Helium at a pressure 
of 100 kPa was used as carrier gas. The temperature program was started at 100°C, held for 
1 min, increased at 20°C min
-1
 to 180°C and at 4°C min
-1
 to 320°C. The ion source for both 
determinations was operated at 220°C, the electron energy was 70 eV, and the mass 
spectrometer was tuned to a mass resolution of at least 8,000. Using single ion monitoring 
(SIM), the two most abundant signals of the molecular ion clusters of the analytes (PCBs and 
PCDD/Fs) were recorded.  
Calculation of analyte concentrations was based on comparison with the 
13
C12 labelled 
internal standards, and detection limits were based on a signal-to-noise ratio of 3. For positive 
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identification and quantification, the following criteria were required to be met: retention time 
(RT) of the PCB and PCDD/F congeners within 2 s of the respective 
13
C12 labelled standard; 
ion ratio within 15% of the theoretical ion ratio; signal to noise ratio greater than 3:1; and 
labelled 
13
C12 standard recoveries in the range of 30-130%. Blank samples were prepared by 
submitting pure solvents with internal standards to the complete clean-up procedures. Blank 
values were calculated on the basis of an average sample intake.  
 
III.1.4 Calculation of morphometric indices 
Length and mass of individual fish were determined for calculation of morphometric 
indices, including condition index (K, equation III.1), liver somatic index (LSI, equation III.2), 
and visceral index (VI, equation III.3), respectively. 
 
𝐾 =
𝑊𝐹
𝐿3
⁄ × 100     (Eq. III.1) 
 
𝐿𝑆𝐼 =
𝑊𝐿
𝑊𝐹
⁄ × 100    (Eq. III.2) 
 
𝑉𝐼 =
(𝑊𝐹 − 𝑊𝐶)
𝑊𝐹
⁄     (Eq. III.3) 
 
WF is the weight of the fish in mg, WL the liver weight in mg, L the standard length in mm 
and WC the carcass weight in mg, i.e. the weight of the eviscerated animal. 
 
III.1.5 Determination of blood glucose and verification experiment 
Glucose concentrations in blood of exposed fish were measured by use of a handheld blood 
glucose meter (AccuChek Aviva, Roche Diognostics, Mannheim, Germany). The suitability 
of such devices for measurements in fish blood was recently reviewed by Stoot et al. (2014). 
A verification experiment was conducted with blood sampled from an adult male rainbow 
trout that was spiked with ten different concentrations of glucose ranging from 0.6 to 
6.0 mg L
-1
 final concentration (nominal working range of the instrument) in increments of 
0.6 g L
-1
. Measured concentrations on average deviated 17% from nominal values but were 
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linear throughout the measured range (Figure A.1). Thus, values were used as displayed by 
the instrument. 
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Figure III.1 Measured versus nominal glucose concentrations in spiked blood of an adult male 
rainbow trout. Values on average deviated 17% from equality, but were linear throughout the nominal 
working range (R
2
 = 0.993). 
 
 
III.1.6 Determination of 7-ethoxyresorufin-O-deethylase (EROD) activity 
Prior to the measurement of EROD activity, pieces of liver explants were thawed carefully 
and homogenized in homogenization buffer (50 mM dipotassium hydrogenphosphate, 
0.75 mM sucrose, 1 mM ethylendiamine tetraacetic acid, 0.5 mM dithiothreitol and 0.4 mM 
phenylmethylsulfonyl fluoride, pH 7.4) and measured according to Bonacci et al. (2003) as 
adapted for rainbow trout by Hudjetz et al. (2013). Homogenates were transferred into 1.5 mL 
microcentrifuge tubes (Eppendorf, Hamburg, Germany) and centrifuged for 20 min (9000 × g, 
4°C; Rotina 420R, Hettich, Tuttlingen, Germany). The supernatants (S9 fractions) were 
carefully transferred to fresh 1.5 mL micro test tubes and stored on ice for biochemical 
measurements on the same day. All steps were carried out on ice. 
EROD activity was measured in triplicate according to the method described by Burke & 
Meyer (1974) and Maria et al. (2005), adapted to microplate measurement. In individual wells 
of a 96-well microplate (TPP, Trasadingen, Switzerland), 200 µL of a 0.5 µM solution of 
7-ethoxyresorufin (Sigma-Aldrich, Deisenhofen, Germany) in Tris-HCl buffer (0.1 M Tris, 
Annex III – Bioavailability of sediment-bound DLCs 
 
 
243 
0.15 M potassium chloride, pH 7.4) were mixed with 20 µL of the S9 fractions. Prior to the 
measurement, the reaction was initiated by addition of 20 µL 1 mM NADPH (Sigma-Aldrich) 
in Tris-HCl buffer. The increase in fluorescence was recorded in 10 s intervals for 5 min 
(excitation: 530 nm, emission: 590 nm) on an Infinite M200 microplate reader (Tecan, 
Crailsheim, Germany). To correct for spontaneous substrate conversion, blank measurements 
containing 20 µL homogenization buffer were treated as the samples. A dilution series of 
resorufin (Sigma-Aldrich) in Tris-HCl buffer was used as external standard. A minimum 
coefficient of determination (R²) of 0.95 was accepted for standard curves in all used assays 
for protein quantification. The specific EROD activity was calculated and expressed as pmol 
resorufin mg protein
-1
 min
-1
. 
 
III.1.7 Determination of protein concentrations 
Protein concentrations for the calculation of specific enzyme activities were determined in 
duplicate using the bicinchonic acid (BCA) method provided as a kit (Sigma-Aldrich, 
Deisenhofen, Germany). The protocol was adapted to microplate measurement, using bovine 
serum albumin (BSA) as external standard (0.125 – 1.25 mg mL-1). A working solution was 
prepared by mixing 50 parts reagent A (sodium carbonate, sodium bicarbonate, BCA and 
sodium tartrate in 0.1 M sodium hydroxide, pH 11.25) with one part reagent B (4% w/v 
copper(II) sulfate). In each well of a 96-well microplate (TPP), 200 µL of the working 
solution were added to 25 µL 1:10 dilutions of liver S9 fractions. After 30 min incubation at 
37°C, the extinction at 562 nm was read using an Infinite M200 microplate reader (Tecan). 
Protein concentrations were interpolated from the obtained standard curves. A minimum 
coefficient of determination (R²) of 0.95 was accepted for standard curves in all used assays 
for protein quantification. 
 
III.1.8 Real-time PCR measurement of hepatic gene expression 
Total RNA was extracted from individual livers using the NucleoSpin RNA Mini kit 
(Macherey-Nagel, Düren, Germany) according to the manufacturer’s protocol and the RNA 
concentration determined at 260 nm by use of a BioDrop µLITE Spectrophotometer 
(BioDrop, Cambridge, UK). RNA samples were stored at –80°C until further processing. 
First-strand cDNA was synthesized from 1.5 μg of total RNA using the M-MuLV reverse 
transcriptase (Peqlab, Erlangen, Germany) according to manufacturer’s protocol. Primers for 
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real-time RT-PCR analysis were ordered from Eurofins Genomics (Ebersberg, Germany). 
Melting curve analyses were performed during real-time PCR to ensure target specificity and 
single peak amplification, respectively. The abundance of mRNA was quantified by means of 
quantitative real-time RT-PCR using a 96-well StepOne Plus real-time PCR system (Applied 
Biosystems, Foster City, CA, USA) using SYBR Green master mix (Applied Biosystems) as 
described in Brinkmann et al. (2010a). A final reaction volume of 20 µL was prepared of 1 µL 
of diluted cDNA and 19 µL of PCR mixtures. All measurements were conducted in duplicate. 
Expression of target genes was quantified by use of the comparative cycle threshold method 
with adjustment of PCR efficiency according to methods reported elsewhere (Simon 2003). 
The expression level of the target gene was normalized to the reference gene EL-1α to 
calculate the mean normalized expression (MNE) of the target genes. Levels of gene 
expression were expressed as x-fold changes relative to the average MNE of the control 
group. 
 
III.1.9 Haematological analysis and determination of micronuclei in peripheral 
erythrocytes 
Blood smears were stained with May-Grünwald-Giemsa solution (Sigma-Aldrich) and 
analysed at 400 × magnification (Laborlux S light microscope, Leitz, Wetzlar, Germany) 
according to Dick and Dixon (1985). An area containing an average number of 1000 
erythrocytes was inspected, and the exact count of erythrocytes, thrombocytes, granulocytes, 
and lymphocytes was recorded. Results were expressed as percent white blood cells relative 
to the total number of blood cells. 
The proportion of peripheral erythrocytes containing micronuclei or other nuclear lesions 
was determined microscopically according to methods previously published by Rocha et al. 
(2009) and Ayllón and Garcia-Vazquez (2001). Blood smears were stained by adding 20 µL 
of a 0.2 µm membrane-filtered (Merck, Schwalbach, Germany) acridine orange solution 
(0.004% w/v) in phosphate buffered saline (PBS, Sigma-Aldrich). After approx. 3 min 
incubation, the slides were scanned using an epifluorescence microscope at 1000 × 
magnification (Nikon Instruments, Düsseldorf, Germany) in combination with a motorized 
ProScan H101A stage with ProScan III controller (Prior Scientific, Jena, Germany) operated 
via the software NIS-Elements BR (Nikon Instruments). The number of erythrocytes on each 
scanned image was automatically determined after thresholding by means of particle analysis 
in ImageJ software (Sheffield 2007). On average, 1000 erythrocytes per slide (one slide per 
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fish) were scored for micronuclei, binuclei and segmented nuclei, as well as notched and 
blebbed/lobed nuclei. Results were expressed as permill nuclear lesions relative to the total 
number of cells counted. 
 
III.1.10 Histological analysis of trout liver 
Histological analysis was conducted on livers of rainbow trout exposed to the different 
sediment suspensions for 90 days, as well as in livers of unexposed control fish following the 
techniques described in Johnson et al. (2009). Fixed livers were subjected to automated 
processing in an ascending series of ethanol, followed by xylol and final embedding in 
paraffin (Histosec, Merck). Sections of 3 μm thickness were made and stained with 
hematoxylin and eosin (H&E). Pathological analyses were performed using a light 
microscope (BX51, Olympus, Hamburg, Germany) with associated camera (ProgRes C5, 
Jenoptik, Jena, Germany) and software (ProgRes CapturePro, v2.8.8, Jenoptik) at 4 to 20 × 
magnification. For each individual fish, pathological alterations concerning the general liver 
structure (homogenous or heterogeneous appearance), and the liver cells 
(melanomacrophages, necrotic or vacuolated areas) were assessed and graded as mild, 
medium or strong (Bernet et al. 1999, Wolf & Wolfe 2005).  
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III.2 Results 
III.2.1 Chemical analysis of the sediment samples 
 
Table III.1 Elemental analysis, particle size distribution and dry residue data of the sediments from 
Ehrenbreitstein (EBR), Prossen (PR) and Zollelbe (ZE). 
Parameter Units EBR PR ZE 
Total carbon (TC) g kg
-1
 63.30 64.80 69.00 
Total organic carbon (TOC) g kg
-1
 49.60 63.10 64.30 
Total inorganic carbon (IC) g kg
-1
 13.70 1.70 4.60 
Nitrogen (N) g kg
-1
 6.80 9.00 5.70 
Sulfur (S) g kg
-1
 3.70 2.90 5.50 
Phosphorus (P) in F6 g kg
-1
 1.70 2.30 3.80 
Aluminum (Al) in F6 g kg
-1
 42.00 40.00 37.00 
Calcium (Ca) in F6 g kg
-1
 50.00 10.00 30.00 
Iron (Fe) in F6 g kg
-1
 35.00 41.00 43.00 
Magnesium (Mg) in F6 g kg
-1
 11.00 8.00 7.00 
F1 > 2000 µm % 1.19 0.27 0.32 
F2 630-2000 µm % 2.97 0.72 0.28 
F3 200-630 µm % 9.20 1.30 0.10 
F4 63-200 µm % 25.50 13.80 2.60 
F5 20-63 µm % 25.10 26.80 27.10 
F6 < 20 µm % 31.90 52.50 66.10 
Dry residue % 34.00 28.00 31.00 
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Table III.2 Concentrations of 17 PCDD/Fs and 12 dl-PCBs in sediments from Ehrenbreitstein (EBR), Prossen 
(PR) and Zollelbe (ZE) were determined according to the guideline DIN 38414-24 (DIN 2000). WHO 2005 toxic 
equivalency quotients (TEQs) were calculated according to Van den Berg et al. (2006). 
Compound 
Concentration (ng kg
-1
) WHO 2005-TEQ (ng kg
-1
) 
LOQ EBR PR ZE EBR PR ZE 
2,3,7,8-TCDD  0.05 0.32 1.36 13.90 0.32 1.36 13.90 
1,2,3,7,8-PeCDD  0.05 0.62 1.50 19.40 0.62 1.50 19.40 
1,2,3,4,7,8-HxCDD  0.10 1.60 0.80 9.80 0.16 0.08 0.98 
1,2,3,6,7,8-HxCDD  0.10 2.84 1.60 32.50 0.28 0.16 3.25 
1,2,3,7,8,9-HxCDD  0.10 3.41 2.50 25.20 0.34 0.25 2.52 
1,2,3,4,6,7,8-HpCDD  0.20 57.40 29.20 327.00 0.57 0.29 3.27 
OctaCDD  1.00 707.00 231.00 2,590.00 0.21 0.07 0.78 
2,3,7,8-TCDF  0.05 4.62 9.82 162.00 0.46 0.98 16.20 
1,2,3,7,8-PeCDF  0.05 2.35 6.48 179.00 0.07 0.19 5.37 
2,3,4,7,8-PeCDF  0.05 2.71 6.39 63.60 0.81 1.92 19.08 
1,2,3,4,7,8-HxCDF  0.10 8.93 12.10 523.00 0.89 1.21 52.30 
1,2,3,6,7,8-HxCDF  0.10 4.81 15.50 445.00 0.48 1.55 44.50 
2,3,4,6,7,8-HxCDF  0.10 1.62 2.70 50.80 0.16 0.27 5.08 
1,2,3,7,8,9-HxCDF  0.10 0.30 0.80 71.80 0.03 0.08 7.18 
1,2,3,4,6,7,8-HpCDF  0.20 17.90 26.20 1,200.00 0.18 0.26 12.00 
1,2,3,4,7,8,9-HpCDF  0.20 3.80 5.20 420.00 0.04 0.05 4.20 
OctaCDF  1.00 73.00 65.00 4,550.00 0.02 0.02 1.37 
PCB 77  10.00 230.00 368.00 1,000.00 <0.01 <0.01 0.01 
PCB 81  1.00 3.40 14.20 30.90 <0.01 <0.01 0.01 
PCB 126  2.00 25.30 25.30 59.00 2.53 2.53 5.90 
PCB 169  10.00 3.40 4.50 13.20 0.10 0.14 0.40 
PCB 105  50.00 393.00 552.00 2,240.00 0.01 0.02 0.07 
PCB 114  2.00 25.50 26.00 127.00 <0.01 <0.01 <0.01 
PCB 118  50.00 1,240.00 2,850.00 9,480.00 0.04 0.09 0.28 
PCB 123  10.00 25.60 30.00 190.00 <0.01 <0.01 0.01 
PCB 156  10.00 447.00 1,200.00 2,640.00 0.01 0.04 0.08 
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PCB 157  10.00 63.30 350.00 356.00 <0.01 0.01 0.01 
PCB 167  10.00 207.00 555.00 1,220.00 <0.01 0.02 0.04 
PCB 189  10.00 59.00 256.00 474.00 <0.01 <0.01 0.01 
ΣPCDD/Fs - 893.23 418.15 10,683.00 5.66 10.25 211.37 
Σdl-PCBs - 2,722.50 6,231.00 17,830.10 2.71 2.85 6.82 
ΣPCDD/Fs and dl-PCBs - 3,615.73 6,649.15 28,513.10 8.37 13.10 218.19 
 
 
Table III.3 Concentrations of 7 indicator/i-PCBs, 16 EPA-PAHs, mineral oil hydrocarbons (MOH) and ten 
heavy metals in sediments from Ehrenbreitstein (EBR), Prossen (PR) and Zollelbe (ZE). 
Compound Units EBR PR ZE 
PCB 28 µg kg
-1
 1.00 4.30 8.20 
PCB 52 µg kg
-1
 1.10 3.00 8.90 
PCB 101 µg kg
-1
 4.10 5.80 11.90 
PCB 118 µg kg
-1
 2.10 2.60 7.00 
PCB 138 µg kg
-1
 4.30 9.10 23.20 
PCB 153 µg kg
-1
 7.00 16.60 28.20 
PCB 180 µg kg
-1
 4.30 13.40 20.60 
Naphthalene mg kg
-1
 0.04 0.13 1.00 
Acenaphthylene mg kg
-1
 0.02 0.09 0.20 
Acenaphthene mg kg
-1
 0.01 0.04 0.11 
Fluorene mg kg
-1
 0.03 0.12 0.38 
Phenanthrene mg kg
-1
 0.17 0.72 1.30 
Anthracene mg kg
-1
 0.04 0.14 0.30 
Fluoranthene mg kg
-1
 0.40 1.20 1.70 
Pyrene mg kg
-1
 0.29 0.92 1.40 
Benzo[a]anthracene mg kg
-1
 0.20 0.55 0.64 
Chrysene mg kg
-1
 0.24 0.58 0.63 
Benzo[b]fluoranthene mg kg
-1
 0.29 0.55 0.60 
Benzo[k]fluoranthene mg kg
-1
 0.15 0.34 0.34 
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Benzo[a]pyrene mg kg
-1
 0.18 0.40 0.45 
Dibenzo[a,h]anthracene mg kg
-1
 0.03 0.07 0.07 
Benzo[ghi]perylene mg kg
-1
 0.17 0.33 0.35 
Indeno[1,2,3-c,d]pyrene mg kg
-1
 0.15 0.28 0.28 
Mineral oil hydrocarbons mg kg
-1
 180.00 230.00 300.00 
Arsenic (As) mg kg
-1
 13.00 22.90 42.90 
Cadmium (Cd) mg kg
-1
 2.00 2.00 8.00 
Chromium (Cr) mg kg
-1
 71.00 79.60 110.00 
Copper (Cu) mg kg
-1
 62.00 90.00 143.00 
Lithium (Li) mg kg
-1
 52.70 43.50 42.90 
Manganese (Mn) mg kg
-1
 988.00 2,176.00 1,485.00 
Nickel (Ni) mg kg
-1
 57.90 69.00 85.20 
Lead (Pb) mg kg
-1
 70.70 100.00 170.00 
Zinc (Zn) mg kg
-1
 554.00 545.00 1,533.00 
Mercury (Hg) mg kg
-1
 0.30 0.60 5.50 
Σi-PCBs µg kg-1 23.82 54.68 108.02 
Σ16 EPA-PAHs mg kg-1 2.40 6.45 9.75 
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III.2.2 Morphometric indices and blood glucose concentrations in exposed fish 
Table III.4 Changes of Fulton’s condition index K in rainbow trout during semi-static exposure to sediment suspensions (mean ± standard deviation). Bold numbers indicate 
statistically significant differences of values from individual time points compared to untreated control animals on day 0, asterisks of treatments compared with EBR within one 
time point, respectively (Two-way ANOVA with Dunnet’s post-hoc test, p ≤ 0.05). 
Treatment 
Time (d) 
0 7 14 30 60 90 
EBR 
1.36 ± 0.07 
1.27 ± 0.12  1.31 ± 0.06 1.28 ± 0.11 1.37 ± 0.07  1.30 ± 0.06  
PR 1:16 1.36 ± 0.12  1.29 ± 0.04 1.17 ± 0.06 1.27 ± 0.10  1.16 ± 0.12  
PR 1:8 1.35 ± 0.09  1.31 ± 0.07 1.33 ± 0.05 1.33 ± 0.08  1.19 ± 0.23  
PR 1:4 1.28 ± 0.05  1.29 ± 0.09 1.23 ± 0.07 1.12 ± 0.10
*
 1.17 ± 0.17  
PR 1:2 1.41 ± 0.10  1.29 ± 0.09 1.30 ± 0.04 1.29 ± 0.10  1.20 ± 0.14  
PR 1.40 ± 0.07  1.32 ± 0.06 1.39 ± 0.07 1.52 ± 0.06  -  
ZE 1:16 1.37 ± 0.06  1.36 ± 0.06 1.27 ± 0.08 1.14 ± 0.07
*
 1.21 ± 0.09  
ZE 1:8 1.35 ± 0.10  1.31 ± 0.08 1.23 ± 0.07 1.18 ± 0.13
*
 1.15 ± 0.19
*
 
ZE 1:4 1.33 ± 0.07  1.28 ± 0.04 1.29 ± 0.09 1.21 ± 0.04
*
 1.27 ± 0.12  
ZE 1:2 1.32 ± 0.06  1.35 ± 0.11 1.30 ± 0.08 1.21 ± 0.11
*
 1.28 ± 0.08  
ZE 1.43 ± 0.15
*
 1.29 ± 0.07 1.23 ± 0.08 1.13 ± 0.06
*
 1.12 ± 0.13
*
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Table III.5 Changes of liver somatic index LSI in rainbow trout during semi-static exposure to sediment suspensions (mean ± standard deviation). Bold numbers indicate 
statistically significant differences of values from individual time points compared to untreated control animals on day 0, asterisks of treatments compared with EBR within one 
time point, respectively (Two-way ANOVA with Dunnet’s post-hoc test, p ≤ 0.05). 
Treatment 
Time (d) 
0 7 14 30 60 90 
EBR 
1.05 ± 0.20 
0.86 ± 0.11 0.88 ± 0.11 0.84 ± 0.16 1.06 ± 0.18  0.73 ± 0.15  
PR 1:16 0.94 ± 0.04 0.85 ± 0.14 0.98 ± 0.15 0.87 ± 0.21  1.14 ± 0.69
*
 
PR 1:8 0.96 ± 0.11 0.83 ± 0.14 0.98 ± 0.12 0.79 ± 0.09  0.70 ± 0.04  
PR 1:4 0.83 ± 0.18 0.97 ± 0.32 0.83 ± 0.11 0.85 ± 0.11  0.81 ± 0.18  
PR 1:2 0.94 ± 0.13 0.84 ± 0.10 0.80 ± 0.05 0.86 ± 0.21  0.68 ± 0.19  
PR 1.11 ± 0.22 0.89 ± 0.13 0.99 ± 0.14 1.35 ± 0.32  -  
ZE 1:16 0.87 ± 0.14 0.80 ± 0.09 0.83 ± 0.22 0.75 ± 0.20
*
 0.70 ± 0.09  
ZE 1:8 0.76 ± 0.12 0.86 ± 0.14 0.77 ± 0.10 0.80 ± 0.17  0.69 ± 0.08  
ZE 1:4 0.90 ± 0.07 0.83 ± 0.06 0.81 ± 0.11 0.85 ± 0.16  0.75 ± 0.23  
ZE 1:2 0.82 ± 0.16 0.84 ± 0.18 0.76 ± 0.07 0.80 ± 0.14  0.70 ± 0.13  
ZE 0.81 ± 0.13 0.88 ± 0.11 0.84 ± 0.15 0.78 ± 0.04  0.70 ± 0.10  
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Table III.6 Blood glucose concentrations (mM) in rainbow trout during semi-static exposure to sediment suspensions (mean ± standard deviation). Bold numbers indicate 
statistically significant differences of values from individual time points compared to untreated control animals on day 0 (Two-way ANOVA with Dunnet’s post-hoc test, 
p ≤ 0.05). 
Treatment 
Time (d) 
0 7 14 30 60 90 
EBR 
3.23 ± 0.50 
3.27 ± 0.77 3.58 ± 0.50 2.73 ± 0.32 3.18 ± 0.65 2.83 ± 0.64 
PR 1:16 3.83 ± 0.50 3.22 ± 0.49 2.87 ± 0.40 3.53 ± 0.46 2.80 ± 0.30 
PR 1:8 3.55 ± 1.60 3.53 ± 0.71 2.88 ± 0.38 3.60 ± 0.53 2.00 ± 1.44 
PR 1:4 3.28 ± 0.53 3.20 ± 0.73 2.90 ± 0.36 3.66 ± 1.03 2.87 ± 0.22 
PR 1:2 4.07 ± 0.85 3.00 ± 0.44 2.53 ± 0.23 2.80 ± 0.32 2.75 ± 0.47 
PR 3.28 ± 0.24 3.28 ± 0.24 3.53 ± 0.67 4.03 ± 0.32 -  
ZE 1:16 3.57 ± 0.98 3.03 ± 0.44 2.88 ± 0.45 3.03 ± 0.31 2.70 ± 0.30 
ZE 1:8 3.58 ± 0.68 3.93 ± 0.72 2.72 ± 0.40 3.33 ± 0.33 2.80 ± 0.43 
ZE 1:4 3.32 ± 0.69 4.03 ± 0.65 3.03 ± 0.57 3.42 ± 0.48 3.23 ± 0.52 
ZE 1:2 2.98 ± 0.35 3.48 ± 0.42 3.30 ± 0.35 3.10 ± 0.60 2.52 ± 0.45 
ZE 3.03 ± 0.35 3.12 ± 0.52 3.15 ± 0.65 2.65 ± 0.39 2.68 ± 0.37 
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III.2.3 Gross pathological investigation of exposed fish 
Table III.7 Externally visible gross pathological lesions of the caudal peduncle or the jaws, fin erosion, and alterations of the urogenital opening during semi-static exposure to 
sediment suspensions (cumulative percentage). Bold numbers indicate statistically significant differences of values from individual time points compared to untreated control 
animals on day 0, asterisks of treatments compared with EBR within one time point, respectively (Two-way ANOVA with Dunnet’s post-hoc test, p ≤ 0.05). 
Treatment 
Time (d) 
0 7 14 30 60 90 
EBR 
0.00 
0.00 0.00 2.70 2.70 2.70 
PR 1:16 0.00 0.00 0.00 0.00 0.00 
PR 1:8 0.00 0.00 0.00 0.00 2.70 
PR 1:4 0.00 0.00 2.70 2.70 5.40 
PR 1:2 2.70 2.70 2.70 5.40 5.40 
PR 0.00 0.00 0.00 0.00 - 
ZE 1:16 0.00 0.00 0.00 0.00 2.70 
ZE 1:8 0.00 0.00 0.00 0.00 0.00 
ZE 1:4 0.00 0.00 5.40 10.80
*
 13.50
*
 
ZE 1:2 0.00 0.00 0.00 2.70 2.70 
ZE 0.00 2.70 5.40 5.40 8.10 
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